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Abstract 

High marsh pools are natural features in New England salt marshes that provide important subtidal refuge 

for the dominant resident fish, Fundulus heteroclitus (mummichog).  F. heteroclitus is considered an important 

component in the trophic transfer pathway for its omnivorous diet and role as a prey species providing connectivity 

to adjacent near-shore and terrestrial habitats.  Pool creation, such as ditch-plugging, is a common component of 

habitat restoration and enhancement projects throughout the region.  Our study combined field experiments 

measuring fish growth and benthic invertebrates with carbon and nitrogen stable isotopes measurements to test the 

hypothesis that ditch-plug pools have similar trophic structure and levels of productivity as naturally occurring salt 

marsh pools.  Marked fish placed in enclosures were measured for length and weight weekly in natural pools and 

pools created using ditch-plugs.  Benthic invertebrates were sieved and sorted from soil cores to characterize 

invertebrate community structure, and stable isotopes were used to posit diets and trophic pathways associated with 

each pool type.  Growth in fish length was 27% higher and instantaneous biomass growth 17% higher in natural 

pool habitat than in ditch-plug habitat.  Likewise, invertebrate species richness, biomass, and caloric value were all 

significantly greater in natural pool habitat than in ditch-plugs.  Stable isotope mixing models identified distinct 

resource utilization and trophic structure for natural and created pools.  We attribute these differences to flooding 

and plant loss in response to ditch-plugging, which reduces habitat quality (as measured by resource availability, 

community structure, and trophic transfer) for fish and invertebrates.  Our study increases our understanding of the 
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ecology of salt marsh pools, and the significant results indicate that pools created using ditch-plugs do not replicate 

the structure and function of natural pools at Moody Marsh.   

Key Words: Ditch-Plug, Food Web, Connectivity, Stable Isotope, Invertebrates, Pools, New England 

Introduction 

Along the northeast coast of the United States, salt marsh ecosystems have long been subjected to 

manipulation, beginning with salt hay farming by European colonists (Fogg 1983; Bromberg and Bertness 2005).  

More recently, salt marsh restoration and enhancement projects in New England have pursued management of target 

species (fish; James-Pirri et al. 2005), target guilds (water fowl; Erwin et al. 1991), public health issues (mosquitoes; 

Wolfe 1996;), or sought to re-establish tidal flow (Burdick et al. 1997; Dionne et al. 1999).  In each case, whether it 

is habitat manipulation for specific management objectives or attempts to restore lost structure and function, the 

impetus for habitat change has been hydrologic alteration that either increased or decreased ground and surface 

water in various ways.  Some of these alterations have included ditching and draining (Daiber 1986; Fogg 1983), 

ditch-plugging and surface water impoundment, pool creation, pool connection using shallow surface channels 

(Daiber 1986; Wolfe 1996) , or alleviating tidal restrictions (Burdick et al. 1997).  With the exception of tidal flow 

restoration, these types of projects focus more on target species management and are less likely to address the 

ecological integrity of the community as a whole (Palmer and Filoso 2009; Silliman et al. 2009).  Hydrologic 

alteration projects in New England are typically conducted without prior knowledge of secondary effects on marsh 

ecology.  In an alternative approach, controlled experimentation and analyses on smaller scales or in step-wise 

progressions are used to assess the potential for unintended secondary effects (i.e., excessive flooding, vegetation 

dieback, altered biological communities, changes to physical and biological feedbacks that influence marsh structure 

and function) prior to large scale habitat manipulations for management or restoration purposes (Palmer and Filoso 

2009; Silliman et al. 2009). Preliminary experiments can provide a better understanding of ecosystem responses to 

habitat manipulations, ultimately increasing the effectiveness of future marsh restoration efforts.  Our goal, 

therefore, was to address these issues by characterizing natural pool habitat and then use controlled experiments to 

identify some of the secondary effects on ecosystem structure and trophic pathways that arise from the altered 

hydrologic regimes of created pool habitat.   

High marsh pools in New England salt marshes occur at higher elevations of the marsh and typically flood 

only during spring tides.  They provide important sub-tidal refuge and feeding areas during low tides for resident 
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mummichog fish, Fundulus heteroclitus, the dominant fish species found in these marsh systems (Smith and Able 

1994; MacKenzie and Dionne 2008).  The food web of high marsh pools is connected to other vegetated habitats by 

fish that access the flooded marsh surface to feed during spring tides (Dionne et al. 1999; MacKenzie and Dionne 

2008).  Due to its omnivorous foraging habits throughout the marsh, F. heteroclitus is considered to be an integral 

link for trophic transfer of primary producer energy in support of avian, mammalian, and near-shore fish populations 

(Kneib and Wagner 1994; Kneib 1997).  For these reasons, pools are recognized as important and their creation is a 

common component of present-day salt marsh habitat restoration, management, and enhancement projects 

throughout the region (Rochlin et al. 2012).   

Natural pools in northern New England salt marshes typically develop over time as secondary features in 

response to disturbance and complex environmental gradients (Wilson et al. 2009). Natural pools are often round 

and range widely in size (1 to >20 m diameter), with characteristic vertical or under-cut banks.  Uniform bathymetry 

with depths approximately 25 to 40 cm are additional characteristics of natural pools in New England salt marshes 

(Smith and Able 1994; Adamowicz and Roman 2005; Hunter et al. 2009).  

Ditches were constructed for mosquito control by the Civilian Conservation Corps more than 70 years ago, 

and are typically narrow (≤ 1 m) with varying depth (≥ 1 m) and vertical banks.  Ditch-plugging in New England 

since the 1990s attempts to control mosquito populations by increasing surface water habitat for larvivorous fish and 

provide foraging habitat for wading birds and water fowl (Meredith et al. 1985; Taylor 1998).  In contrast to natural 

pools, ditch-plug pools typically have a gradually tapering and undulating bathymetry that descends to a center sump 

≥ 1 m deep.  However, little is known of the ecological effects of ditches or ditch-plugs.  We conducted a controlled 

experiment that investigated the trophic relationships and resource use of fish (F. heteroclitus) and invertebrate prey 

species in five ditch-plugs and five naturally-occurring pools in a New England salt marsh.  The study combined 

field experiments measuring fish productivity and benthic invertebrate communities with carbon and nitrogen stable 

isotope analyses to test the hypothesis that ditch-plugs differ in structure and function compared to naturally-

occurring salt marsh pool habitat.   

To effectively evaluate the ecological impacts from habitat alterations and inform resource managers, it is 

important to understand the fate of carbon as it passes through the system to F. heteroclitus and beyond.  Multiple 

stable isotope analysis is one useful tool for investigating the trophic interactions (Pasquad et al. 2007), resource use 

(Weinstein et al. 2000), and transfer of organic carbon through the estuarine system (Peterson et al. 1985).  This is 
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especially important for high marsh pool habitat in New England.  Stable isotope analyses in our study contribute to 

our understanding of habitat function and provide a framework for comparing the trophic structure and ecological 

processes observed in ditch-plug and natural pool habitats.   

 

Materials and Methods 

 

Study Area and Experimental Design   

Moody Marsh is a 138-hectare (ha) back barrier salt marsh located in Wells, Maine (43º 16' N; 70º 35' W). 

The study was conducted in an 18-ha parcel at the center of the marsh, which contained both natural pools and ditch-

plugs (Figure 1a).  Sampling took place during July and August, 2006.  The marsh is bound to the south and west by 

steep upland slopes with residential development; to the east by the Ogunquit River protected from the Gulf of 

Maine by a barrier beach; and to the north by the Ogunquit River, which drains a 53.8 km
2
 watershed.  Ditches dug 

in the 1930s were arranged perpendicular to the Ogunquit River, extending westward through the marsh from the 

river’s edge toward the upland border.  A large natural tidal creek split the study marsh into two high marsh 

sections, a natural pool area in the north and a ditch-plug area in the south (Figure 1b).  Ditch-plug habitat was 

characterized by standing water dominated by Spartina alterniflora (smooth cordgrass), mixed with S. patens (salt 

hay) in drier areas and Salicornia depressa (common glasswort) in wetter.  Natural Pool habitat was dominated by a 

mixture of S. patens and short form S. alterniflora.  Detailed descriptions of these types of habitats are provided by 

Vincent et al. (2013 & 2014).   

Habitat Physical Parameters   

Pool water physical characteristics were collected at the time of cage installations, and then weekly through 

the end of the study period.  A handheld YSI 85 multimeter (YSI™ Corporation 2006) was used to sample dissolved 

oxygen (DO) (mg/L), salinity (ppt), and temperature (°C) by suspending the sensor in the middle of the water 

column 20 cm to the right of each fish enclosure, and 20 cm out from the pool edge.  Pool water depth was measured 

at the same location.   

Fish Enclosure and Exclosure Cages   

Five study pools were randomly selected in each of the two habitat sections (i.e., natural pool and ditch-

plug).  Fish enclosures and exclosures were placed in the same location in each pool to control for environmental 
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effects (i.e., sunlight, shading, temperature, wind).  Fish enclosure and exclosure cages were uniformly constructed 

0.25 m² wooden box frames with sides covered with 0.8 mm nylon mesh.  The cages were inserted 10 cm into pool 

bottom sediments and held in place with plastic tent stakes.  Large dip nets were used to ensure all fish were 

removed from within enclosures and exclosures at the time of installation prior to the start of the experiment.  

Marked fish were then placed inside enclosures and held in the enclosures for the duration of the experiment.  The 

bottoms of the fish enclosure cages were not covered with mesh so that the pool sediments would be exposed and 

allow fish to forage in the enclosure sediments.  Exclosure cages were similarly placed 50 cm west of the enclosure 

cage in each pool to prevent fish from foraging on the benthic community.  An area used to control for any cage 

effects on invertebrate communities (procedural control) was created in each pool by affixing a piece of 0.8 mm 

nylon mesh between the two pool cages.  The procedural control created a cage with the same surface area as an 

enclosure or exclosure, but with one open side that allowed fish and invertebrates to move about unimpeded during 

the experiment (Figure 2 inset).  If differences in invertebrate communities were consistently observed between 

sediments of pre-experiment natural control areas and open-sided procedural control areas, then an effect on 

invertebrate and fish behavior due to cage presence would be inferred.  Fish exclosures were also placed on the 

marsh surface adjacent to the five ditch-plug and five natural pools.  The purpose of these exclosures was to 

characterize benthic invertebrate prey availability on the marsh surface and provide an indication of habitat quality 

in support of fish productivity.  The marsh surface exclosures were located 3 m south of the edge of each pool and in 

line with the pool enclosure/exclosure placements (Figure 2).  Control areas on the marsh surface were constructed 

using 0.8 mm nylon mesh held in place with wooden stakes creating an open-sided cage with the same surface area 

as the exclosure cage (not shown).   

Fish Sampling   

Minnow traps were used to collect four male F. heteroclitus fish from each sample pool.  Only male fish 

were used since the size and weight of gravid and non-gravid females can vary greatly (Dibble and Meyerson 2012).  

Fish densities were based on a fish enclosure study conducted at Moody Marsh in 2003 (Mackenzie and Dionne 

2008), which sampled the same pools used in our study.  Similar size fish were chosen at the start of the experiment 

to accommodate direct comparisons for a single size class.  Ditch-plug fish were 44.0-47.0 mm in length (±0.2 mm 

SE) and weighed 1.01-1.23g (±0.02 SE); whereas natural pool fish were 44.0-47.0 mm in length (±0.2 SE) and 1.00-

1.24 g ±0.02 SE).  Fish were marked with subcutaneous non-toxic acrylic paint (Eberhardt et al. 2011) and placed 
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inside the enclosure within each pool.  Enclosed fish were measured for length (mm) and wet weight (g) weekly for 

five weeks.  At the end of five weeks, fish from each enclosure were euthanized (IACUC permit #060305), kept on 

ice in the field and then frozen prior to stable isotope analysis.  

Fish Growth 

Instantaneous growth rates and fish condition were used as indicators of the change in fish biomass, length, 

and combined growth over the study period.  Instantaneous growth is the natural logarithm ratio for comparing the 

final weight or length of a fish to its initial weight or length over a specific period of time.  Instantaneous biomass 

growth was determined using the exponential model (Chapman 1978):   

Ginst = (ln wt2 – ln wt1) / t2 - t1 (1) 

where Ginst is the instantaneous growth rate, wt2 is the wet weight of a fish at time 2 (t2), and wt1 is the wet weight of 

the same fish at time 1 (t1).  Instantaneous length growth was calculated using equation 1 and substituting l2 and l1 

for wt2 and wt1, respectively.  

Fish condition is a ratio of weight to cubed length.  It is considered to be a measure of fish health, 

production, and by inference habitat value (Murphy and Willis 1996).  Fish with higher condition ratios are 

considered more robust and likely to persist, suggesting that the habitat provides the resources necessary to sustain 

healthy populations (Murphy and Willis 1996, Rätz and Lloret 2003).  Fish condition was calculated at the end of 

the study using fish of the same size class and Fulton’s Condition Factor: 

K = (W/L
3
) x 100,000  (2) 

where K is the fish condition, W is the fish weight (g), and L
3
 is the fish length (mm) cubed. 

Benthic Invertebrate Sampling  

Soil cores were collected at the beginning and end of the study period by inserting a 7.5 cm diameter PVC 

corer into the soils and removing the upper 4 cm for analysis (Merritt and Cummins 1996).  There were five 

replicates per habitat type (i.e., natural pool and ditch-plug).  One pool core and one marsh surface core were 

randomly collected from each replicate in each habitat type prior to the start of the study to represent natural pre-

treatment conditions.  Cores representing experimental conditions were randomly collected at the end of the 

experiment.  Experimental cores consisted of one soil core collected from each fish enclosure, exclosure, and control 

area within and adjacent to each pool, for a total of three pool experimental cores and two marsh surface 
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experimental cores for each replicate in each habitat type.  Soil cores were placed on ice in the field and frozen prior 

to invertebrate identification.   

Soil cores were rinsed through sieves with distilled water and material separated in two stages using 

2.0 mm and 0.5 mm sieves (Merritt and Cummins 1996).  The samples were then quadrated and two of the 

sub-samples were randomly selected for invertebrate identification to the lowest taxonomic level using dissecting 

scopes.  Once identified and counted, invertebrates within each sample were grouped by taxon, placed in tins, and 

dried in an oven at 60ºC for 24 hours to constant weight.  Dried invertebrates were weighed by taxon to determine 

biomass, then individually stored in desiccators for later stable isotope analysis.  Mean invertebrate density was 

determined for each type of sample by dividing by the area of the core (44.2 cm
2
). Caloric values for each taxon 

were obtained from the literature (Table 1).  Total caloric content (Kcal/m
2
) was determined for each habitat, 

location, and treatment by multiplying invertebrate biomass (g dry weight/m
2
) by Kcal/g dry weight for each taxon 

and replicate.   

Stable Isotope Analysis 

Samples representing dominant plant species were collected from each habitat adjacent to cages, for a total 

of five samples for each plant species per habitat.  Plant samples were collected by clipping the above-ground 

portion of plants flush with the soil within a 225 cm
2
 plot, with each plot (i.e., sample) containing a single species.  

They were rinsed thoroughly in distilled water to remove salt and foreign matter prior to drying.  Plant samples were 

not combined and remained as separate distinct samples. For POM samples, five sterile 3.75 L plastic containers 

were used to collect water during the incoming tide approximately one-hour prior to high tide.  Replicate water 

samples were collected from the primary tidal channel of the Ogunquit River that flows north and south between the 

salt marsh and barrier dune systems.  Pre-combusted glass microfiber filters (GF/F 47 mm) were used to capture 

POM samples according to Wetzel and Likens (1991), with one 3.75 L container of estuarine water vacuum drawn 

through five GF/F filters. Benthic microalgae samples were collected adjacent to marsh surface enclosures for each 

replicate per habitat according to Tobias et al. (2003).  Nytex screen (210 μm) was placed on the marsh surface at 

low tide to capture benthic diatoms migrating up from the underlying soils.  Screens were washed with deionized 

water, and material was sieved through 20 μm mesh, and filtered onto pre-combusted GF/F 47 mm filters.  All 

samples were dried at 60°C for 48 hours to achieve constant weight and ground to a homogeneous powder.  

Between 1.05 mg to 2.00 mg of plant, particulate organic matter (POM), or benthic microalgae (BMA) material, and 
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between 0.80 mg and 1.20 mg of invertebrate or fish material was placed into individual tin cups for isotope 

processing.  A razor blade and tweezers were used to separate POM and BMA material from the GF/F filters.  No 

stains or preservatives were used, and samples were stored in desiccators prior to stable isotope analysis.   

For each of the five pool and marsh replicates, dried invertebrate samples were combined by taxon, habitat 

type (ditch-plug or natural), and location (pool or marsh surface) to achieve adequate mass for isotope analysis.  Fish 

samples were not combined and remained as distinct samples for each fish throughout the process.  Fish were 

filleted and muscle tissue from each fish was rinsed thoroughly with distilled water prior to processing, as described 

above.   

Stable isotope values of carbon (δ
13

C) and nitrogen (δ
15

N) were determined for fish and all potential food 

sources at the University of New Hampshire Stable Isotope Laboratory by combusting samples in a Costech 

ECS4010 Elemental Analyzer coupled to a Delta Plus XP mass spectrometer (Thermo Finnigan).  Stable isotope 

ratios are reported in delta notation per mil units (‰) as: 

δX = [(Rsample/Rstandard) – 1] x 1000‰ (3) 

Where X is 
13

C or 
15

N and R is 
13

C/
12

C or 
15

N/
14

N, respectively, with Vienna Pee Dee Belemnite (VPDB) the 

standard for carbon and atmospheric N2 (air) the standard for nitrogen.  Delta 
15

N values are reported on the VPDB 

scale using International Atomic Energy Agency (IAEA)-N1 (0.4 per mil) and IAEA-N2 (20.3 per mil).  Repeated 

analyses of laboratory standards (tuna for fish and invertebrates, and apple leaves for plants) varied less than 0.15‰ 

for both δ
15

N and δ
13

C.   

The isotope mixing model MixSIR (Semmens and Moore 2008) was used to assess source contributions to 

consumer diets.  Prior knowledge of predator diets is essential for building adequate food web mixing models.  Diet 

sources included in the mixing models of our study were based on prior knowledge and confirmed by the literature 

(Allen et al. 1994; James-Pirri et al. 2001; McMahon et al. 2005).  The MixSIR software accounts for the variability 

in diet sources by using a Bayesian model that includes estimates of mean, standard deviation, fractionation, and 

prior knowledge of diet source contributions.  A detailed explanation of model parameters and calculations is in 

Moore and Semmens (2008).   

Mixing models combined consumer and diet sources from pool and marsh surfaces for a specific habitat 

type (i.e., only consumer and diet sources from pools and marsh surfaces from natural pool habitat were used to 

assess the overall food web for natural pool habitat).  Trophic position for primary and secondary consumers was 
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determined using 
15

N according to Vander Zanden and Rasmussen (1997).  Three consumer/source models were 

analyzed: (a) invertebrates as primary consumers with plants as primary producer diet sources; (b) predatory 

invertebrates as secondary consumers with herbivorous invertebrates as diet sources; and (c) fish as tertiary 

consumers with invertebrates as primary and secondary consumer diet sources.  The relative percent of combined 

plants versus combined invertebrates as two major groups contributing to the diets of secondary and tertiary 

consumer diets was not determined due to the large number of sources and group variability.  Rather, results are 

presented as the species-specific percent contribution to primary consumer diets for plants relative to all plant 

species sampled for that habitat.  Similarly, the taxon-specific percent contribution for invertebrate sources in 

secondary and tertiary consumers diets represent the contribution of that invertebrate species relative to all 

invertebrates for that habitat.  Consumer δ
15

N and δ
13

C isotope values were adjusted downward by 3.4‰ and 0.5‰, 

respectively, to account for trophic fractionation prior to running the models (DeNiro and Epstein 1978; DeNiro and 

Epstein 1981; Fry 2006).   

Statistical Analysis  

Data were analyzed using JMP statistical software (SAS Institute, Inc. 2010) after ensuring they satisfied 

the assumptions of the general linear model (normal distributions, no extreme outliers, evenness of variance).  

Where necessary, data were transformed to meet these assumptions.  The alpha level was set at 0.05 for main effects 

and interactions to control for Type I Error during statistical analyses. All parametric analyses included 

Tukey-Kramer HSD post-hoc means comparisons with Type I Error contained to 0.05.   

Pool physical parameters did not require transformation.  Each dependent variable (temperature, salinity, 

DO, and water depth) was analyzed separately using a one-way analysis of variance (ANOVA) with habitat as the 

independent variable.  Invertebrate data, including biomass, richness and density, were log (x + 1) transformed prior 

to analysis.  Three-way ANOVA was used to determine main effects for the independent variables: habitat, cage 

treatment, and location (marsh surface or within pool), along with interaction terms (habitat x treatment; and habitat 

x location).  Natural controls and procedural controls were compared using 1-way ANOVA to test for artifacts of 

treatments.  If no significant differences were found (i.e., p>0.05), it was assumed that no treatment artifacts 

occurred on invertebrate metrics from enclosure and exclosure cages.   

Fish growth data were log (x + 1) transformed prior to analysis.  Dependent variables included biomass, 

length, and condition.  One-way ANOVA with repeated measures on replicates within pools was used to compare 
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fish biomass and condition by habitat.  Transformations of length did not satisfy the assumptions of normality, so 

the Wilcoxon rank sums test was used as an ANOVA analog to compare means for this metric.  Within group 

variation for fish biomass and length were not significantly different in either ditch-plug or natural pool habitats.  

Therefore, fish biomass and length data were averaged by replicate in each habitat, and instantaneous growth rates 

were based on the means for the four fish in each enclosure.  All fish in this study were males of the same size class 

for consistency of comparisons (due to gravidity issues with females, Dibble and Meyerson 2012).  Fish growth at 

the end of the study was compared between habitats. One-way ANOVA with repeated measures on replicates within 

pools was used to compare the dependent variables, fish δ
13

C and δ
15

N, by the independent variable, habitat.  Stable 

isotope data did not require transformation.  We recognize the limitation that diet difference may be confounded 

with prey isotope differences; however, mixing models are open to interpretation, so including the actual data and 

analysis is crucial. 

Discriminant function analysis was used to predict habitat type (ditch-plug pool; natural pool; and marsh 

surfaces adjacent to ditch-plug and natural pools) based on the invertebrate taxa found in the different habitats.  The 

discriminant function model used habitat as the dependent variable, major invertebrate taxa groups and abundance 

as independent variables.  The number of discriminant functions used in a model is based on either (a) g-1, where g 

is the number of categories in the grouping variable (dependent variables), or (b) the number of discriminating 

(independent) variables, p, whichever is less.  This study used g-1, which resulted in three discriminant functions.   

 

Results 

The results of our study represent conditions observed through replication at Moody Marsh in Wells, 

Maine, and would require sampling at multiple marshes to derive coast-wide conclusions.  Physical characteristics 

differed among habitats: mean salinity and water depth were significantly higher in natural pools compared with 

ditch-plugs (Figure 3; One-way ANOVA: F1,3=7.60, p=0.0033, n=5; and F1,3=12.30, p=0.0247, n=5, respectively).  

Mean water temperature and dissolved oxygen were not significantly different, but trended higher in ditch-plugs 

(Figure 3).  Dissolved oxygen levels in pool soils of the two habitats were substantially different, as evidenced by 

soil coloration. Soil cores collected from locations near the edges of ditch-plugs were black (1G 2.5/N on Munsell 

color chart), indicating severely reduced anaerobic soil conditions.  In contrast, soil cores collected from natural 

pools were grayish-brown (5YR 6/2 on Munsell color chart), indicating more oxygen availability in the soils.   
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Fish growth varied among habitats.  Average fish size in both habitats at the start of the experiment was 

45.0 mm ±0.11 SE and 1.10 g ±0.02 SE.  Ditch-plug fish ranged 44.0-47.0 mm, ±0.16 SE and 1.01-1.23 g ±0.02 SE; 

and natural pool fish ranged 44.0-47.0 mm ±0.15 SE and 1.00-1.24 g ±0.02 SE).  Instantaneous growth (±SE) for 

length was 27% higher in natural pool habitat (0.026 ± 0.002 mm/d) than in ditch-plug habitat (0.019 ± 0.001 mm/d) 

(Wilcoxon rank sums, Z1,3=2.17, p=0.0301, n=5).  Instantaneous biomass growth in natural pools (0.036 ± 0.007 g 

wet wt/d) was 17% higher than in ditch-plugs (0.030 ± 0.008 g wet wt/d) (One-Way ANOVA F1,3=2.16, , p=0.1942, 

n=5).  There was no significant difference in fish condition (weight relative to length cubed) between ditch-plugs 

(1.11 k ±0.05 SE) and natural pools (1.02 k ±0.06 SE), (One-Way ANOVA, F1,3=3.69, p=0.1032, n=5).  

Benthic invertebrate biomass was assessed as a measure of fish prey resource abundance and trophic 

transfer potential.  Natural and procedural controls did not differ significantly within either habitat, indicating cage 

presence had no effect on invertebrate communities.  The biomass of invertebrates was significantly greater in 

natural pool habitat than in ditch-plug habitat (Three-way ANOVA: F7,42=7.54; p=0.0095) .  Differences in biomass 

for location (pool or marsh surface), or treatment (control, enclosure, or exclosure) were not significant, and there 

were no significant interactions (Figure 4a).   

Species richness and density for each habitat and replicate were assessed as a measure of invertebrate 

community structure.  Mean species richness was significantly higher in natural pool habitat than in ditch-plug 

habitat (Three-way ANOVA: F7,54=5.65; p=0.0231), but there were no other significant differences or effects 

(Figure 4b).  Invertebrate density was significantly higher in marsh surface locations than within pools due to the 

high number of Acarina found in cores from marsh surfaces adjacent to both habitats (Three-way ANOVA: 

F7,54=11.76; p=0.0016).  There were no significant differences in density for habitat or treatment, and no significant 

interactions (Figure 4c).   

Benthic invertebrates were grouped by major taxa to determine relative contributions to overall density by 

habitat and location (Table 2).  Acarina (mites) comprised the greatest proportion of individuals in both habitats and 

locations.  In ditch-plug habitat, only one species of Acarina was found, which comprised 75% and 83% of 

invertebrates found in pool and marsh surface soils, respectively, followed by Diptera (flies) (13% pool soils and 

15% marsh surface soils).  Further, Diptera contributed more to the overall community structure of marsh surface 

areas in ditch-plug habitat than in natural pool habitat.  Ditch-plug and marsh surface soils supported three and two 

additional taxa, respectively, that contributed to the remaining proportions (Table 2).  Of these species, more 
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Amphipoda (beach fleas) were in ditch-plugs than in natural pools, and Polychaeta (worms) were found in ditch-

plugs, but not in natural pools.   

In natural pool habitat, three species of Acarina comprised 59% and 94% of invertebrates found in pool and 

marsh surface soils, respectively; followed by Coleoptera spp. (beetles) (15% pool soils and 2% marsh surface soils) 

(Table 2).  Three and five additional taxa were found in natural pool and adjacent marsh surface soils, respectively.  

Of these species, Coleoptera and Arthropoda (excluding beetles, spiders, beach fleas, mites, and flies) were found in 

high proportions in natural pools, but were absent from ditch-plugs.  Marsh surfaces adjacent to natural pools 

supported greater numbers of taxa than marsh surfaces of ditch-plug habitat.  The variety of available prey for fish 

was greater in natural pool than in ditch-plug habitat.   

Discriminant function analysis was conducted on major invertebrate taxonomic groups and identified 

significant differences in invertebrate community composition between ditch-plugs and natural pools (Wilks’ 

Lambda = 0.0022; p<0.0017), with 90% of communities correctly classified into each habitat (ditch-plug or natural) 

and location (pool or marsh surface).  Natural pool habitats were correctly classified in all cases.  Miss-

classifications were between ditch-plug pools and marsh surfaces adjacent to ditch-plug pools, suggesting 

homogeneity in sediment conditions among these two habitat locations.  Discriminant function analysis also 

identified the invertebrate groups that best distinguished between natural pool and marsh surfaces adjacent to natural 

pools, highlighting the heterogeneity within natural marsh habitat.  The first discriminant function axis (canonical 1) 

captured 97% of the variation in species composition explained by the analysis and delineated between invertebrate 

composition in ditch-plug and natural pool habitats, and also distinguished between natural pools and marsh surfaces 

adjacent to natural pools.  High positive values represented species composition associated with areas of the marsh 

that support high vegetation cover and lower edaphic stress (Vincent et al. 2013 & 2014) commonly associated with 

natural pool habitats.  Species with lower values had relatively higher abundance in ditch-plug habitat and were 

associated with vegetation loss and marsh surface water impoundment, with the exception of Gastropoda that 

contributed to the distinction between pools and marsh surfaces in natural habitats.  The highest positive correlations 

for canonical 1 were Hemiptera, Coleoptera, and Acarina spp. B, and most negative correlations were Amphipoda 

and Gastropoda (Figure 5).  The second discriminant function (canonical 2) explained 3% of the remaining variation 

and delineated species groups based on location within a habitat (e.g., pool or marsh surface).  Positive values for 

canonical 2 represent invertebrates associated with marsh surface areas, and negative values represent invertebrates 
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with higher relative abundance in pools.  Canonical 2 was positively correlated with Gastropoda and Arachnida and 

most negatively correlated Polychaeta and Acarina spp. B (Figure 5).  The third Canonical Function only 

represented 1% of the variation in invertebrate taxa data and was not interpreted.  

Invertebrate caloric values (Kcal/m
2
) were analyzed as a proxy for fish habitat value and trophic transfer 

potential (Table 3).  We found no significant difference among natural and procedural controls for either habitat.  

Similar to the biomass results, invertebrate caloric value was significantly higher in natural pool habitat than in 

ditch-plug habitat (Three-way ANOVA: F7,54=6.88; p=0.0114).  Location (pool or marsh surface) and treatment 

(control, enclosure, or exclosure) did not significantly influence caloric value (Figure 6), and there were no 

significant interactions. 

Stable isotope values of carbon and nitrogen were determined for primary producers, herbivorous 

invertebrates, predatory invertebrates, and F. heteroclitus.  The mean stable isotope value for each species sampled 

is presented in Figure 7 by habitat (ditch-plug or natural pool) and location (within pool or marsh surface).  Enclosed 

ditch-plug fish averaged higher in δ
15

N (8.3 ± 0.2 ‰) and lower in δ
13

C Value (-15.1 ± 0.2 ‰) than enclosed fish in 

natural pool habitat (δ
15

N 6.9 ± 0.1 ‰; δ
13

C -13.4 ± 0.1 ‰) (One-way ANOVA: F1,3=23.91, p<0.0164, n=5; and 

One-way ANOVA  F1,3=19.14, p<0.0221, n=5, respectively) (Figure 7).  Plants in ditch-plug habitat averaged higher 

in δ
15

N than plants in natural pool habitat for each species except S. depressa (Figure 7).   

Mixing model results at the 95% confidence level estimated the proportional source contributions to 

consumer diets at each of the four trophic levels in natural pool habitat at Moody Marsh: (1) plant primary producers 

(benthic microalgae (BMA), S. depressa, S. alterniflora, and S. patens); (2) invertebrate primary consumers 

(Acarina, Diptera, Melampus bidentatus - the marsh snail, and Amphipoda); (3) invertebrate secondary consumers 

(Arachnida - spiders and Coleoptera); and (4) fish tertiary consumer (F. heteroclitus) (Figure 8a).  Benthic 

microalgae contributed the most to the diets of primary consumers in natural pool habitat (range: 76% to 94%), with 

POM contributing 15% and 10% to the diets of Acarina and Amphipoda, respectively.  The three most abundant 

primary consumers in natural pool habitat (Acarina, Diptera, and Amphipoda) contributed most to the diets of 

secondary invertebrate consumers Arachnida and Coleoptera.  Two primary consumers (Diptera and M. bidentatus) 

contributed the most to the diet of F. heteroclitus in natural pool habitat.   

Mixing model results at the 95% confidence level also estimated the proportional source contributions to 

consumer diets at each of the four trophic levels in ditch-plug habitat at Moody Marsh: (1) plant primary producers; 
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(2) invertebrate primary consumers (Diptera); (3) invertebrate secondary consumer (Polychaeta); and (4) fish tertiary 

consumer (Figure 8b).  Primary and secondary consumer trophic levels differed slightly from those in natural pools.  

Benthic microalgae contributed less to the diets of primary consumers in ditch-plug habitat (range: 48% to 84%), 

and Acarina appeared to consume S. depressa and S. patens.  The primary consumer Diptera comprised most of the 

diet for the secondary consumer Polychaeta in ditch-plug habitat.  Two primary consumers (Diptera and 

Amphipoda) contributed to the diet of the tertiary consumer F. heteroclitus in ditch-plug habitat, a portion of which 

was through the secondary consumer (Polychaeta).   

 

Discussion 

Hydrologic features in salt marshes include the tidal creek system that conveys the flood and ebb of tides, 

and isolated pools that hold water throughout the tidal cycle and flood when spring tides inundate the marsh.  Since 

European settlement, ditches have been dug in marshes to deliver and drain away floodwaters to enhance salt haying 

and later to reduce habitat for salt marsh mosquitoes (Daiber 1986).  Ditch-plugging is a habitat creation 

methodology that alters the hydrologic regime in localized areas to provide standing water habitat for larvivorous 

fish and wading birds (Meredith et al. 1985; Wolfe 1996; Taylor 1998).  However, changes in environmental 

conditions can lead to modifications in species composition and community structure, altering trophic pathways 

within the microhabitat and linkages for trophic transfer to adjacent ecosystems (Menge and Olson 1980; Rakocinski 

et al. 1992; Crain and Bertness 2006).  Our study identified significant differences in habitat structure and function 

between ditch-plug and natural pool habitats at Moody Marsh in Wells, Maine, indicating an altered ecological role 

for the created habitat relative to the naturally occurring reference habitat at this marsh.   

Ditch-plug pools frequently extend along their original ditch channels to the upland border of the marsh, 

into which groundwater inputs and freshwater runoff from adjacent upland development and habitat are channeled.  

The lower salinity in ditch-plug pools evident in this study from Moody Marsh was also observed in data collected 

in 2002 at Chauncey Creek Marsh in Kittery, Maine, where three ditch-plug pools were interspersed with three 

natural pools and salinities averaged 21.0 ppt ±1.5 SE and 31.0 ppt ±1.8 SE, respectively (Vincent 2002 unpublished 

data).  Dissolved oxygen levels were higher in the water columns of the ditch plugs. While we did not directly 

measure DO levels in the deeper water column zones, the anoxic conditions of the ditch plug sediments suggest that 

the deeper waters of ditch plugs were also anaerobic. This was likely due to increased nutrients from upland runoff 
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(McClelland and Valiela 1997; Koch and Gobler 2009) that can contribute to increased respiration and soil 

decomposition rates (Wigand et al. 2009).  Such conditions contribute to the observed differences in invertebrate 

communities between ditch-plug and natural pools.  

The anoxic conditions in ditch plug sediments (as shown in Vincent et al. 2013) may have created a 

stressful environment for benthic invertebrates.  Long and Seitz (2008) working in estuarine channels of Chesapeake 

Bay concluded that hypoxic conditions increase stress, forcing benthic organisms closer to the soil surface.  The 

subsequent reduction in the volume of suitable habitat from ditch-plugging may also increase competition for space 

and resources, and exposes invertebrates to increased predation pressure (Long and Seitz 2008).  Competition for 

space can also increase emigration by less competitive species (Lenihan and Micheli 2001).  Increased competition, 

emigration, and predation likely contributed to the lower richness and density of invertebrates in ditch-plug habitat.   

Alternatively, some Dipteran species are capable of tolerating habitats with low oxygen levels (Int Panis et al. 1996), 

which may contribute to the higher abundance of Dipterans in ditch-plug habitat.  Ephydra is one dipteran example 

of the change in benthic invertebrate community structure in response to ditch-plugging.  Habitat associations for 

Ephydra include anoxic sediments with a high presence of purple sulfur bacteria and Cyanobacteria (Herbst 2001; 

Bell 2012), conditions typically associated with ditch-plugging (Vincent et al. 2013 and 2014).  Ephydra was 

observed in ditch-plug habitat, but was absent in natural pool habitat.  The presence of Polychaeta in ditch-plug 

habitat (and absence from natural pool habitat) also demonstrates a shift in benthic invertebrate community towards 

species more tolerant of prolonged surface water impoundment and anoxic conditions.  In contrast, the beetles 

Coccinellini and Geopinus are not typically associated with hypoxic habitat conditions (Vandenberg 1990; Hodek et 

al. 2012; Erwin 1981), and were found only in natural pool habitat.  

Positive fish growth occurred in both habitats over the study period, yet growth in natural pool habitat was 

higher for fish biomass and significantly higher for fish length.  Instantaneous growth rates in this study (0.016 to 

0.035 mm/d; and 0.013 to 0.061 g wet wt/day) were consistent with previous studies by Haas et al. (2009) (0.009 to 

0.014 mm/d), and MacKenzie and Dionne (2008) (0.018 to 0.059 g wet wt/d).  Our results are consistent with 

greater availability of food resources in natural pools.  Higher growth rates, therefore, suggest that natural pools 

provide better habitat quality in terms of fish productivity at Moody Marsh.  The larger fish in natural pool habitat 

could consume larger, higher calorie prey as fish mouth gape increases along with body size (Cunha and Planas 

1999; Waggy et al. 2007),  Better growing conditions provided by the higher quality natural pool habitat, therefore, 
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enable fish to assimilate more Kcal, compared with the slower growing fish in ditch-plug habitat.  We recognize that 

our results pertain to fish that were restricted to pools.  Studies using natural pools have shown that access to the 

marsh surface, especially for males, can increase growth rates and biomass (McKenzie and Dionne 2008).  

However, our results show that the marsh surfaces adjacent to ditch-plugged pools had no better prey resources than 

the pools themselves (unlike natural pools and adjacent marsh surfaces).  Future studies could examine the role the 

marsh surface plays in the food web structure and production of fish as they move between these two types of 

habitats. 

Energy availability influences species composition and ecosystem function (Thompson and Townsend 

2004; Crustinger et al. 2006).  The movement of carbon through a system is contingent in part upon the allocation of 

carbon for such purposes as structure (i.e., chitin) or energy (i.e., protein) at each trophic step (Sterner et al. 1997; 

Aber and Melillo 2001).  The invertebrate biomass available for fish predators that we observed in ditch-plug habitat 

was of lower caloric value than that available in natural pool habitat, and we infer these differences in energy 

availability as a biological response to changes in physical conditions associated with altered ditch-plug habitat.  The 

ecological significance of the lower biomass and caloric value was evidenced by reduced energy available for 

trophic transfer, which contributed to lower fish growth observed in ditch-plug habitat compared with natural pool 

habitat at Moody Marsh.   

Invertebrate biomass, density, and richness were all higher in both pool and marsh surface soils of natural 

pool habitat, and similar to values observed by MacKenzie and Dionne (2008).  As discussed previously, various 

physical and biological conditions can contribute to the differences in invertebrate community structure among the 

two habitat types.  Whitcraft and Levin (2007) working in California marshes noted that altered plant communities 

can influence resource availability, physical conditions, microhabitats, and herbivore community structure. 

Likewise, Finke and Denno (2006) noted that habitat complexity and resource availability influences community 

structure and trophic cascades.  Further, Hacker and Bertness (1996) found that increased stress from higher 

temperatures and salinity associated with unvegetated high marsh habitat can influence invertebrate community 

composition.  Thus, plant dieback associated with altered hydrology and physical parameters in ditch-plug habitat 

(Vincent et al. 2013 & 2014) likely contributed to the significantly lower invertebrate richness and biomass in soils 

adjacent to ditch-plugs at Moody Marsh, as was evident in the results of our discriminant function analysis 

(Figure 5).   
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Habitat displacement and reduction in resource availability resulting from vegetation dieback (Vincent et 

al. 2014) likely contributed to the absence of Arachnida and Coleoptera we observed in ditch-plug habitat.  In 

addition, our model results show that Arachnida and Coleoptera preyed upon Acarina in natural pool habitat.  

Acarina comprised the greatest proportion of overall invertebrate density in soil samples collected from both habitats 

(Table 2), with one species of Acarina identified in ditch-plug habitat and three species found in samples collected 

from natural pool habitat.  The absence of top-down predation on Acarina from these two predators in ditch-plug 

habitat may have resulted in competitive exclusion of the two additional Acarina species found in natural pool 

habitat.  Alternatively, the single species of Acarina found in ditch-plug habitat may simply have had a higher level 

of stress tolerance than the other two species, since soil moisture content and marsh surface water are two variables 

that affect the presence and abundance of Acarina in salt marsh habitat (Luxton 1967; Foster et al. 1979).  

Controlled experiments would be necessary to test these hypotheses.   

We also observed a higher density of Diptera in ditch-plug habitat.  In laboratory experiments, 98% of 

female Diptera deposited eggs on stems of S. alterniflora, while only 2% oviposited on S. patens or Distichlis 

spicata (Graham and Stoffolano 1983); and in North Carolina marshes Diptera was associated with surface water 

and tall-form S. alterniflora (Rader 1984), conditions characteristic of ditch-plug habitat (Vincent et al. 2013 & 

2014).  In addition, Mackenzie (2005) observed higher Diptera densities associated with brackish pools compared to 

pools with higher salinities.  Thus, a shift to lower pool salinity with ditch-plugging may have contributed to the 

higher density of Diptera in ditch-plug pools at Moody Marsh.  The altered invertebrate community structure in 

ditch-plug habitat, as evidenced by the significantly lower biomass, richness, and caloric value have an effect on the 

trophic structure and transfer of energy through the system, as was observed in the results from stable isotopes 

(Figure 8).  

Carbon and nitrogen stable isotopes collected from ditch-plug and natural pools revealed distinct 

differences for a variety of species, including foraging patterns and habitat utilization for resident fish.  Turnover 

rates for stable isotopes in F. heteroclitus muscle tissue tend to reflect longer-term diets (Logan et al. 2006).  

Therefore, the consistently higher δ
15

N for F. heteroclitus in ditch-plug pools compared to natural pools suggests 

that these fish are longer-term residents in these habitats at Moody Marsh.   

The δ
 15

N signatures of plants species were also higher in the ditch-plugs than in natural pools. This could 

be due to anthropogenic influence on nitrogen inputs from upland development (McClelland and Valiela 1997).  
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Koch and Gobler (2009) observed increased levels of nitrogen in their study of salt marsh ditches throughout the 

estuaries of Long Island, New York, which they attributed to upland runoff.  In similar marshes, Fitch et al. (2009) 

found higher levels of nitrate in salt marsh habitat adjacent to upland development, and McClelland and Valiela 

(1997) observed higher δ 
15

N values in food webs of marshes subjected to nutrient loading from surrounding 

uplands.  The poor drainage and infrequent flushing of ditch-plugs could have resulted in the accumulation of the 

ditch-transported nitrogen, and led to higher δ 
15

N values in plants of ditch-plug habitat.  Alternatively, differences 

in δ
 15

N signatures may have also been due to a number of factors influencing mineralization (Kirkpatrick and 

Foreman 1998; Mitsch and Gosselink 2000), nitrification and denitrification processes (Kaplan et al. 1979), and 

other physical factors affecting plant nutrient uptake (Hopkinson and Schubauer 1984; Portnoy and Giblin 1997). 

These increased δ
 15

N values were then passed along the food web to higher consumers.  Such studies, combined 

with our isotopic results, suggest ditches that extend from ditch-plug pools toward the upland border act as conduits 

for the transport of upland-derived nitrogen into the ditch-plug pools.  The poor drainage and infrequent flushing of 

ditch-plugs result in the accumulation of the ditch-transported nitrogen and higher δ
15

N values in plants of ditch-

plug habitat.   

The lower δ
13

C signature of fish held in ditch-plug habitat can be attributed in part to the moderate δ
13

C 

values of benthic microalgae, an important foundation species in these salt marsh food webs.  In addition, Wozniak 

et al. (2006) found that F. heteroclitus from areas with a higher percentage of C3 plants, restricted tidal flow, and 

lower water column salinities tend to have lower δ
13

C values.  The authors concluded that hydrologic restrictions 

altered primary production at the base of the food web, enabling the C3 plant, P. australis, to dominate the plant 

community and leading to its low δ
13

C values to ultimately influence F. heteroclitus values.  Salicornia depressa, a 

pioneering opportunistic C3 plant with high stress tolerance, regularly invades the plant die back areas adjacent to 

ditch-plugs (Vincent et al. 2014), and the trophic transfer of δ
13

C from S. depressa can be an additional source of 

lower δ
13

C values for F. heteroclitus in ditch-plug habitat.   

The diets of consumers in natural pool habitat appeared to be more specialized than in ditch-plugs, focusing 

on specific food sources.  The δ
13

C and δ
15

N values for fish in natural pools were more tightly clustered than in 

ditch-plugs, indicating more consistent and less variable diets.  Although there were generally more taxa in natural 

pool habitat, fish diets in natural pools consisted of fewer invertebrate taxa of higher caloric value; with BMA as the 

basis of the food web, and Spartina spp. and S. depressa contributing less to the overall diet of primary consumers.  
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However, the δ
13

C values of fish in natural pool habitat were more in line with Spartina spp., suggesting a tight 

coupling for the transfer of carbon energy from the primary C4 plant source through primary invertebrate consumers 

that specialized in grazing on Spartina spp., and then on to the tertiary consumer F. heteroclitus.  This is supported 

by our stable isotope data that suggest M. bidentatus and Diptera contribute the most to F. heteroclitus diets 

(Figure 8a); and previous studies that found Spartina spp. contributed largely to the diets of M. bidentatus 

(Thompson and Scheu 1984; Rietsma et al. 1988; Newell and Porter 2000), and Diptera (Wu et al. 2009).  In 

addition, detritus in gut samples of F. heteroclitus in New England suggests that these fish can also assimilate 

carbon directly from plant material or the fungi and bacteria growing on the plants (Allen et al. 1994; James-Pirri et 

al. 2001), which can influence the δ
13

C value we observed for fish in both habitats.   

Ground and surface water retained in ditch-plug habitat decreases the depth to reduced soil conditions and 

expands the area of unvegetated habitat (Vincent et al. 2013 & 2014).  Ultimately, limiting resources and 

competitive pressures alter food web dynamics and, consequently, lower connectivity in ditch-plug habitat.  Marsh 

plants can directly affect the connectivity and productivity of high marsh pool food webs, and a positive relationship 

exists between below ground plant biomass and density of the benthic invertebrate community (Seliskar et al. 2002).  

Under reducing soil conditions, the primary producers decrease in biomass, richness, and composition (Baldwin and 

Mendelssohn 1998, Koch et al. 1990), limiting food sources for the benthic invertebrate primary consumers 

(Seliskar et al. 2002).  The increase in competition for limited resources in ditch-plug habitat would, therefore, 

contribute to the reduction in species richness and abundance of the invertebrate primary and secondary consumers, 

and decrease trophic interactions through competitive exclusion and the trophic cascade (Strong 1992; Thebault and 

Loreau 2003).  The more variable diets of primary consumers in ditch-plug habitat at Moody Marsh suggest limited 

availability of preferred plant diet sources.  The fish (tertiary consumer) diet was more variable in ditch-plug habitat 

as well, with Amphipoda and Polychaeta as two species of lower caloric value than the third diet source, Diptera 

(Cummins and Wuycheck 1971), suggesting limited availability of preferred invertebrate diet sources and lower 

habitat value for tertiary consumers in ditch-plug habitat.   

 

Conclusion 

Our study identified distinct differences in invertebrate richness, density, abundance, and caloric content as 

well as food web structure between ditch-plug and natural pool habitats at Moody Marsh, resulting in ecological 
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dissimilarities in function between the two habitats.  Altered hydrology associated with ditch-plugs resulted in 

anoxic soils (Vincent et al. 2013) and reduced primary production (Vincent et al. 2014), two variables that can 

contribute to differences in invertebrate community composition, energy availability, and trophic web structure 

between ditch-plug and natural pool habitats.  We infer differences in energy availability among the two habitats as 

a biological response to changes in physical conditions associated with ditch-plug habitat.  The ecological 

significance of reduced energy available for trophic transfer was evidenced by lower fish growth in ditch-plugs 

compared with natural pools at Moody Marsh.   

Higher δ
15

N values in plants of ditch-plug habitat were associated with likely nutrient inputs from 

surrounding upland development and potential differences in nitrogen processing between sites, which can affect 

food web structure and may contribute to habitat loss.  More work is needed to gain a better understanding of the 

relationship between anthropogenic nutrient loading and trapping by ditch-plugs.  The higher δ
15

N values in ditch-

plug fish appears to be related to the level of δ
15

N in plants of that habitat since mixing models suggested fish were 

feeding at lower trophic levels.   

The stable isotope mixing models and discriminant function analysis identified distinct resource utilization 

and trophic structure for natural and created pools.  Food web analysis indicated that fish diets shifted in response to 

ditch-plugging, with ditch-plug fish consuming available prey with lower caloric value.  The higher caloric value for 

benthic invertebrate communities observed in natural pools suggested that natural pools at Moody Marsh provide 

higher habitat quality in terms of fish productivity.  The altered community composition of invertebrates in ditch-

plug habitat appeared to have an effect on the trophic structure and transfer of energy through the system.  Although 

four trophic levels were found in both habitats, the fewer primary and secondary consumers in ditch-plugs probably 

resulted from the altered habitat conditions and competitive interactions in that environment.  The loss of plant 

biomass, structural heterogeneity, and increased physical stress from anoxia in habitat adjacent to ditch-plugs 

resulted in lower food web complexity and connectivity, as evidenced by the loss of one primary consumer, the 

absence of two secondary consumers, the presence of only one Acarina spp., and significantly lower species 

richness in ditch-plug habitat.   

Natural pools may develop or recede over time in response to localized hydrologic conditions and natural 

feedback processes (Wilson et al. 2009), the same processes that enable salt marsh self-maintenance (Morris et al. 

2002).  These processes facilitate the development and maintenance of high marsh habitat, providing the ecological 
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structure and function that supports diverse biological communities and promotes trophic connectivity and the 

exchange of nutrients throughout the system and beyond.  Ditch-plugging transforms high marsh habitat from a state 

of dynamic equilibrium to disequilibrium, as resource degradation is driven by alterations to the natural hydrologic 

regime (Vincent et al. 2013 & 2014).  The resulting feedbacks negatively impact resource availability and biological 

communities, a process likely to continue as self-maintenance of high marsh habitat surrounding ditch-plugs is 

unable to keep pace with increasing rates of sea level rise.  The result is loss of habitat complexity, resource 

availability, and biological diversity.  The reduction in energy transfer in response to habitat degradation weakens 

trophic connectivity and the overall value of the habitat is diminished.  Thus, through increased understanding of the 

ecology of salt marsh pools, our findings suggest managers may want to avoid the creation of ditch-plug pools when 

planning salt marsh restoration.     
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Tables 

Table 1. Invertebrate Kcal/g dry weight by taxa  

Taxa 

Cummins & 

Wuycheck 

(1971) 

Tyler 

(1973) 

Nixon & 

Oviatt 

(1973) 

Griffiths 

(1977) 

Wacasey & 

Atkinson 

(1987) 

Bagatini 

et al. 

(2010) Mean 

Acarina  4.82       4.82 

Amphipoda 3.76  3.69  3.60   3.68 

Arachnida 4.83       4.83 

Araneae  4.83       4.83 

Arthropoda 4.73       4.73 

Coleoptera  5.37   5.41  5.76 5.52 

Diptera 4.28     5.76 5.02 

Foraminifera 5.94       5.94 

Hemiptera 5.64     4.98 5.31 

Melampus bidentatus 4.35       4.35 

Mesogatropoda/Gastropoda 2.02 4.21  3.90 4.49 3.68 3.66 

Oligochaeta 5.58   5.02  4.53 5.04 

Polychaeta 3.50 3.39   3.64 3.85   3.60 
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Table 2.  Density and proportional distribution of benthic invertebrates by major taxonomic groups & location  

Major Taxa Grouping 

Ditch-plug 

Pool 

Ditch-plug Marsh 

Surface Natural Pool 

Natural Pool 

Marsh Surface 

Acarina 1,125 (75%) 3,575 (83%) 1,025 (61%) 8,950 (93%) 

Diptera 200 (13%) 625 (14%) 125 (8%) 129 (1%) 

Coleoptera 0 (0%) 0 (0%) 250 (15%) 150 (2%) 

Hemiptera 25 (2%) 0 (0%) 100 (6%) 103 (1%) 

Arthropoda 0 (0%) 0 (0%) 175 (10%) 0 (0%) 

Amphipoda 125 (8%) 0 (0%) 0 (0%) 100 (1%) 

Arachnida 0 (0%) 0 (0%) 0 (0%) 75 (1%) 

Gastropoda 0 (0%) 25 (1%) 0 (0%) 50 (1%) 

Foraminifera 0 (0%) 50 (1%) 0 (0%) 0 (0%) 

Melampus 0 (0%) 0 (0%) 0 (0%) 75 (1%) 

Oligochaeta 0 (0%) 10 (1%) 0 (0%) 0 (0%) 

Polychaeta 25 (2%) 0 (0%) 0 (0%) 0 (0%) 

Total 1,500 (100%) 4,285 (100%) 1,675 (100%) 9,632 (100%) 

Density shown as the number of individuals per square meter and the proportional distribution in parentheses as the individual 

taxa’s percent of total for a given location (rounded to the nearest percent) 
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Table 3.  Invertebrate caloric value (Kcal/m
2
) by major taxa and habitat 

Major Taxa 

Ditch-Plug 

Pool 

Ditch-Plug 

Marsh 

Surface Natural Pool 

Natural 

Marsh 

Surface 

Acarina 2.19 7.26 2.35 14.89 

Amphipoda 3.25    2.84 

Arachnida      0.44 

Arthropoda     70.95  

Coleoptera     32.18 19.66 

Diptera 2.36 11.62 4.72 4.05 

Foraminifera   1.08   

Gastropoda   2.79   

Hemiptera 6.75   15.76 9.00 

Melampus      22.15 

Oligochaeta   4.58   

Polychaeta 3.24     

Total 17.79 27.34 125.96 73.03 
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Figures 

 (a) 

 

 (b) 

Figure 1.  Moody Marsh study site: (a) location in Wells, Maine showing barrier beach and upland development, and 

(b) sample stations (near vertical lines are strata delineators; white lines are study area boundaries; NP=Natural 

Pool; DP=Ditch-plug); Source: Google Earth 2010. 
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Figure 2.  Fish enclosures and exclosures in natural pool habitat at Moody Marsh in Wells, Maine 2006.  

 

 

 

Figure 3.  Pool physical characteristics collected weekly from the five pools in each habitat type (values are means 

+SE, n=5).  Variables were compared using One-Way ANOVA, different letters indicate significant differences. 
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(a)

(b) 

 (c) 

Figure 4. (a) Benthic invertebrate biomass, (b) species richness (per m
2
), and (c) density by habitat and treatment 

(values presented as mean ± standard error; log transformed prior to analysis; n=5).  
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Figure 5.  Discriminant function analysis comparing habitat type with invertebrate taxa; plus sign mean; circles 95% 

confidence; DPP ditch-plug pool (diamonds); DPS marsh surface adjacent to ditch-plug pool (squares); NPP natural 

pool (dots); NPS marsh surface adjacent to natural pool (triangles); ACB Acarina spp. (b); ACC Acarina spp. (c); 

AMP Amphipod; ARAC Arachnida; ART Arthropoda; COL Coleoptera; DIP Diptera; FOR Foraminifera; GAS 

Gastropoda; HEM Hemiptera; POL Polychaeta 
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Figure 6. Benthic invertebrate caloric values (Kcal/m
2
) by habitat and treatment (values presented as mean ± 

standard error; log transformed prior to analysis; n=5). 

 

 

  

0.0 

5.0 

10.0 

15.0 

20.0 

25.0 

30.0 

35.0 

40.0 

45.0 

Marsh Surface 
Pre-treatment 

Marsh Surface 
Exclosure 

Pool Pre-
treatment 

Pool Enclosure Pool Exclosure 

K
c
a
l/
m

2
 

Ditch Plug 

Natural Pool 



36 

 

 

  

 

-2 

0 

2 

4 

6 

8 

10 

12 

-30 -25 -20 -15 -10 -5 0 

ᵹ 15N (‰) 

ᵹ 13C(‰) 

Natural Pool Fundulus heteroclitus 

Spartina alterniflora (C4) Salicornia depressa 
(C3) 

NPS-DPT 

POM 

NPS-BMA 

Ruppia maritima 

Spartina patens (C4) 

NPS-CC 

NPS-DT 

NPS-AR
C 

NPP-DT 
NPS-COL 

NPS-AMP 

NPS-CGC 

NPP-
DSO 

NPS-ACA 

NPS-MEL 

(a



37 

 

 

 

Figure 7.  δ
13

C and δ
15

N stable isotopes values (±1 SD) for fish collected from (a) natural pool and (b) ditch-plug 

habitats, along with various sources that contribute to fish diets.  Squares represent fish, circles plants, and triangles 

invertebrates. The two fish outliers (one per habitat) were not representative of the study populations in each of the 

habitats and, therefore, were removed from data prior to analysis. NPP=natural pool pool; NPS=natural pool surface; 

DPP=ditch-plug pool; DPS=ditch-plug surface; ACA=Acarina; AMP=Amphipoda; ARC=Arachnida; BMA=benthic 

microalgae; CAN=Canace spp.; CC=Coccinellini spp.; CGC=Geopinus spp.; COL=Coleoptera; DPT=Diptera; 

DSO=Odontomyia spp.; DT=Tabanus spp.; EPH=Ephydra spp.; MEL=Melampus bidentatus; POL=Polychaeta; 

POM=particulate organic matter. With the exception of Salicornia depressa, δ
15

N is consistently higher for plants in 

ditch-plug habitat, suggesting greater uptake of human-derived nitrogen from upland runoff.  Note, in some cases 

the error bars are smaller than the data point symbols. 
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(a) 
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(b) 

Figure 8.  Trophic transfer food web based on consumers and diet sources found within (a) natural pool and (b) 

ditch-plug habitat at Moody Marsh in Wells, Maine.  Dark lines show sources that provide the highest contribution 

to the diet of an individual consumer, and gray lines show source contributions that are <10% of the consumer diet.  

Black circles show the percentage of total plant contribution to the diet of primary consumers; gray circles show the 

percentage of total invertebrate contribution to the diet of secondary invertebrate consumers; and white circles show 

the percentage of total invertebrate contribution to the diet of the tertiary consumer F. heteroclitus.  Source 

contributions to consumer diets were determined using δ
 13

C, δ
 15

N, and the MixSIR mixing model (Semmens and 

Moore 2008).  


