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Abstract

Coastal ecosystems provide key services that benefit human wellbeing yet are undergoing
rapid degradation due to natural and anthropogenic pressures. This thesis seeks to understand how
disturbances impact salt marsh and estuarine ecosystem functioning in order to refine their role in
coastal ecosystem service delivery and predict future resilience. Salt marsh survival relative to sea-
level rise increasingly relies on the accumulation and preservation of soil organic carbon (SOC).
Firstly, I characterized SOC development and turnover in a New England salt marsh and found
that salt marsh soils typically store marsh grass-derived compounds that are reworked over
centuries-to-millennia. Next, I assessed how two common marsh disturbances — natural ponding
and anthropogenic mosquito ditching — affect salt marsh carbon cycling and storage. Salt marsh
ponds deepen through soil erosion and decomposition of long-buried marsh peat. Further, the SOC
lost during pond development is not fully recouped once drained ponds are revegetated and
virtually indistinguishable from the surrounding marsh. Mosquito ditches, which were installed in
~90% of New England salt marshes during the Great Depression, did not significantly alter marsh
carbon storage. In Buzzards Bay, Massachusetts, a US National Estuary, we tested relationships
among measures of estuarine water quality, recreational activity, and local socioeconomic
conditions to understand how the benefits of cultural ecosystem services are affected by shifts in
water quality associated with global change and anthropogenic activity. Over a 24-year period,
water quality degradation coinciding with increases in Chlorophyll a is associated with declines in
fishery abundance and cultural ecosystem service values ($0.08 — 0.67 million USD). In
combination, incorporation of both anthropogenic and natural disturbances to coastal ecosystem
functioning and service delivery can produce improved estimates of ecosystem service valuation
for effective resource decision-making under future climate scenarios.

Thesis Supervisors: Dr. Amanda C. Spivak and Dr. Matthew A. Charette
Title: Associate Professor (University of Georgia) and Senior Scientist (Woods Hole
Oceanographic Institution)
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Chapter 1: Introduction

Coastal ecosystems provide crucial ecosystem goods and services, yielding economic
benefits and protecting human communities from the impacts of global change (Costanza et al.,
1997; Barbier et al., 2011). Natural and anthropogenic perturbations to these systems can result in
shifts in ecosystem functioning, interrupting the flow of services and diminishing the welfare of
local communities. Particularly, global change processes associated with rising sea-levels and
warming temperatures can correspond with declining carbon storage in salt marshes and decreased
water quality within coastal estuarine ecosystems that subsequently reduce ecosystem service
values. Resource management is a necessary step to protect these environments from current and
future disturbances and loss. To aid effective management of these valuable environments, my
thesis quantifies the alterations in coastal ecosystem biogeochemical functioning associated with
natural and anthropogenic disturbances and elucidates the subsequent impact on the delivery of
ecosystem goods and services.

The need to build connections between coastal ecosystem functioning and ecosystem
service delivery is becoming increasingly clear for resource managers and coastal biogeochemists
alike. The full gamut of ecosystem services provided by these environments hinges upon
biogeochemical processes such as nutrient uptake by plant productivity, tidal inundation and
sediment delivery, and soil accretion balanced by organic matter decomposition, among others
(Gedan et al., 2009; Barbier et al., 2011; Tobias and Neubauer, 2019). Perturbations of ecosystem
functioning can result in catastrophic steady state shifts resulting in an entirely different set of
ecosystem functions and services (Marani et al., 2010; Moffett et al., 2015); for example, a
vegetated salt marsh platform can undergo shifts to an unvegetated mudflat resulting in decreased
storm-surge buffering capacity and lowered carbon storage rates (Marani et al., 2007; Wang and
Temmerman, 2013). Yet, a barrier to making the connection between ecosystem functioning and
services to human populations is the dearth in long-term spatiotemporal environmental and
socioeconomic datasets and analysis that can demonstrate a directionality of ecosystem metrics to
human wellbeing over time. The expansion of these datasets and their interpretation can aid
resource decision-making and public communication of the importance in protecting and
enhancing these environments.

Salt marshes are located in coastal estuarine settings, representing a transition zone
between terrestrial and marine environments. Many of these ecosystems have been degraded or
lost due to human alterations (Cagador et al., 2016). Yet, these ecosystems remain highly
productive environments (Gedan et al., 2009; Barbier, 2015). Salt marshes have some of the
highest aerial rates of carbon storage, due to high marsh grass productivity and slow decomposition
within anoxic soils, allowing these systems to maintain elevation relative to sea-level rise (Chmura
etal.,2003; Ouyang and Lee, 2014). Characterizing in situ long-term natural decomposition within
salt marshes will be key to understanding and comparing how marsh disturbances impact SOC
decomposition, subsequent carbon storage, and marsh elevation maintenance.

Increasing sea-level rise rates and changes in hydrological management strategies can
catalyze the conversion of vegetated marsh interior habitats into open water environments through
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shallow pond development (Wilson et al., 2014a; Watson et al., 2017). However, it is unclear how
pond expansion processes alter the fate of long-buried carbon vital to marsh carbon storage
services. Ponds can have a dynamic life cycle whereby they form, deepen, drain, become
revegetated, and rapidly accrete soils, eventually returning to an elevation similar to the
surrounding marsh. However, it is unknown whether pond infilling to the elevation of the
surrounding marsh constitutes a full recovery of marsh ecosystem functioning (i.e. similar rates of
carbon accumulation and storage). The installation and maintenance of mosquito ditches in New
England has been largely successful in reducing permanently ponded areas on the marsh platform
(Kennish, 2001; Adamowicz and Roman, 2005; Riepe, 2010). Yet, management decisions often
involve a tradeoff between one set of ecosystem services and another set; the long-term net impacts
of ditches on marsh ecosystem functioning (e.g. plant productivity) and ecosystem service delivery
(e.g. carbon storage) remain unclear. A valuable tool for assessing the long-term changes in
ecosystem functioning and subsequent ecosystem service delivery is the salt marsh soil record that
captures decades to centuries of soil organic carbon burial and preservation. To this end,
understanding how disturbances — particularly salt marsh ponds and mosquito ditching - impact
salt marsh biogeochemical functioning is critical for refining their roles in coastal carbon budgets
and predicting future resilience.

Chapter 2, published in Geophysical Research Letters (Luk et al., 2021), characterizes soil
organic carbon within natural and disturbed marsh environments in Plum Island Ecosystems —
Long Term Ecological Reserve to understand the transformations in soil composition due to
natural and accelerated decomposition (Fig. 1a). The goals of this chapter were to:

1. Constrain decomposition rates in natural marsh settings and the resulting impact on the
composition of buried soil organic carbon (SOC).

2. Evaluate the role of decomposition during pond expansion and associated shifts in SOC
stability.

Chapter 3 aims to understand how ponds impact marsh carbon dynamics by constraining
the processes associated with pond expansion on the marsh platform. This chapter expands on
geochemical analysis conducted in Chapter 2 and benefits from the addition of soil cores to
quantify pond expansion processes and the implications on the fate of marsh carbon. The goals of
this chapter were to:

1. Assess the fate of carbon due to pond soil erosion and decomposition.
2. Quantify the overall impact of ponding disturbance to salt marsh carbon budgets.

Chapter 4 addresses the impact of the full pond life-cycle on marsh carbon cycling and
carbon storage ecosystem services. This chapter uses historical aerial photographs in Great
Barnstable Marsh, MA to identify infilling ponds on the marsh platform that offers insight into the
changes in carbon storage associated with pond recovery (Fig. 1b). The goals of this chapter were
to:

1. Evaluate changes in SOC composition, sources, and reactivity associated with pond
infilling and recovery on the marsh platform.
2. Quantify the overall impact of the pond life-cycle on marsh carbon accounting.
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Chapter 5 determines the net effect of mosquito ditching on marsh ecosystem functioning
(e.g. plant productivity, carbon burial), ecosystem services (long-term carbon storage), and future
survival. This study compares marsh ecosystem functioning and carbon storage services within the
ditched (60%) and unditched (40%) portions of Great Barnstable Marsh, MA (Fig. 1b). The goals
of this chapter were to:

1. Determine the short- and long-term impacts that ditching has on the spatial heterogeneity
of the marsh landscape (e.g. elevation, ponds) and soil composition (e.g. source, age,
thermal reactivity).

2. Quantify the net effect of mosquito ditching, with the inclusion of ponds and the presence
of ditches, on marsh carbon storage services.

Globally, coastal estuaries have experienced increases in coastal populations and rapid
development, making them especially susceptible to water quality degradation. Human activity in
the United States has led to an estimated six-fold increase in nutrient fluxes to coastal waters,
resulting in the moderate to severe degradation of two-thirds of the nation’s coastal waters
(Howarth and Marino, 2006). Further, alterations in ecosystem functioning within one type of
coastal ecosystem - such as salt marsh vegetation loss and reduced nutrient uptake capacity — can
propagate to adjacent coastal estuarine systems (e.g. increased eutrophication). Eutrophication
within estuarine systems can lead to acute hypoxia (low oxygen), reduced carbon sequestration,
increased mortality of shellfish, and losses in the economic value of ecosystem services. Through
long-term coastal water monitoring efforts, a deeper understanding of the historical relationship
between water quality and the supply of cultural ecosystem services can better equip policymakers
and resource managers with the capacity to design and implement effective strategies that could
enhance the overall sustainability of coastal systems (Halpern et al., 2012).

Chapter 6, published in Marine Pollution Bulletin (Luk et al., 2019), uses a long-term water
quality dataset with high spatial resolution to quantify changes in estuarine water quality and the
associated shifts in cultural ecosystem service benefits received by local communities (Fig. 1c).
Here, an economic benefits transfer framework was utilized to estimate changes in recreational
ecosystem service asset values associated with increasing water quality degradation. This chapter
was guided by the following research questions:

1. What are the long-term water quality and socioeconomic trends in Buzzards, MA?

2. Are there relationships between water quality trends and recreational permit sales and

cultural ecosystem service values?

Chapter 7 presents a summary of the results within this thesis. Decision-making informed
by an understanding of complex coastal biogeochemical processes based on long-term
environmental and socioeconomic datasets can help to demonstrate how changing environmental
factors can impact human wellbeing on local and global scales. This research encompasses the
fieldwork, lab analysis, and modelling necessary to measure in-situ coastal biogeochemical
processes that can be extrapolated to shifts in ecosystem functioning and service delivery.

17



NH NH NH

B 0 0

> > >

Figure 1. a) Location of Plum Island Ecosystem — Long Term Ecological Reserve (Chapter 2 and
3), MA b) Great Barnstable Marsh, MA (Chapter 4 and 5), and ¢) Buzzards Bay Estuary, MA
(Chapter 6).
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Chapter 2: Soil organic carbon development and turnover in
natural and disturbed salt marsh environments

ABSTRACT

Salt marsh survival with sea-level rise (SLR) increasingly relies on soil organic carbon
(SOC) accumulation and preservation. Using a novel combination of geochemical approaches, we
characterized fine SOC (<1 mm) supporting marsh elevation maintenance. Overlaying thermal
reactivity, source (8!°C), and age (F'*C) information demonstrates several processes contributing
to soil development: marsh grass production, redeposition of eroded material, and microbial
reworking. Redeposition of old carbon, likely from creekbanks, represented ~9%—17% of shallow
SOC (<26 cm). Soils stored marsh grass-derived compounds with a range of reactivities that were
reworked over centuries-to-millennia. Decomposition decreases SOC thermal reactivity
throughout the soil column while the decades-long disturbance of ponding accelerated this shift in
surface horizons. Empirically derived estimates of SOC turnover based on geochemical
composition spanned a wide range (640-9,951 years) and have the potential to inform predictions

of marsh ecosystem evolution.

This chapter was originally published in Geophysical Research Letters by American Geophysical
Union in 2021 and is reproduced here with permission.
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A. C. (2021). Soil organic carbon development and turnover in natural and disturbed salt marsh
environments. Geophysical Research Letters, 48, €2020GL090287.
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2.1 INTRODUCTION

Salt marshes maintain elevation in the tidal frame through rapid vertical accretion
supported by efficient burial of minerals and organic matter. Soil accumulation and preservation
support valuable ecosystem services (Barbier et al., 2011) and are critical to salt marsh survival
with increasing sea-level rise (SLR; Morris et al., 2002, 2016). Declining mineral inputs to certain
marshes (Weston, 2014) place additional importance on soil organic carbon (SOC) preservation.
Global climate change-induced disturbances are expected to increase SOC vulnerability to
decomposition, potentially leading to marsh subsidence (Pendleton et al., 2012; Spivak et al.,
2019). Characterizing SOC composition and reactivity and how those properties are changed by
decomposition is key to predicting future marsh sustainability and carbon storage.

Efficient SOC burial and preservation largely reflect high rates of primary production and
slow decomposition. Under anoxic conditions of marsh soils, decomposition is often
conceptualized as modified decay functions with labile and refractory compounds turning over on
time scales of months-to-years and centuries-to-millennia, respectively (Kirwan & Mudd, 2012).
Slow-cycling SOC is the critical component supporting carbon storage and elevation maintenance.
It is often estimated at 10%—20% of annual organic matter production and composed of
macromolecules such as lignin (Kirwan & Mudd, 2012; Morris & Bowden, 1986; Schile et al.,
2014). Recent evidence that environmental constraints on microbial communities limit
decomposition rather than intrinsic molecular recalcitrance (Lehmann et al., 2020; Marin-Spiotta
et al., 2014) suggests that marsh soils likely preserve a broad mixture of compounds with differing
reactivities. Assessing how decomposition changes the composition and reactivity of slow-cycling
SOC can provide insight into controls on preservation as well as potential for loss following
disturbances.

Rapid SLR and certain hydrological management practices have contributed to the
expansion of shallow ponds in many salt marshes (Adamowicz & Roman, 2005; Watson et al.,
2017). While permanently inundated ponds are natural features that can exist for decades before
draining and recovering (Mariotti et al., 2020), runaway expansion has been described as a
transitional state between healthy and drowning marshes (Kirwan & Murray, 2007; Ortiz et al.,
2017). Ponds typically form following disturbances that cause marsh vegetation dieback (e.g.,
waterlogging) and deepen through decomposition of underlying peat (Johnston et al., 2003; Spivak
et al.,, 2018). Ponds therefore offer a natural, decadal-scale experiment for evaluating how
disturbances that accelerate decomposition alter slow-cycling SOC.

We assessed how slow-cycling SOC composition and reactivity changes over decades-to-
millennia and in response to the disturbance of ponding in a temperate salt marsh. We hypothesized
that marshes bury a range of compounds with differing reactivities that derive from local
production but long-term decomposition results in a progressive homogenization and decrease in
SOC reactivity. Further, we predicted that the disturbance of ponding accelerates decomposition-
driven changes in SOC composition and reactivity. SOC reactivity, sources, and age were
characterized by overlaying thermal properties and isotopic composition (8'°C, F'*C). We
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estimated the turnover times of slow-cycling SOC by modeling changes in composition against
geochronologies developed from radioisotope-based age models and SLR reconstructions.

2.2 METHODS
2.2.1 Study Sites

We collected soil cores from three sites within the Plum Island Ecosystems — Long Term
Ecological Research (PIE-LTER) domain (MA, USA; 42.74°N, —70.85°W; Figure S1). The sites
are within marshes that formed prior to European settlement (Kirwan et al., 2011) and had similar
elevations (1.41-1.51 m North American Vertical Datum of 1988 [NAVDS88]) and high marsh
plant communities, dominated by Spartina alterniflora, S. patens, and Distichlis spicata, that are
typical of New England marshes (Redfield, 1972). Permanently inundated ponds within each site
had comparable depths (0.24-0.30 m) but varied in size (643-7,149 m?) and age (40-53 years;
Spivak et al., 2017, 2018). Paired soil cores were collected from the marsh platform (100 cm) and
a pond (50 cm) within each site; differences in core length reflected lower surface elevations in
the ponds relative to the marsh.

2.2.2 Bulk Soil Properties

Soil cores were sectioned at 1, 2, or 5 cm intervals, with higher resolution in the top 30 cm.
Soil water content (%) and bulk density (g cm™) were determined gravimetrically. Samples were
sieved (1 mm) to remove large roots. We focused on particles (<1 mm) passed through the sieve
that are consistent with functional definitions of slow-cycling fine SOC (Bruun et al., 2010;
Hemminga et al., 1988; Williams & Rosenheim, 2015). Samples were ball milled and ~90% were
fumed with hydrochloric acid and analyzed for bulk elemental (total organic carbon [TOC (%, kg
m™)]) and isotopic (8!°C, %0) composition. Carbon content of the remaining 10% was estimated
from a diffuse reflectance Fourier Transform Mid-infrared (FTIR) spectroscopy partial least
squares regression model (Janik et al., 2007). Partial least squares regression (PLSR) tests were
conducted using the pilsregress package in MATLAB with 5 components and 20-fold cross
validation to use FTIR to estimate TOC content (Janik et al., 2007). Using PLSR to estimate TOC
content using FTIR absorbance data resulted in an R? of 0.97 and RMSE of 0.85.

2.2.3 Bulk Soil Data Analysis

We compared bulk soil and elemental properties across three depths: (i) shallow marsh
rooting zone (0— 30 cm), (ii) intermediate marsh horizons (30—54 cm) that overlapped with pond
surface horizons (0—24 cm), and (iii) deep marsh (54-77 cm) and pond (24-50 cm) horizons.
Means and standard errors (SE) of soil properties were calculated in 6 cm increments. Based on
results from the Kolmogorov-Smirnov goodness-of-fit hypothesis test, water content, dry bulk
density, and TOC were log-transformed prior to statistical analyses to meet assumptions of
normality. Marsh and pond cores across the three sites were used as independent replicates to
conduct one-way analysis of variance tests, which were used to detect differences within the three
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depth zones of marsh and pond soils separately, and between marsh and pond downcore profiles
at corresponding 6 cm increments based on elevation.

2.2.4 Thermal Reactivity and Carbon Isotope Measurements

SOC thermal properties and reactivity indices were characterized through ramped pyrolysis
oxidation (RPO) for horizons representing key parts of the soil profiles, including the marsh and
pond surface, base of the marsh rooting zone, and deeper horizons representing carbon buried for
more than 100 years. Homogenized samples (~6 mg) were heated to 1,000°C at a rate of 20°C
min"! (Rosenheim et al., 2008) and the evolved carbon dioxide (CO>) was measured by a flow-
through infrared gas analyzer. Thermograms were constructed by plotting CO2 concentrations
versus temperature. Samples were not acidified as inorganic carbon content was <0.04% of TOC.
Analyses were conducted at the National Ocean Sciences Accelerator Mass Spectrometry Facility
(MA, USA).

We further analyzed CO2 evolved via RPO for 8'*C and F!*C composition (McNichol et
al., 1994; Reimer et al., 2004) from one representative marsh and pond site. The CO, fractions
were collected over five temperature intervals; there were three low (200°C—465°C) and two high
(465°C-650°C) temperature CO, fractions. The isotopic composition of evolved CO2 was
analyzed for at least three of the five fractions, capturing ~70% of TOC within a soil horizon.

2.2.5 Thermal Reactivity and Isotope Data Analysis

We evaluated SOC thermal reactivity within and between marsh and pond environments
by calculating ratios of CO2 evolved at low versus high temperatures (hereafter, peak ratio) and
thermal activation energies (supporting information 2.5). Peak ratios were determined by
normalizing the area under the low (200°C—465°C) versus high (465°C—-650°C) temperature peaks
of the thermograms. The theoretical activation energy (Ea kJ mol!) and blank contamination
correction were calculated using the Python package rampedpyrox (Hemingway et al., 2017a,
2017b). The mean and SE of peak ratios and Ea were calculated across 25 cm increments based
on elevation.

2.2.6 Age Models

Soil horizon ages across all sites were constrained with several inputs in order to
conservatively model turnover times. Post-1900 accretion rates were calculated using 2!°Pb
constant initial concentration (CIC) and continuous rate of supply (CRS) models with radioisotope
activities measured on planar-type gamma counters (Canberra Inc., USA). Contemporary rates of
SLR, from a local tide gauge (Boston 8443870, 2.83 + 0.15 mm year!), provided an age constraint
for the past century based on the assumption that the marsh kept pace with SLR (Appleby &
Oldfield, 1978; Pennington et al., 1976). For pre-1900 horizons, we extended CIC 2!°Pb-based
accretion rates deeper in the soil profile, while upper age limits were constrained with late-
Holocene SLR (0.6 + 0.1 mm year! and 0.9 + 0.2 mm year!; Engelhart et al., 2009; Gonneea et
al., 2019), and glacial isostatic adjustment (1.2 mm year!; Peltier et al., 2015). Age models were
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not developed for the ponds due to the violation of steady-state assumptions as 2!°Pb inventories
suggested erosion (supporting information 2.6).

2.2.7 Soil Turnover Models

We estimated turnover times of fine SOC in the marsh platform using a depth-for-time
substitution where downcore changes in carbon concentration were modeled against
geochronology. First, across all marsh sites, a one-pool model captured changes in total fine SOC
concentrations and a two-pool model was developed from persistent low-temperature and high-
temperature thermogram peaks. We expanded to a five-pool model based on thermal and isotopic
data at one site suggesting at least five compositionally distinct SOC pools. For the two-pool and
five-pool models, carbon concentrations within each consecutive pool were defined as the amount
of CO2 evolved over discrete increasing temperature intervals within the thermogram.

Ui(t) = Uinitial,i - M xt ift< Lroot (1)
root
fori =1: dxéft) =U; (t) - %i xxi(t) 2)
fori >1: dxcll—ft) =U; (t) + (r,-_1 ) x%H X X;_ (t) - %i xx,-(t) 3)

Turnover in the first pool (i = 1) is described as first-order kinetics dictated by the carbon
concentration of the pool (x) at a given time obtained from the age models (¢), linear input (U)
during the time within the rooting zone (froot), and turnover time (z; Equations 1 and 2; Manzoni
et al., 2009). Subsequent pools (i > 1) are a linear series, where a fraction (7;-;) of decomposed
material from the previous pool is transferred to the next pool (Equation 3).

Parameterization of turnover rate (7 ), fraction transferred (r;), initial input (Uiniriasi), and
initial pool masses (xg,;) with associated uncertainties were determined by sequentially fitting each
pool to a uniformly sampled Latin Hypercube (https://github.com/sheronyl/SOCDecayModel).
Carbon input (U) is described as an initial input (Uinitial) at t=0, which decreases linearly to zero
with time within the rooting zone (#,.0/) defined as 80 years (i.e., 25 cm rooting zone; Eq. 1). Model
fits were defined by minimizing root mean squared error (RMSE) and the linear fit incorporating
age uncertainty between observed and modelled pool masses (x). Based on the fit criteria, a random

sampling of 100 parameter sets from the previous pool was run in combination with the subsequent
pool. The best fit model was determined with the mean age of each soil horizon and minimizing
RMSE across pools (SI Table S6).

2.3 RESULTS
2.3.1 Bulk Soil Properties

Bulk soil properties changed with depth and differed between the marsh and ponds. In the
marsh, water and TOC content (% and kg m™) decreased while bulk density increased with depth
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(Figure 1). Pond soil properties were less variable across depths, with the exception of TOC (%)
which decreased slightly. Marsh soils were generally drier and had higher bulk densities than the
ponds (Figures la and 1b, Table S1). Marsh and pond soils had similar TOC densities (kg m™),
except in pond surface horizons where lower concentrations reflected lower bulk densities (Figure
1d, Table S1). Bulk TOC content informed the one-pool turnover model.

2.3.2 SOC Reactivity

There was a bimodal distribution of CO2 evolved during RPO with low (371°C £4°C) and
high (530°C + 4°C) temperature peaks separated by a minimum at 465.5°C + 2.4°C (Figures 2a—
2g). Peak ratios decreased while Ea increased with depth in marsh soils (Figures 2h and 2i),
indicating a shift toward lower thermal reactivity. Pond surface horizons had lower peak ratios and
higher Ea values than the marsh (~1.2 m NAVD&S), but the reactivity indices converged toward
similar values in both environments at ~1 m elevation (Figures 2h and 2i, Table S2). The bimodal
thermogram distribution across soil depths suggests the presence of at least two distinct fine SOC
pools and was the basis of the two-pool turnover model.

2.3.3 SOC Sources and Ages

The 8'*C-CO, values associated with different temperature intervals spanned a wider range
than bulk SOC (Figure 3). The §'*C-CO; of the low-temperature peak (—15.5 & 0.2%o) was similar
to bulk soils (—15.0 = 0.3%o), while the high-temperature peak was more enriched (—13.8 + 0.2%o).
These data are consistent with emergent grasses as the main carbon source to marsh and pond soils
(Spivak & Ossolinski, 2016) with variation between peaks suggesting differences in molecular
composition (Benner et al., 1987).

Radiocarbon (F'*C) values were highest in CO; fractions evolved at lower temperatures,
reflecting more modern inputs, and decreased with higher temperatures (Figure 3, Table S5). This
trend was clearest within the marsh (0—26 cm) and pond surface horizons (0—2 cm), where modern
values were expected. These data indicate that old, marsh derived, and thermally stable carbon
represent substantial components (9%—17%) of shallow horizons. Overlaid thermal reactivity,
source, and age data point to at least five compositionally distinct fine SOC pools and were the
basis of the five-pool turnover model.

2.3.4 Soil Age Models

Mean soil accretion rates from the CRS and CIC models for contemporary (post-1900s)
deposition were 4.64 + 0.38 mm year™! and 2.47 + 0.39 mm year!, respectively (Luk et al., 2020;
Table S3). Horizons deeper than 28 cm reached the limitation of 2!°Pb dating (pre-1900s).
Conservative age estimates for the deepest horizon (80 cm) ranged from 219 years to 1,194 years
(Table S4).

2.3.5 Marsh SOC Turnover Models

24



The one-pool model, based on TOC content, yielded a best fit turnover time of 750 years
(Figure 4a). This was similar to rates calculated from the two-pool model, which was based on the
low-temperature and high-temperature peaks in the RPO thermograms (640 and 1,251,
respectively; Figure 4b, Table S6). The five-pool model, based on geochemical composition
(Figure 3), captured a broader distribution of turnover times, ranging from 1,011 years to 9,951
years, with generally faster rates for the first and second pools (Figure 4c, Table S6). Fitting one-
pool and two-pool models across the three marsh sites resulted in similar goodness-of-fit statistics,
which were higher than the five-pool model at the one marsh site; this was due, in part, to lower
data densities (Table S6). These results highlight the continuum of fine SOC turnover times.

2.4 DISCUSSION
2.4.1 SOC Composition

Soils in this New England salt marsh buried compounds with a range of thermal properties
and 8'°C values indicating that they derived from marsh grasses (Figures 2 and 3; Spivak &
Ossolinski, 2016). The wider range of !°C-CO, measured across the thermograms, compared to
bulk soils, likely reflects differences in the isotopic composition of compounds synthesized by
marsh grasses (Figure 3). For instance, S. alterniflora is rich in cellulose and hemicellulose (~70%,
—11.5%0) with lower levels of lignin (4%—-9%, —17.4%o) and other compounds, such as lipids,
carbohydrates, and amino acids (~22%, —16.2%o; Figures 2 and 3; Benner et al., 1987).
Compounds in this latter group are likely decomposed rapidly, with contributions attenuating with
depth. The 8'3C-CO: values suggest that there was not a clear separation between compound
classes across temperature intervals, potentially reflecting overlapping thermal properties as well
as microbial reworking and aggregate formation (Figure 3; Bruun et al., 2010). Work in terrestrial
soils consistently shows an enrichment in 8°C of 2%0—4%o0 along gradients of increasing
decomposition (Sollins et al., 2006) and thermal stability (Sanderman & Grandy, 2020). It is
unlikely that measured 8!*C-CO; values are methodological artifacts, as they spanned a greater
range than predicted by kinetic fractionation and enrichment did not increase monotonically with
temperature (Figure 3; Hemingway et al., 2017b). This result highlights that thermal properties
provide an index of reactivity that may not reflect bioavailability, which depends on environmental
conditions, among other factors (Bulseco et al., 2019, 2020; Lehmann et al., 2020).

Although salt marshes are efficient carbon sinks, SOC stocks are spatially heterogeneous
(Ouyang & Lee, 2014). Compared to this New England marsh, thermogram complexity, TOC%,
and Ea were lower in a Gulf of Mexico marsh with similar grass communities (Williams &
Rosenheim, 2015). Factors contributing to these differences are unclear but applying thermal and
isotopic characterization approaches more broadly may provide insight into controls on marsh
SOC preservation (Lehmann et al., 2020).

The F'*C values within and across depth horizons reveal multiple processes contributing
to marsh soil development (Figures 3a—3e). In shallow horizons (0-26 cm), new production was
an important component of lower temperature CO?2 fractions while F!*C values of <1 at higher
temperatures suggest either redeposition of eroded creekbank carbon or microbial recycling
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(Figures 3a and 3b). The effects of microbial reworking on F'*C are likely minor in surface
horizons, due to rapid vertical accretion (Table S3). This relatively old, thermally stable fraction
represents ~9% of surface (0—2 cm) and 17% of deeper (24—26 cm) SOC, which is consistent with
previous estimates based on creekbank erosion in this system (Figures 3a and 3b; Hopkinson et al.,
2018). Since redistribution of previously buried soils contributes to accretion, current SOC storage
estimates are likely upwardly biased. Redeposition of eroded soils may become increasingly
important in maintaining marsh elevation with SLR (Hughes et al., 2009) and accounting for
spatial recycling of carbon will be key for refining carbon budgets.

2.4.2 SOC Turnover Under Natural Conditions

Marsh soil profiles are consistent with long-term alteration due to decomposition, rather
than changes in autochthonous versus allochthonous inputs. Increasing bulk densities and
decreasing water and TOC content below the rooting zone (0—28 cm) suggest loss of organic matter,
compaction, and dewatering (Figure 1). Decreasing thermal reactivity with depth (Figures 2h and
21) coincided with a small 8'*C-CO; enrichment across CO» fractions (Figures 3a—3e). It is difficult
to ascertain whether the preferential loss of specific compounds (i.e., Benner et al., 1987) or
microbial reworking and development of microbial derived residues contributes to 8'3C-CO;
enrichment and homogenization of F*C values with increasing soil depth (Figure 3, Gleixner et
al., 2002; Trumbore, 1997, 2009). Transitions in dominant vegetation associated with ecosystem
evolution (Kirwan et al., 2011) would have a small effect on our results since S. alterniflora, S.
patens, and D. spicata have similar biochemical compositions (Cristina et al., 2018; Haddad &
Martens, 1987; Wilson et al., 1986). Thus, the anoxic environment of marsh soils enhances
preservation but does not completely inhibit microbial alteration of SOC.

Quantifying SOC loss alongside geochronometers can constrain turnover times that are
difficult to measure experimentally. The best fit rates from the one-pool, two-pool, and five-pool
models span a broader range (640-9,951 years; Figure 4, Table S6) than applied by some marsh
evolution models (200-1,000 years; Day et al., 1999; Kirwan & Mudd, 2012). Our one-pool model
describes continuous loss of SOC, while the five- pool model predicts accumulation of the more
thermally stable SOC, due to slower turnover and increased transfer (7;-;) over time (Figure 4,
Table S6). The five-pool model therefore describes important mechanisms contributing to SOC
preservation and marsh elevation gain that are not captured by the one-pool model. The two-pool
model offers a compromise between the simple and more complex model, as it captures a thermally
stable pool, which turns over 49% slower than the more reactive pool and 40% slower than the
one-pool model (Table S6). Expanding ecosystem evolution models to include different turnover
rates of fine SOC pools has the potential to improve predictions of marsh persistence, in the
absence of disturbances.

2.4.3 Disturbances Alter SOC Reactivity

Decades following emergent grass dieback and submergence led to pond surface soils with
different characteristics than the adjacent marsh. Collapse of marsh grass roots and water infilling
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of pore spaces contributed to higher water content, lower bulk densities, and initial subsidence
(Figure 1, Chambers et al., 2019). Pond surface soils characterized with F!*C < 1 and 8'*C values
similar to marsh soils at the same elevation (1.17 m; Figures 3b and 3f) are consistent with limited
accumulation of recent production from submerged plant and algal communities and imply that
ponds do not trap exported detritus (Figure 3; Spivak et al., 2017). Moreover, the convergence in
marsh and pond SOC reactivity at depth (<1 m NAVDS88) (Figure 2) supports our comparative
approach.

Over time, decomposition becomes an increasingly important mechanism driving pond
deepening, as microbes assimilate buried peat and high respiration accounts for SOC loss (Spivak
etal., 2017, 2018, 2020). Oxic surface waters during the day and benthic microalgal exudates may
prime degradation of older, complex macromolecules (Fontaine et al., 2007; Spivak et al., 2017).
Conditions favoring decomposition are confined to surface horizons due to limited gas diffusion
and inhibition of bioturbating fauna by nighttime hypoxia (Spivak et al., 2017). Accordingly, Ea
was greater in pond surface horizons than in deeper layers, and compared to the marsh at similar
elevations (Figure 2i), but converged at depth (<1 m NAVDS88) with the surrounding marsh.
Progressive 8'3C-CO; enrichment with depth suggests that microbial reworking still occurs under
less favorable, waterlogged conditions, but with limited effects on thermal reactivity (Figures la,
2h, 2i, and 3f=3i). Disturbances leading to pond formation therefore facilitated loss and shifts
toward lower thermal reactivity of surface SOC, which could potentially slow progressive
deepening.

2.5 CONCLUSION

We identified at least five geochemically distinct fine SOC pools (Figure 3), suggesting
that slow-cycling marsh organic matter is more complex than typically conceptualized. By
modeling downcore changes in fine SOC against soil geochronometers, we generated some of the
first empirical estimates of turnover times (Figure 4). Carbon reactivity, source, and age described
multiple processes contributing to soil development: new production, erosion and redeposition,
and microbial reworking. Long-term decomposition and disturbances that accelerate
decomposition (e.g., ponding) result in an accumulation of SOC with lower thermal reactivity.
Further characterization of molecular composition within abiotic (e.g., redox) and biotic (e.g.,
microbial communities and carbon use efficiency) contexts may improve understanding of controls
on decomposition and spatial variability in marsh SOC storage (Spivak et al., 2019). Broader
application of these geochemical approaches has potential to enhance understanding of
preservation under different environmental settings and inform marsh ecosystem evolution models
and service valuation.
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Figure 1: (Top) Marsh and pond soil (a) water content, (b) bulk density, and (c and d) TOC
content at 6 cm increments and (bottom) within pooled depth zones: (i) shallow marsh (0-30
cm), (ii) intermediate marsh (30—54 cm) and shallow pond (0—24 cm), and (iii) deep marsh (54—
77 cm) and pond (24-50 cm). Data represent means and SE; uppercase letters indicate zones are
significantly different (p < 0.05) within marsh and pond soils, separately (supporting information
2.3). TOC, total organic carbon; SE, standard error.
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Figure 2: Thermograms of the mean and SE of CO2 evolved from marsh and pond horizons at

similar elevations (a—g) were used to calculate two thermal reactivity indices, low-temperature
versus high-temperature peak ratios (h) and activation energy required to combust SOC (i). SE,

standard error; SOC, soil organic carbon.
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Figure 3. Thermal properties, sources (8'°C), and ages (F'*C) of marsh (a—¢) and pond (f-i) SOC
at one site. Dotted bars are F'*C values for CO» fractions collected over a temperature interval

(bar width) with associated analytical error. The 8§!'*C-CO, from fractions are indicated in red.

Pond and marsh horizons were paired by elevation (NAVDS88, m); soil depth and bulk soil §'3C
are in parentheses. NAVDS88, North American Vertical Datum of 1988.
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Figure 4. Turnover times estimated by (a) one-pool and (b) two-pool models for all marsh sites
and (c) a five-pool model for one marsh site. Measured CO2 concentrations (dots) from
compositionally distinct fine SOC CO2 fractions were modeled against soil age estimates in

years. Dashed lines are modeled turnover times. Inset lists the best fit rate and range for each
modeled pool (Table S6). SOC, soil organic carbon.
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SUPPLEMENTARY TABLES AND FIGURES

Table S1: Marsh and pond soil properties. Mean values are listed followed by the SE in
parenthesis. Differences between marsh and pond properties within an elevation (m NAVDS8S8)
horizon were detected with one-way ANOV As; significant differences are denoted by bolded
text (p<0.05). Data are presented in Fig. 1.

c\(?llftteerft Bulk density TOC TOC
(%) (g em™) (%) (kg m?)

Elevation Marsh Pond Marsh Pond Marsh Pond Marsh Pond

740 825 030 018 12.1 152 348 269

LB-LIS g 60 0.9 0.03) 0.02) (08 (09 (24) (1.6)
L0100 729 792 032 022 124 141 347 312
N 2.6) (1.3) (0.04) (0.01) (1.6) (1.0) (2.1) (3.3)
Lol1oa 689 714 035 035 102 94 312 301
B 2.6) (2.7) (0.04) (0.05) (1.4) (1.8) (1.6) (3.8)
095.007 663 758 039 027 83 101 267 242
7o (3.4)  (3.1) (0.06) (0.04) (13) (1.6) (1.8) (1.8)
089.09] 618 764 046 027 62 94 27 229
07 1.7)  @.1) (0.05) (0.04) (0.5 (1.3) (1.7) (1.4)
083085 669 742 037 029 77 117 273 324
057 (1.8)  (1.7) (0.03) (0.02) (0.8) (1.5) (13) (2.8)
075.073 664 789 038 023 79 108 229 250
o 6.9) (0.9 (0.10) (0.01) (3.6) (0.6) (3.6) (2.4)
070.07] 658 788 039 020 68 106 227 207

@7 (1.7) (0.08) (0.02) (2.4) (0.4) (42) (1.5)
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Table S2. Low : high temperature peak ratios for the three marsh and pond sites. Values are the
mean and SE in parentheses; significant differences within an elevation (m NAVD88) horizon

are denoted by bolded text (p<0.05) based on one-way ANOV As.

Peak ratio

Elevation Marsh Pond

148 2.40 (0.30)

123 2.00 (0.10) 1.33 (0.08)
098  1.68(0.14) 1.56(0.19)
0.73  1.57(0.15) 1.63(0.18)
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Table S3: Mean and SE vertical accretion rates (AR; mm yr!) for the three marsh platform sites

using the CRS and CIC models.

Site CRS CIC

1 4.06 (0.48) 1.90 (0.49)
2 3.47(0.52) 2.61 (0.91)
3 6.40 (0.90) 2.91 (0.56)

Average  4.64 (0.38) 2.47(0.39)
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Table S4: Conservative age ranges for soil depths analyzed by RPO for the three marsh sites.
Minimum and maximum ages for horizons prior to 1900 were obtained from the extended CIC
model, RSLR, and GIA rates. Ranges for 1900 onward were selected from the CIC and CRS
219Pb age models and relative sea-level rise from the Boston tide gauge. Missing values (NaN)
for Site 1 and 2 are due to the higher resolution of RPO horizons for carbon isotopic analysis at

Site 3.

Site
Depth (cm) 1 2 3
0-2 3-5 3-8 3-6
24-26 NaN NaN 59-105
28-30 NaN NaN 69-122
30-34 129-294 88-180 101-153
48-54 229-774 156-614 141-433
75-80 317-1,194  230-1,134  219-973
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Table S5: Soil horizon ages based on carbon isotopes (F'*C and '*C Age) and reconstructions
from 2!°Pb and RLSR models. Results are presented for marsh and pond cores selected for
further isotopic analysis and are the basis for the five-pool model. Marsh and pond horizons

ordered by elevation and temperature fractions (F).

4C Soil Age
14 A
K (F*C) C Age Reconstruction
1 1.03 >Modern 3 -6
2 1.02 >Modern 3 -6
1.41m
(0-2cm) 3 1.01 >Modern 3 -6
4 1.01 >Modern 3 -6
5 0.98 175 + 30 3 -6
1 1.00 40 £ 15 59 -105
1.17m
(24- 2 0.99 65+ 15 59 -105
26cm)
5 0.89 915+ 20 59 -105
~ 1 0.97 255+ 15 69 - 122
N
= 2 097  285+15 69 - 122
2 1.13m
(28- 3 0.94 530 + 20 69 - 122
30cm)
4 0.92 695 + 25 69 - 122
5 091 750 + 30 69 - 122
1 0.96 315+£20 141 -433
0.93m
(48- 2 0.97 250 £ 15 141 -433
50cm)
5 0.96 390 + 20 141 -433
1 0.97 285+ 15 219 -973
0.66m
(75- 2 0.96 305+ 20 219 -973
77cm)
5 0.95 455 £ 20 219 -973
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Pond

[.17m
(0-2cm)

1.13m
(4-6¢cm)

0.93m
(24-
26¢cm)

0.70m
(47-
50cm)

0.99
0.99
0.92
0.96
0.96
0.90
0.96
0.96
0.94
0.96
0.96
0.96

55+15
100 + 15
650 + 15
340+ 15
310+ 15
870 £ 15
320+ 15
320+ 15
475+ 20
350+ 15
340+ 15
375+ 20

59 - 105
59 - 105
59 - 105
69 - 122
69 - 122
69 - 122
141 -433
141 -433
141 -433
219 -973
219 -973
219 -973
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Table S6. Parameter estimates for the one-, two-, and five-pool models. The best fit model
parameters (best fit) and error ranges (min and max) were obtained by minimizing RMSE and
accepting model parameters where the linear regression fit between observed and predicted had a
slope and intercept of 1 = SE and 0 + SE, respectively. Parameter ranges set within the model

are provided (model range). Fit statistics (RMSE) of the best fit model are provided for each

pool.
One Pool Model: All Marsh Sites
Best fit Min Max Model range
x01 151 71 231 1-300
T1 750 381 9,991 0.5-10,000
inputl 0 0 2 0-3

Fit Statistics
Pool RMSE
1 41.3

Two Pool Model: All Marsh Sites

Best fit Min Max Model range
x01 102 85 104 75 - 140
x02 43 40 49 20-50
Tl 640 601 1,140 0.5 -10,000
17 1,251 350 2,851 0.5 -10,000
inputl 0 0 0 0-3
input2 0 0 0 0-3
r2 0 0 1 0-1

Fit Statistics
Pool RMSE

1 25.8
2 16.2
Total 42.0
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Five Pool Model: One Marsh Site

Best fit Min Max Model range
x01 49 49 53 45 - 55
x02 35 35 42 35-50
x03 19 19 20 19 -22
x04 15 14 15 15-Dec
x05 14 13 14 13-15
Tl 1,011 1,011 2,211 0.5 -10,000
1% 5,351 600 5,950 0.5 -10,000
T3 2,201 1,301 9,850 0.5 -10,000
T4 3,401 1,701 9,800 0.5 -10,000
5 9,951 2,351 9,951 0.5 -10,000
inputl 0 0 0 0-3
input2 0 0 0 0-3
input3 0 0 0 0-3
input4 0 0 0 0-3
input5 0 0 0 0-3
r2 0 0 1 0-1
r3 1 0 1 0-1
4 1 0.5 1 0-1
5 1 0.5 1 0-1

Fit Statistics

Pool RMSE
1 14.9
2 8.6
3 4.7
4 3.2
5 1.8

Total 33.3
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Figure S1: Map of the three sites (42.738139°, -70.847129°) and paired ponds (blue dots) within
PIE-LTER (Spivak et al., 2018).
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Chapter 3: The inclusion of ponds in the lateral and vertical
variability of marsh carbon storage

ABSTRACT

Disturbances to salt marsh ecosystem functioning have the potential to contribute
uncertainty in regional-to-global estimates of tidal wetland carbon stocks. The expansion of
shallow ponds within salt marshes are linked with certain resource management strategies and sea-
level rise. We characterized pond and marsh soil composition, sources, and reactivity in a
mesotidal marsh in New England to determine how ponds affect carbon dynamics on the marsh
platform. Differences in soil composition between ponds and the adjacent marsh are consistent
with the shifts from emergent to submerged environment, primary producer communities, and
accelerated microbial decomposition. Accumulation of more detrital organic matter, determined
by hydrocarbon composition and thermal reactivity proxies, in pond surface soils compared to the
marsh indicate decomposition of long-buried marsh organic carbon. We calculated the
contribution of erosion (35 — 38%) and decomposition (22 — 33%; 32 — 132.8 g C m2 yr'!) to soil
carbon loss during pond deepening over the past 38- 52 years that play a role in surficial pond soil
dynamics. Accounting for ponds in salt marsh carbon accounting for our study site led to a 5%
difference in carbon budget estimates. This difference increased for microtidal marshes
experiencing greater ponding aerial extents, highlighting the need to include spatial heterogeneities
within the marsh platform during marsh carbon accounting. Constraining the influence of pond
features within the salt marsh landscape as well as processes that contribute to pond development

can therefore help refine marsh soil carbon budgets and ecosystem services.
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3.1 INTRODUCTION

Disturbances to salt marsh ecosystems have the potential to alter important ecosystem
functions (e.g. primary productivity, nutrient utilization) and the subsequent delivery of valuable
marsh ecosystem services to human populations (e.g. carbon storage, storm surge buffering).
Increasing sea-level rise rates and changes in hydrological management strategies can catalyze the
conversion of vegetated marsh interior habitats into open water environments through shallow
pond development (Wilson et al., 2014a; Watson et al., 2017). However, it is unclear whether
ponds impact the structure and functioning of the surrounding salt marsh and how pond expansion
processes alter the fate of long-buried carbon vital to marsh carbon storage services. Through
understanding how ponds have impacted historical and current marsh carbon accumulation and
the fate of carbon associated with pond expansion, we can better constrain the impacts of these
marsh features on ecosystem functioning and estimates of tidal wetland carbon stocks.

Salt marsh ponds expand on the marsh platform through increased waterlogging of marsh
soils, loss of emergent grass species (e.g. Spartina alterniflora) that contribute to high rates of
marsh carbon burial, as well as potential export of buried soil organic carbon via pond erosion and
decomposition (Adamowicz and Roman, 2005; Mariotti, 2016; Luk et al., 2021). The mechanism
of pond-deepening, via physical erosion or organic matter decomposition, has different
implications for the fate of salt marsh carbon. Eroded salt marsh soil carbon may be redistributed
within the marsh environment (Hopkinson et al., 2018; Luk et al., 2021), exported to coastal bays
and oceans, or respired and lost as CO; (g) or dissolved inorganic carbon (DIC). Alternatively, in
situ decomposition of long-buried marsh soils as ponds deepen and expand results in the export of
carbon as DOC, DIC lateral flux and pCO; evasion (Childers et al., 2000; Tobias and Neubauer,
2019). These potential soil loss processes within ponds occur alongside accretion of the
surrounding marsh platform that contribute further to additional pond deepening. Characterizing
and quantifying the importance each process plays during pond development can aid future
predictions of soil carbon dynamics within marsh evolution models.

Previous studies of salt marsh ponds focused on surficial soil dynamics and found that
these features are biogeochemically distinct within the marsh environment, particularly with
respect to carbon cycling (Spivak et al., 2017, 2018; Luk et al., 2021). In comparison to the
surrounding marsh dominated by emergent marsh grasses, pond surface soils are characterized
with submerged plants (Ruppia maritima) and active bacterial communities that decompose
multiple carbon sources coinciding with a higher concentration of thermally stable soil organic
carbon (SOC) (Spivak et al., 2018; Luk et al., 2021). Current estimates of pond decomposition
rates (11-172 g C m? yr'!; Spivak et al., 2018, 2020) were approximated using techniques that
include seasonally-averaged soil DIC fluxes and whole-pond dissolved oxygen fluxes. These
measurements come with the caveats of deriving long-term decomposition rates from short-term
(months — year) water column O: fluxes and DIC sediment profiles; decomposition via sulfate
reduction would not be captured by dissolved oxygen fluxes and respiration rates based on
porewater DIC profiles are a net total of sediment processes that could potentially result in
underestimating decomposition (Spivak et al., 2017, 2018).
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Characterization of soil records of ponds and the adjacent marsh landscape through
measurements of bulk soil composition, lipid biomarkers, and soil organic carbon thermal
reactivity can provide additional insight into long-term pond decomposition process as well as
potential gradients in organic matter inputs, reactivity, and decomposition in the marsh landscape
(Canuel and Martens, 1993, 1996; Canuel et al., 1997). Measurements of multiple lipid biomarker
classes from fatty acids to hydrocarbons - representing fresh, recently senesced to detrital material,
respectively - can address finer-scale shifts in the sources and reactivity of long-buried marsh
carbon associated with pond deepening (Canuel et al., 1997; Bianchi and Canuel, 2011). Thermal
analyses of bulk soil organic carbon (SOC) can be utilized as a proxy of SOC reactivity to assess
SOC stability and decomposition patterns (Rosenheim et al., 2008; Plante et al., 2011; Williams
and Rosenheim, 2015). Differences in surface to deep soil properties within ponds (e.g. decreased
carbon content, increased accumulation of thermally stable SOC and detrital material) compared
to the surrounding marsh can reveal pond decomposition processes that have altered long-buried
marsh soils and directly exported soil carbon out of the marsh system. If differences exist, an
additional unknown is whether ponds simply represent isolated biogeochemical features or the
presence of an inundated pool on the marsh platform propagates outward into adjacent marsh soils,
contributing to larger-scale marsh ecosystem spatial variability. Soil records capturing potential
relationships with distance from and within pond features provide characterizations of vertical
pond soil properties pertinent to regional carbon stock assessments and the potential lateral
influence of ponds in the upper meter of the marsh platform.

In this study, we aim to understand 1) whether ponds impact soil carbon dynamics of the
surrounding marsh soils and 2) tease apart the soil processes that play a role in pond deepening
and how it may alter the fate of carbon within the system. Firstly, to understand whether ponds
affect the structural integrity of the surrounding marsh and how far that signal may propagate, we
characterized soil characteristics that we expected to demonstrate changes in marsh integrity (e.g.
elevation, bulk density, accretion rates, and carbon content) at differing distances from ponds.
Secondly, we analyzed pond soil records using bulk soil properties, lipid biomarkers, and indices
of thermal reactivity to understand longer-term pond soil processes associated with shifts in
organic matter inputs, decomposition, and soil erosion. Finally, we used radioisotope diffusion-
migration and simple wave-driven erosion models to assess the relative contributions of erosion
and decomposition via pond deepening and how this balance may impact whole-ecosystem carbon
budgets. We hypothesized that downcore soil properties would differ within the ponds compared
to the vegetated marsh, reflecting the inundated nature of the marsh soils, shifts in marsh vegetation,
and increased soil organic matter decomposition. Further, we posit that both organic matter
decomposition and erosion equally contribute to pond deepening, demonstrating an additional
carbon loss pathway and source of uncertainty within the overall salt marsh carbon budget.

3.2. METHODS
3.2.1 Study location and sample collection

45



We focused on three ponds and the surrounding high marshes within the Plum Island
Ecosystems — Long Term Ecological Research (PIE-LTER) project site (Fig. 1). The three ponds
have similar depths (0.24 - 0.30 m) and were previously characterized for ecological and
biogeochemical processes describing metabolic rates (Spivak et al. 2017, 2018, 2020). The
marshes surrounding the ponds are at similar elevations (1.41 — 1.51 m North American Vertical
Datum of 1988 [NAVDS88]) and dominated by S. patens, S. alterniflora, and Distichlis spicata
grasses. At each of the three sites, we collected one pond soil core (60 cm) and two marsh soil
cores (90 cm) that were 10 - 12 m (core M1) and 20 - 29 m (core M2) away. Sampling distances
reflected the goal of capturing spatial gradients that reflect zones with lesser (M2) or greater (M1)
pond influence (e.g., transitions from S. alterniflora to D. spicata) and were physically constrained
by tidal channels and mosquito ditches. There were not significant differences in elevations
between the M1 and M2 marsh environments.

Soil cores were collected in the Summer — Fall of 2014 and were kept cold until processing
within 1- 2 days. Cores were split lengthwise with one half sectioned at 1-2 cm intervals (bulk
properties, elemental composition, radioisotope activities) and the other half at 2-5 cm (organic
matter composition), with greater resolution in surface horizons. Sampling resolutions reflected
our expectation that compositional changes would be concentrated in pond surface horizons,
particularly within the R. maritima rooting zone (0-10 cm), and that physical changes in the marsh
platform caused by ponding would be evident in horizons that overlapped with pond surface waters
(i.e., 0-30 cm). The lower resolution of organic matter characterizations also reflected the time
intensive nature and costs associated with these analyses.

3.2.2 Bulk soil properties and elemental composition

Soil bulk density (g cm™) was determined gravimetrically by drying to constant mass (60 °C).
Soils were then sieved (<1 mm) to remove large roots to focus on the fine fraction of soils
consistent with functional definitions of refractory soil organic carbon (SOC). In preparation for
elemental and isotopic analysis, samples were homogenized with a Retsch Mixer Mill 200. A
majority (90%) of samples were fumed with 12N hydrochloric (HCl) acid to remove inorganic
carbonates (Hedges and Stern, 1984; Lorrain ef al., 2003) and analyzed for total organic carbon
[TOC] and total nitrogen [TN] at the Stable Isotope Laboratory at the Marine Biological
Laboratory (MBL; Woods Hole, MA). Due to time constraints, the remaining horizons (~10%)
were analyzed via Fourier transform infrared spectroscopy and partial least squares regressions to
estimate TOC (Luk et al., 2021).

Stable isotope analyses (8'°C, 8'°N; %o) were conducted to determine whether organic matter
sources were similar in pond and marsh soils. Soils from the far marsh cores (M2) were selected
for these analyses because we expected a stronger contrast against pond soils. Marsh surface (0-
30 cm) soils were analyzed at a 10 cm resolution while overlapping marsh and pond horizons were
analyzed at a 4-6 cm resolution.
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3.2.3 Lipid biomarkers

We further assessed soil organic matter sources and reactivity by characterizing source-specific
biomarkers in the ponds and far marsh sites (M2). We focused on two classes of biomarkers, fatty
acids and hydrocarbons, as they represent compounds associated with fresh and detrital material,
respectively, and thereby provide complementary source information (Bianchi and Canuel, 2011).
Lipid biomarkers were extracted using a modified Bligh and Dyer (1959) method (Spivak, 2015).
Briefly, sediments were extracted using a methanol : chloroform : phosphate buffer saline mixture
(2 :1:0.8,v:v:v)with a microwave-accelerated reaction system (MARS6) that heated samples
to 80 °C for 10 minutes with constant stirring. Samples were then partitioned and the organic phase
removed. The total lipid extract was concentrated under nitrogen gas and elemental sulfur was
removed by filtration through acid-rinsed copper. Extracts were resuspended in hexane and
sequentially separated into four fractions by solid phase extraction on Discovery DSC-NH>
stationary phase (1 g): F1 5 mL hexane; F2 8 mL of 4:1 hexane : methylene chloride; F3 10 mL
of 9 : I methylene chloride : acetone; F4 15 mL of 2% formic acid in methylene chloride (Sessions,
2006). The F4 fraction was methylated with acidic methanol (95 : 5, methanol : HCI) and heated
overnight at 70 °C to form fatty acid methyl esters (FAMES). The F1 (hydrocarbons) and F4
(FAMEs) were analyzed with an Agilent 7890 gas chromatograph with the effluent split ~ 70 : 30
between a 5975C mass spectrometer and a flame ionization detector. Compounds were separated
on an Agilent DB-5 column (60 m, 0.25 mm inner diameter, 0.25 um film). Hydrocarbon and
FAMESs concentrations were quantified using a methyl heneicosanoate internal standard. Percent
composition was calculated by normalizing to the total concentration.

3.2.4 Thermal reactivity

We assessed the thermal reactivity of soil organic carbon using ramped pyrolysis oxidation
(RPO) at the National Ocean Sciences Accelerator Mass Spectrometry Facility (Woods Hole MA;
Luk et al. 2021). Selected horizons from the M2 and pond cores captured the marsh surface (0 cm
marsh), pond surface (~ 30 cm marsh; 0 cm pond), and deeper horizons (~80 cm marsh; ~50 cm
pond, NAVDSS8 for both). Homogenized samples were placed in a reactor where temperatures
ramped from ambient to 1000 °C under a constant flow of ultra-high purity helium and oxygen to
promote thermal degradation and oxidation of SOC (20 °C min!; Rosenheim et al., 2008). The
evolved carbon dioxide (CO2) was measured using an infrared gas analyzer. We used the
temperature at which 50% of CO> evolved (t50) as a proxy of thermal reactivity.

3.2.5 Radiometric dating and accretion rates

Soil accretion rates were constrained by developing geochronology models based on
measurements of 13’Cs, 2!9Pb, and ??Ra on a planar-type gamma counter (Canberra, Inc. USA;
Gonneea et al., 2019). In this study, estimates of soil accretion rates obtained from 2!°Pb provided
rates that varied with depth into the soil core with *’Cs providing an additional constraint on the
~1954 soil horizon. Activities of 2?°Ra and 2'°Pb were then processed with the »Plum (0.2.2)
package for R, in order to obtain Bayesian-based accretion rate estimates and 95% confidence
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intervals (Aquino-Lopez et al., 2018a). The model was run using measured 2*Ra activities as
individual estimates of supported 2!°Pb within each soil horizon. Pond accretion rates could not be
obtained due to violation of steady-state assumptions (Luk et al., 2021). Total 2!°Pb inventories
within the marsh and ponds were used to estimate rates of soil erosion described in the next section
(Walling and Quine, 1994).

3.2.6 Pond erosion estimates

Pond erosional losses were constrained by estimating wind-driven resuspension and export
and from differences in total 2!°Pb inventories between the marsh and ponds. Wave driven erosion
in the pond was estimated with a simplified model. We calculated significant wave height and
peak period as a function of wind speed, fetch, and water depth using semi-empirical equations
(Young and Verhagan, 1996). We then calculated the bed shear stresses using the linear wave
theory (Wiberg and Sherwood, 2008), and the Swart (1974) formula for the friction factor, with
an equivalent bed roughness of 0.3 mm. Wind speed estimates were based on median wind speeds
(4.04 m s7") recorded by a meteorological tower in PIE-LTER located near one of ponds (42.7345,
-70.8382; Giblin, 2020).

For the fetch and depth, we considered two scenarios. First, we considered waves
generated within the pond, and thus selected the fetch equal to the pond diameter (30-100 m,
Spivak et al., 2018) and the depth calculated with respect to the surrounding marsh platform (i.e.,
assuming the pond is completely filled with water). Second, we considered a scenario in which the
marsh is inundated. In this case we considered a larger fetch (i.e., the marsh platform, 1-3 km), but
a smaller depth (equal to the depth on top of the platform). In the latter case, we used the depth on
top of the marsh platform to calculate the wave height, but we used the depth inside the pond to
calculate the bed shear stresses in the pond. For both scenarios we identified the pond depth (with
respect to the marsh platform) for which the bed shear stress is equal to the critical value, which
was assumed to range from 0.1 - 0.2 Pa based on intertidal mudflats (Mitchener and Torfs, 1996).
In practice, we assumed that the pond is quickly eroded by the waves until its elevation precludes
further erosion takes place and the sediments eroded are exported directly from the pond.

We further constrained erosional losses by exploiting differences in 21°Pb inventories
between the marsh and ponds. We assumed that within-site differences in average total inventories
of the marsh cores (M1, M2) and the total inventory of the nearby pond was due to physical
removal of soil material (Walling and Quine, 1994).

3.2.7 Data analysis

To evaluate how soil properties and composition change with depth in ponds and compare
across the pond and marsh sites (near M1, far M2), we pooled soil horizons based on elevation
relative to the marsh upper horizons (1.2 — 1.5 m, NAVDS88) that reflect (A) marsh surface soils
and emergent grass rooting zone (0-30 cm), (B) pond upper soils and R. maritima rooting zone (0-
10 cm) and marsh soils at corresponding elevations (30-40 cm), (C) intermediate (10-30 cm pond;
40-60 cm marsh) and (D) deeper (30-50 cm pond; 60-80 cm marsh) horizons. Zones were selected
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to capture variations that were translatable to soil core depths used in carbon stock assessments.
Kolmogorov-Smirnov tests were used to evaluate normality and data were log-transformed as
needed in MATLAB. Post-hoc contrasts from linear mixed models were used to test down-core
changes in the marsh (M1 & M2) and pond zones as well as to assess differences between zones
across these environments. Contrast coefficients complemented with p-values provide the
magnitude difference in soil composition between environments or downcore zones being tested
and whether differences are significant. Linear mixed models and post-hoc contrasts were
conducted in R (1.3.1093) utilizing the /m (4.0.0) and Ismeans (2.30.0) packages.

Due to the absence of pond accretion rates based on radioisotope age models (see Section
3.2.5), statistical comparisons of marsh soil accretion rates were treated differently. To test
differences in accretion rates within the marsh platform that corresponded with pond formation as
well as distance from pond, we conducted post-hoc contrasts of mixed linear models to determine
differences with horizons deposited before and after pond formation (Ponds 1 and 2: 1978, Pond
3: 1963; approximated by aerial photographs Spivak et al., 2018) and between marsh cores (M1
and M2).

3.3 RESULTS
3.3.1 Bulk soil properties

Downcore trends in soil bulk density and elemental content were generally similar across
the ponds and marsh environments and were consistent with decomposition leading to a loss of
organic matter and soil compaction. Bulk density generally increased while TN (%) decreased with
depth (Table 1a, Fig. 2). Soil carbon content (%) and density (kg m) were similar across horizons
but tended to decrease with depth (Table 1a-b, Fig. 2). Reflecting opposing patterns in TN (%) and
TOC (%), C:N ratios changed little across pond and marsh soil depths (Table 1a-b, Fig. 2). Pond
soils generally had lower bulk densities and were more nitrogen rich compared to the marsh (M1
and M2; Fig. 2, Table 1b). In contrast, carbon content (%, kg m™) and C:N ratios were similar
across pond and marsh soil horizons (Table 1b, Fig. 2). Patterns in soil properties and elemental
content likely reflect a combination of processes, including water infiltration in pond surface
horizons that results in lower bulk density, and long-term decomposition that can contribute to
nitrogen immobilization in microbial biomass, carbon loss, and compaction of deeper soils.

Soil properties were generally similar between both marsh cores (M1, M2) in the upper 30
cm, which overlaps in elevation with pond surface waters (SI Table 1). Only C:N ratios were
significantly different with the higher values in the far marsh (M2). This suggests that the effects
of ponding on the marsh soil properties of bulk density and elemental content are isolated and do
not propagate through the platform.

3.3.2 SOM sources and reactivity

We assessed SOM sources and reactivity in the ponds and far marsh soils (M2) with a
combination of stable isotopes, lipid biomarkers, thermal indices to evaluate the potential shifts in
organic matter inputs and signals of pond erosion and decomposition processes (Figs 2-4, Tables
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3-5). Soil 8'3C and 8N values ranged from -17 to -11 %o and 0.74 — 7.17 %o, respectively,
reflecting salt marsh-derived organic matter (Fig. 3, Table 2; Spivak and Ossolinski, 2016; Spivak
et al., 2018). Soil 83C values were similar across depths and between marsh and pond
environments (Fig. 3, Table 2). In contrast, §'°N values were lower in pond soils compared to the
marsh (Table 2).

Two classes of lipid biomarkers, fatty acids and hydrocarbons, were used to characterize
fresher and more detrital sources of organic matter. Fatty acids were primarily comprised of long-
chain (LCFA; 32.9 + 12.8%) and short chain (SCFA; 23.4 + 7.1%) saturated compounds with
smaller contributions of monounsaturated (MUFA; 8.7 &+ 8.5 %), branched (BrFA; 6.3 £ 1.5 %),
polyunsaturated fatty acids (PUFA; 0.3 £ 0.9 %), and C18:2 + C18:3 (2.7 + 5.8 %) compounds.
Levels of SCFA (Z£(C12:0, C14:0, C16:0, C18:0)), representing microbes, algae, and certain
vascular plants, were higher in pond surface soils and decreased with depth but were relatively
constant with depth in marsh soils (Fig. 4, Table 3, Bianchi and Canuel, 2011). MUFAs (2(C14:1,
Cl16:1,C17:1,C18:1,C19:1,C20:1,C22:1, C24: 1), reflecting bacteria, microalgae, macroalgae,
and trace inputs from S. alternifiora, followed a similar pattern, with relatively higher levels in
surface compared to deeper horizons in marsh and pond soils (Fig. 4, Table 3, (Volkman et al.,
1980, 1989; Kaneda, 1991; Viso and Marty, 1993; Fleurence et al., 1994; Canuel et al., 1997;
Sessions, 2006). Contributions from bacteria, represented by BrFA (iso- and anteiso- X(C13, C15,
C17, C19)), were relatively constant in pond soils, but decreased with depth in the marsh (Fig. 4,
Table 3). In contrast to compounds representing microbial contributions, levels of LCFA, which
derive from vascular plants, were relatively lower in pond surface horizons and increased with
depth (Fig. 4. Table 3, Bianchi and Canuel, 2011). PUFAs represent microalgae and were elevated
within the pond surface and declined with depth (Fig. 4; Volkman et al., 1989). C18:2 and C18:3
are produced by S. alterniflora, microalgae, and R. maritima (Volkman et al., 1989; Canuel et al.,
1997) and were a significant portion of marsh surface soils FAs (20.9 + 2.8%) which also declined
with depth (Fig. 4). Fatty acid profiles in marsh soils were less variable compared to ponds with
some evidence of decomposition in slight increases in %LCFA and decreasing microbial
contributions (%o MUFA, %SCFA, %PUFA) from surface to depth. In contrast, pond soils had
higher contributions of algal lipids in surface horizons (~4%), reflecting colonization by benthic
microalgae and macroalgae (Spivak et al. 2017, 2018), and greater evidence of decomposition in
sharper shifts in %SCFA, %MUFA, %PUFA, and %LCFA with depth.

Hydrocarbons revealed patterns in vascular plant detritus accumulation in marsh and pond
soils. In the marsh, levels of long-chain n-alkanes C27, C29, and C31, which derive from higher
plants (Eglinton and Hamilton, 1967; Bianchi and Canuel, 2011), were relatively constant with
depth. In contrast, contributions of long-chain n-alkanes were higher in pond surface soils and
decreased by ~10% with depth. Greater contributions in pond surface soils compared to the marsh
suggest either increased deposition of plant detritus or a changing decomposition environment that
facilitates an accumulation of less reactive compounds.

Soil organic carbon thermal properties provide a proxy for reactivity (Fig. 5, Table 3). Soil
t50 values were higher in the pond surface compared to deeper pond depth zones as well as
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compared to corresponding far marsh environments. In combination, our data indicate that pond
upper soil horizons were distinct from the surrounding marsh, with greater contributions from
algae and microbes and shifts in reactivity proxies that are consistent with microbial reworking.

3.3.3 Soil radioisotopes

We assessed whether marsh vertical accretion rates differed with distance from the ponds
or with time since pond formation. Mean vertical accretion rates at sites closer (M1) and further
(M2) from the ponds ranged from 4.78 - 5.12 mm yr! (Fig. 6), exceeding local, long-term SLR
rates (2.87 + 0.15 mm yr'!; NOAA station #8443970). In the farther marsh site (M2), accretion
rates accelerated after 1963 - 1978, which roughly coincides with the appearance of the ponds in
aerial images (Table 5), but near (M1) and far (M2) marsh locations converged to an average rate
of 5.10 mm yr! in the early 2000s (~1.35 m NAVDS8). It is unlikely that shifts in accretion rates
could be attributed to pond infilling (Wilson et al., 2014a) due to the lack of evidence in historical
aerial photographs (1960s) that infilling ponds were present at the study site that would affect
contemporary accretion rates. These results demonstrate that vertical accretion rates are spatially
and temporally heterogeneous but that recent accelerations are likely unrelated to ponds.

Soil radioisotopic properties further informed diffusion-migration models of soil erosion.
Mean 2!°Pb inventories at the three marsh sites was 5,576 Bq m, and ranged from 4,137 to 7,835
Bq m™. The 2!1°Pb inventory in the ponds at the three sites ranged from 517-2,915 Bq m™.

3.3.4 Estimating pond erosion

Pond soil erosion rates were constrained using physical and radioisotopic models of soil
erosion. A diffusion-migration model (Walling and Quine, 1994) based on the total 2!°Pb inventory
of the marsh and pond soils, yielded erosion rates ranging from 4-10 cm yr'!. Simple wind-driven
erosion models provided estimates of critical pond depths in which erosion and resuspension of
pond soils was feasible across multiple scenarios. When fetch is limited to pond diameter, critical
depths for resuspension ranged from 1.8 - 5.4 cm. Conversely, when fetch was 1 - 3 km across the
inundated marsh, critical depths ranged from 0.1 cm - 12 cm. Thus, it appears unlikely that soil
erosion occurs when pond surface waters are deeper than 12 cm. In combination with pond soil
bulk densities, erosion rates, and depths at which pond soil erosion could occur, we estimate that
14.4 -26.4 kg m?2 (2.5 -3.0 kg C m?) of soil was eroded within pond soils contributing to current
pond depths.

3.4 DISCUSSION

Ponds are localized and sometimes ephemeral features of salt marsh landscapes (Wilson et
al., 2014a; Mariotti, 2016) but may have long-term effects on the efficiency of these ecosystems
as carbon sinks. Ponding effects on the surrounding marsh are spatially confined as soil physical
and organic matter properties differed between ponds and the marsh but are similar in marsh soils
10-12 m and 20-30 m away from ponds (Fig. 2, Table 1b). Variable vertical accretion rates at the
near (M1) and far (M2) marsh sites demonstrate that the processes controlling soil development
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and accumulation are spatially heterogeneous but unlikely affected by the proximity of ponds (Fig.
6). Differences in soil organic matter composition between the ponds and marsh reflect both
changes in the dominant primary producer communities and microbial decomposition that
accompanied the transition from an emergent to submerged environment (Fig. 2-4, Table 1b - 3).
When compared to the surrounding marsh platform, we estimate that erosion, decomposition, and
accretion of the surrounding marsh account for 35 - 38 %, 22 - 33 %, and 29-43%, respectively,
of the organic carbon that was either lost or not accumulated as the ponds formed and deepened
over 37 - 52 years. Therefore, ponds reduce ecosystem carbon storage by preventing accumulation
and enhance loss of long-buried organic matter. Accounting for these impacts can help refine
marsh carbon budgets and projecting forward ecosystem service delivery.

3.4.1 Ponding effects on soil processes are localized

Pond expansion occurs at the expense of the surrounding vegetated marsh: grasses dieback,
mudflats form, and ponds widen (DeLaune et al., 1994; Mariotti and Fagherazzi, 2013; Wilson et
al., 2014a). Because of this lateral expansion we expected that ponds influence the physical
structure and potentially the composition of nearby marsh soils. Instead, we found that the bulk
density and elemental composition of marsh soils were similar at differing distances (10 m vs. 20
m) from the ponds (Figures Table 1b). This indicates that ponding effects on the marsh are
localized and, moreover, underscores the structural integrity of peaty marsh soils (Chambers et al.,
2019).

Below marsh grass roots (zone A, 0 — 30 cm , 1.18 — 1.48 m NAVDSS), soil properties
were fairly constant with slight increasing trends in bulk density, with decreasing TOC (%) and
C:N ratios (Fig. 2, Table 1a). These small trends allude to slow rates of decomposition (e.g., Luk
et al. 2021) contributing to organic matter loss, soil compaction, and immobilization of nitrogen
into microbial biomass and necromass (Gofii and Thomas, 2000; Wang et al., 2003). The
consistency in bulk density and organic matter content might suggest that the processes building
soils are similar across the marsh, however, spatial and temporal variability in vertical accretion
rates point to a more dynamic system (Fig. 6, Table 5). For instance, increased deposition
associated with storm tides (Schuerch et al., 2012) or erosion and redeposition of creekbank soil
may also have a stronger influence on accretion rates at the far sites (Hopkinson et al., 2018; Luk
et al., 2021). Therefore, this variability in vertical accretion rates is likely independent of pond
proximity and may reflect other factors such as patchiness in marsh grass productivity, changing
species composition, and greater particle deposition near mosquito ditches and creekbank edges
(Bricker-Urso et al., 1989; Friedrichs and Perry, 2001; Turner et al., 2002).

3.4.2 Pond soils reflect changing organic matter inputs and decomposition

Differences between overlapping marsh and pond soil properties were isolated in the upper
pond horizons reflecting new inputs of organic matter and soil decomposition. Changes in
ecological communities associated with a shift from emergent marsh grass vegetation to
permanently inundated pond soils were associated with new inputs of fresh organic matter within
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pond soils (Fig. 2 — 3). Additionally, concurring accumulation of detrital lipid biomarkers and
shifts in bulk SOC towards increasing thermal stability are consistent with microbial alteration of
pond surface organic matter (Canuel and Martens, 1996; Williams and Rosenheim, 2015). This
shift in the surficial environment and sources of organic matter likely altered the environment of
marsh decomposition, resulting in evidence of increased detrital material and thermal stability of
the bulk soil organic carbon (Fig. 4 — 5, Table 3 — 4; Kuzyakov et al., 2000; Bianchi, 2011).
Convergence in soil properties between the marsh and pond below the rooting zone of R. maritima
provides additional evidence that ponds are secondary features of the marsh (Wilson et al., 2010)
whose vertical influence is limited to the upper 10 cm of the pond soil column. Thus, pond
processes that impact marsh soil composition are limited vertically and laterally within
surrounding marsh soils.

Compositional differences between the upper horizons of the ponds and the surrounding
marsh reflect inputs from the primary producer and microbial communities that were established
following submergence. For instance, more depleted 8'3C and 8'°N values, higher nitrogen content,
and greater percentages of SCFA, PUFA, and MUFA in upper pond horizons compared to the
marsh are consistent with organic matter deriving from benthic microalgae and microbes (Fig 3 —
4, Table 2 - 3.; Spivak and Ossolinski, 2016; Spivak et al., 2018). These are generally confined to
the top 10 cm of the ponds which coincides with the rooting zone of R. maritima (Kantrud, 1991;
Jovanovic et al., 2015). Moreover, the compositional shifts are consistent with the distribution of
phospholipid-linked fatty acids (PLFAs), representing viable or recently viable biomass, and the
outputs of mixing models demonstrating that benthic microalgae and to a lesser extent suspended
particulate organic matter are the main carbon sources in the top 2 cm of pond soils (Spivak et al.,
2018). Inputs of new organic matter from productive algae and microbes likely diluted older
contributions from the marsh grasses that built the soils, as C18:2 + C18:3 (%) was a minor
component in pond soils and LCFA (%) were lower in the upper pond horizons compared to the
marsh and increased with depth below the rooting zone of R. maritima (Fig. 4c; Table 3).
Consequently, changing ecological communities that accompanied submergence deposited fresh
organic matter onto the surface (0-10 cm) and subsurface (10 — 30cm) of pond soils.

Disturbances that cause peat collapse in organic-rich interior marsh areas can decrease soil
bulk density and alter the decomposition environment (Day et al., 2011; Wilson et al., 2018;
Chambers et al., 2019). Consistent with this, ponds had lower bulk densities compared to the marsh
and shifts in organic matter composition and reactivity that reflect microbial reworking (Fig. 2, 4-
5). Levels of vascular plant-derived hydrocarbons (i.e., X(C27, 29, 31), which represent more
detrital sources of organic matter compared to fatty acids, were relatively higher in the upper
horizons of pond soils (0-20 cm) than the marsh (Fig. 4, Table 3). This suggests an accumulation
of vascular plant carbon, even though R. maritima abundances are low (Spivak et al., 2017) and
benthic microalgae are the main source of newer organic matter (Fig. 4, Table 3; Spivak et al.,
2018). Thermal properties indicate a shift towards more stable compounds in the pond surface
compared to the marsh and deeper soil horizons (Fig. 5; Luk ef al., 2021). Because the thermal
proxy of t50 represents the entire soil organic carbon pool, rather than the smaller fractions
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reflected in lipid biomarker classes, this suggests a shift in the continuum of SOC reactivity
towards more reworked and less reactive organic matter accumulating in pond surface horizons
likely due to preferential decomposition of more labile material (Williams and Rosenheim, 2015;
Lehmann ef al., 2020). Increased thermal stability of soil organic carbon is associated with longer
turnover times, of centuries-to-millennia, and may have implications for progressive pond
deepening (Luk ef al., 2021). Interestingly, levels of bacterial fatty acids (%BrFA; Fig 4, Table 3)
were similar between the upper pond horizons and the marsh. However, branched fatty acids reflect
bacteria-derived organic matter and other more sensitive biomarkers (e.g., PLFAs) or molecular
approaches (e.g., RNA) would be better proxies of activity (Bulseco et al., 2020).

Below the upper pond horizons and rooting depth of R. maritima (0-20 cm), soil properties
and composition were similar to the surrounding marsh, underscoring that ponds overlie salt marsh
peat deposits (Fig. 2 — 5; Wilson et al., 2010). For instance, soil bulk densities, elemental content,
lipid biomarker profiles, and thermal properties were similar between the ponds and the marsh
below ~1.1 m NAVDS88 (Zone C — D; Figs. 2 — 5, Table 1b —4). Moreover 8'°C values converged
to -14.3 + 1.2 %o (Fig. 3; Table 2), indicating that the soils mainly derived from marsh grasses
(Benner et al., 1987; Spivak and Ossolinski, 2016). The exceptions to this pattern were 8'°N values
and bacterial organic matter contributions (BrFA) which were lower and higher, respectively, in
deeper pond soils compared to the marsh (Fig 3 - 4, Table 2 - 3). This is consistent with porewater
profiles of microbial respiratory products (i.e., dissolved inorganic carbon, ammonium) and
electron acceptors (i.e., sulfate) demonstrating production and consumption, respectively,
occurring at least 20 cm deep in pond soils (Spivak et al., 2018). Further porewater 3'*C-DIC
composition suggest that long-buried peat supports microbial respiration (Spivak et al., 2018).
These data suggest that ponding effects on structure and organic matter composition of the
underlying marsh soil are largely limited to upper horizons (i.e., 0-20 cm) but effects on
biogeochemical processes may extend deeper.

Disturbances to the marsh platform resulting in permanent inundation of marsh soils result
in changes in marsh carbon cycling due to shifts in changing organic matter source inputs as well
as decomposition processes. Changes in the hydrology and physical properties results in inputs of
fresh organic matter inputs dominated by microbes, benthic microalgae, and to a certain extent R.
maritima. Additional evidence demonstrates this shift in the biophysical environment of marsh
soils coincide with microbial alterations of marsh organic matter resulting in accumulation of
detrital lipid biomarkers and increased thermal stability of bulk soil organic carbon. While these
effects were limited to the upper pond horizons, pond deepening is associated with SOC
decomposition within pond soils and represents an additional carbon loss pathway within the
overall marsh carbon budget.

3.4.3 The fate of carbon during pond deepening

Pond formation and expansion reduce soil carbon storage in salt marshes by preventing
accretion and removing decades of long-buried organic matter (Wilson ez al., 2009, 2010). Dieback
of emergent grasses in the initial phase of pond formation prevents future soil building and vertical
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accretion, resulting in a pool of ‘missing’ carbon relative to the surrounding, healthy marsh. The
study ponds first appeared in aerial images in 1978 (Ponds 1, 2) and 1965 (Pond 3; Spivak et al.,
2017) and, since then, the surrounding marsh platform has grown vertically 6.8 — 9.7 cm and
accumulated 59.5 -79.3 g C m? yr'!, or 2.3 — 3.2 kg C m™ in total carbon stock (Table 6). Vertical
accumulation of the surrounding marsh complemented with multiple estimates of pond soil erosion
rates provide an opportunity to constrain long-term pond soil decomposition and the overall marsh
carbon budget.

The 2!°Pb profiles and inventories indicate that ponds are net-erosional environments.
Based on the models in section 3.5, we estimate that wind-driven resuspension and erosion have
exported 14.4 — 26.4 kg m™ of soil, holding 2.5 — 3.0 kg C m™ of carbon, over the early years of
pond formation (Table 6). Much of this would have occurred during the first 1 - 3 years of pond
formation, when the systems were shallower (0 — 12 cm) and wind waves would have disturbed
surface soils. These estimates demonstrate a nonlinearity in pond soil erosion and are likely an
upper bound as export would also depend on high-wind resuspension events coinciding with pond-
channel connectivity when tides overtop the marsh. Further, the low likelihood of erosion and
export of sediment within pond soils after initial formation is supported by previous observations
of the absence of tidal effects on the levels of suspended particulate organic matter within these
ponds at their current dimensions and low frequency of tidal connections within these high marsh
ponds (Spivak et al., 2017). Thus, export of pond soils via wind-driven erosion may be limited
during periods of tidal connection on the high marsh. Further research is required to explore
whether resuspension within the ponds may promote additional loss through decomposition due
to transport from anoxic porewaters to the more oxygenated overlying water column.

Combined, lost accretion and erosion could account for ~ 67 - 78 % of soil and carbon
missing from the three ponds, based on present-day pond volumes and assuming an initial bulk
density of 0.12 - 0.22 g cm™ (Table 6). The remaining fraction of missing carbon was likely lost
via decomposition at rates of 32.7 — 132.9 ¢ C m2 yr'! in multiple scenarios of pond soil erosion
(see section 3.5, Table 6). These estimates are comparable to heterotrophic respiration rates based
on benthic porewater dissolved inorganic carbon profiles (11 — 92 g C m%; Spivak et al., 2018)
and whole-pond dissolved oxygen fluxes (68 — 172.2 g C m? yr!; Spivak et al., 2017, 2020)
averaged across summer and fall. Moreover, decomposition as a loss pathway is consistent with
the accumulation of detrital vascular plant organic matter and more thermally stable organic carbon
in pond surface soils (Figs. 4-5).

In combination, pond processes on the marsh platform result in carbon loss, redistribution,
and a lost opportunity for carbon accumulation within the marsh carbon budget. Direct loss of
carbon from marsh soil reservoir through decomposition accounts for at least a quarter of the
carbon lost during pond deepening; the balance between erosion and redistribution of carbon
versus subsequent decomposition requires additional study. If all the material lost via erosion were
exported out of the marsh ecosystem or subsequently respired, this would potentially increase
carbon loss from the system from a quarter to more than half of the carbon lost during pond
deepening. Conversely, if eroded material were redistributed and subsequently buried within the
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marsh this would represent recycled marsh material rather than new carbon inputs, increasing
errors in carbon budget calculations. These processes which will likely be augmented by future
increases in the frequency of disturbances have yet to be incorporated into estimates of marsh
carbon budgets as well as salt marsh evolution models.

3.4.4 Incorporating ponds into ecosystem carbon budgets

A first step in assessing uncertainty in marsh carbon budgets is the incorporation of ponds
and the processes that contribute to pond development in marsh carbon accounting. Consider the
PIE-LTER salt marshes, which encompass approximately 40 km?, with 6% of the area represented
by ponds (Millette et al., 2010; Kirwan et al., 2011; Wilson et al., 2014a; Mariotti et al., 2020).
We calculated ecosystem carbon storage to 1 m depth with and without ponds for estimation of
tidal wetland carbon stocks in PIE. The difference between the two scenarios would represent a 5%
decrease in carbon storage estimates with the incorporation of ponds, which is likely an upper
bound due to the potential erosion and redistribution of buried pond soils (35-38% of total absent
carbon). This is likely a factor since it is hypothesized that contributions of inorganic sediment in
this system are sourced from recycled inorganic material (Cavatorta et al., 2003; Wilson et al.,
2014a) due to the low sediment supply from the tidal channel (Meade, 1982). The relatively minor
change in carbon storage estimates due to ponding in PIE is consistent with studies demonstrating
general stability within the system over the past 70 years (Wilson et al., 2014a). Yet, pond
expansion within PIE has been related to management decisions rather than increasing sea-level
rise, which may be altered with future projections of global change.

Pond expansion may represent a larger portion of carbon stock uncertainty for submerging
coastal marshes (Morris ef al., 2002; Mariotti, 2016). For example, pond expansion within
wetlands in Blackwater River, Maryland and Mississippi River Delta Plain, Louisiana are likely
related to sea-level rise with ponding coverage ranging from 50 — 90% of the marsh platform
(Penland, 2002; Schepers et al., 2017). Based on current dimensions of Maryland’s Blackwater
National Wildlife Refuge marshes, soil TOC content (Van Allen et al., 2021), and pond area (51%;
Schepers et al., 2017), carbon stock differences are likely closer to 15% when ponded areas are
not incorporated. Thus, the impact of ponding to the uncertainty in marsh carbon storage is roughly
proportional to the extent of ponding on the marsh platform; for marshes in Maryland and
Mississippi Delta with ubiquitous ponding, this poses a unique type of uncertainty to carbon stock
estimates through interior loss of the marsh platform (Penland, 2002; Schepers et al., 2017).
Particularly with observations of marsh elevation as an important indicator for the ratio of
unvegetated-vegetated marsh ratios (Ganju et al., 2017, 2020), future sea-level rise relative to
marsh elevation gain will play a greater role in lateral marsh loss and uncertainty in the future
maintenance of marsh carbon stocks.

3.5 CONCLUSION
Ponds are isolated geochemical features in the marsh landscape, but impact salt marsh
carbon dynamics through soil erosion (35- 38%), enhanced organic matter decomposition (22 —
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33%), and the lost opportunity of marsh carbon storage (32 — 42%) that result in absent carbon
(7,148 — 8,064 g C m?) in three ponds in the PIE-LTER system. Investigation into pond soil
composition demonstrates alterations in surficial soil carbon dynamics due to changes in dominant
primary producer communities and enhanced microbial decomposition coinciding with shifts from
an emergent to submerged environment. In combination, discounting ponds in marsh carbon
budgets can result in errors ranging from 5 — 15% based on current ponding extent within New
England and Maryland marshes, which will increase proportionally with future wetland loss. In
light of pond expansion due to global change and changing land management strategies, it is
important to incorporate marsh spatial variability in carbon accounting and landscape evolution
models. Future research will need to explore how deeper pond decomposition rates impact whole-
ecosystem carbon cycling and assess the magnitude of pond sediment resuspension and
redistribution on the marsh platform.
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Table 1: a) Downcore contrast analyses and b) between-environment contrasts for the pond, near
(M1) and far (M2) marsh environments. Contrast coefficients are presented for depth zones as
described in Section 3.2.7 and Fig 1. Bolded values are significant at p<0.05. For example, the
downcore contrast coefficient for Pond “B — C” for bulk density demonstrates that the significant
difference between (B) surface and (C) intermediate pond soil properties is -0.15 logio(g cm™).
Between-environment contrast coefficient of B “M1 — M2” represents the insignificant difference
between the M1 and M2 soil properties at depth zone B.

. Total Total Organic Total Organic
Bulk Density .
Contrast log(g o) Nitrogen Carbon C:N Carbo_n
log10(%) log10(%) (kg m°)
a. = B-C -0.15 0.17 0.13 -0.02 2.04
§ ¢C-D 0.09 -0.04 -0.02 0.33 261
e B-D -0.06 0.13 -0.11 0.31 464
B-C -0.09 0.08 0.05 0.16 0.76
S «c-D 0.01 0.02 -0.06 0.15 -1.85
B-D -0.08 0.10 -0.01 0.31 -1.08

b. M1 -M2 -0.02 0.03 -0.01 -1.89 -1.93
@ M1-POND 0.12 -0.12 -0.09 1.20 1.88

M2 - POND 0.14 -0.16 -0.08 3.09 3.81

M1 -M2 -0.07 0.09 0.11 0.62 2.82

O M1-POND 0.06 -0.04 0.01 1.34 4.68

M2 - POND 0.13 -0.13 -0.10 0.72 1.86

M1 -M2

M1 -POND
M2 - POND
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Table 2: Contrast analyses of soil 8'3C and 8!°N composition a - b) across depth zones and c¢)
between environments. Displayed are the contrast coefficients for the pooled depth zone (see
section 3.2.7). Bolded values are significant at p<0.05.

Contrast 8¢ 8°N
a.
A B-C -1.14 -0.71
5 C-D -0.60 0.05
a.
B-D -1.74 -0.66

= B 1.66 244
(@]

= 0.27 1.09
s D 0.37 1.64
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Table 3: Contrast coefficients of fatty acid and hydrocarbon compound classes between depth
horizons within (a) and across (b) the ponds and the far marsh (M2) site. Significant values (p<0.05)
are bolded. See Fig. 4.

% S(HC27,
Contrast % SCFA % MUFA % LCFA % BrFA 29,31)
da.
o POND 0.50 0.50 -21.77 -0.61 10.30
@
M2 0.15 0.15 -5.17 1.79 3.20
b. o
2 B -11.78 -0.07 8.66 0.44 -10.09
o
g C 2.14 0.28 -7.94 -1.97 -3.01

60



Table 4: Contrast coefficients of thermal reactivity (t50) between depth horizons within a) and
across b) the pond and far marsh (M2) environment. Significant values (p<0.05) are bolded. See
Fig. 4.

Contrast t50
a.
a B-C 10.50
5 C-D 16.93
& B-D 27.43

g B -27.72
e C 1.58

o

s D 13.28

61



Table 5: Contrast coefficients (bolded p<0.05) of accretion rates (mm yr'!') between a) the near
(M1) and far (M2) marsh cores after (After pond: soil horizons deposited after 1963 - 1978) and
before pond formation (Before pond; soil horizons deposited before 1963 - 1978) and b)
horizons deposited before and after pond formation (Before — After) downcore within the near
(M1) and far (M2) marsh cores across all three sites.

Accretion Rate Accretion Rate
(M1-M2) (BEFORE - AFTER)
Contrast Coefficient Contrast Coefficient
AFTER POND -0.08 M1
BEFORE POND 0.09 M2 -0.02
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Table 6: Estimated pond decomposition rates under scenarios where (a) erosion does or (b) does
not occur and drive deepening. a) For each site, values of pond erosion rate (Pond Erosion Rate;
cm yr'!), accretion of the surrounding marsh (Marsh Accretion; cm yr!), calculated depths
attributed to erosion and accretion Erosion + Accretion Depth; cm), pond depths attributed to
decomposition (Decomposition Depth; cm), and decomposition rates (g C m yr'!). b) Calculated
pond decomposition rates when pond erosion rates were set to 0 cm yr.

d.
. Marsh Erosion + . Decomposition
. Pond Erosion . . Decomposition
Site Pond Age , Accretion  Accretion Depth Rate
Rate (cm yr) 1 Depth (cm) P
(cmyr?) (cm) (Cm™ yr’)
1 38 10 0.18 18.8 11.2 62.0
2 38 7 0.24 21.1 7.9 52.7
3 52 4 0.19 21.7 7.3 32.7
b.
. Marsh X . Decomposition
) Pond Erosion . Accretion Depth ~ Decomposition
Site Pond Age 4 Accretion Rate
Rate (cm yr) 1 (cm) Depth (cm) a4
(emyr?) (gCm™ yr’)
1 38 0 0.18 6.8 23.2 128.6
2 38 0 0.24 9.1 19.9 132.9
3 52 0 0.19 17.7 11.3 86.3
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Figure 1. a) Location of the three ponds on the high marsh platform with inset map of PIE-LTER
(MA, U.S.). b) Study design testing whether ponds affect the soil integrity of the surrounding
marsh and whether the pond soil record reflects organic matter losses via erosion or decomposition.
Soil cores were collected from ponds and nearby (M1) or farther away (M2) sites in the marsh at
three locations within PIE-LTER (MA, USA). Comparisons between overlapping soil horizons
between the ponds (0-60 cm) and marsh (30-90 cm) were used to evaluate the role of
decomposition in contributing to pond deepening.
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Figure 2: Pond and marsh (near: M1; far: M2) soil (a) bulk density, (b) total nitrogen content
(TN %), (c, €) total organic carbon content (TOC % and kg m™), and (d) C:N (molar) by elevation
and depth horizon. Data represent mean and SE of 6 cm horizons. See methods for descriptions of
depth zones A-D and Tables 1 for contrast analyses.
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Figure 3: Stable isotope composition (8'3C, 8'°N; %o) of pond and marsh (M2, far) soils by
elevation (NAVD88) and depth zone (B-D see section 3.2.7). Data are mean and SE of elevation
adjusted marsh horizons overlapping the pond. Statistical results in Table 2.
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Figure 4: Abundances of lipid biomarkers in ponds and the far marsh sites (M2) representing
(a) general microbes and algae (SCFA), (b) microbes (MUFA), (¢) vascular plants (LCFA), (d)
bacteria (BrFA), (e) microalgae (PUFA), (f) marsh grasses (C18:2 + C18:3), (g) and odd-chain
hydrocarbons Z(HC27, 29, 31)) representing detrital vascular plant material. Data are the mean
and SE of elevation adjusted marsh horizons overlapping the pond. See Section 3.2.7 for
description of soil zones and Table 3 for statistical results.
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Figure 5: Thermal reactivity proxy of temperatures at which 50% of soil organic carbon is
pyrolyzed. Data are mean and standard error of marsh surface, marsh horizons overlapping pond
surface (0-10cm), intermediate (10-30cm), and deep (30-50cm) soil horizons. Zones B, C, and
D represent horizons used for contrast analyses in Table 4.
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Figure 6: Mean accretion rates (mm yr'!') and SE of the near (M1) and far (M2) marsh sites
based on 3 cm increments. Zones after and before pond formation correspond to horizons above
and below the year 1978 (Pond 1 and Pond 2) and 1963 (Pond 3), respectively, which is
approximately when the ponds formed (~1.3 m NAVD&8S). See Table 5 for contrast analyses.
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SUPPLEMENTAL TABLES AND FIGURES

Table S1: Table of post-hoc contrasts for the near (M1) and far (M2) marsh bulk and elemental
soil properties: bulk density (g cm™), total nitrogen (TN%), total organic carbon (TOC%), C:N,
and total organic carbon density (kg m™). Displayed are the contrast coefficients and p-values
comparing the near and far marsh (M1 — M2) for the (A) marsh surface (0-30cm marsh)
overlapping inundated pond waters. Highlighted values are significant (p<0.05).

. Total Total Organic Total Organic
Bulk Density ,
Contrast 3 Nitrogen Carbon C:N Carbon
log1o(g cm”™) 0 log. (9 3
log,0(%) 0810(%) (kg m™)
< M1-M2 -0.03 0.06 0.03 -1.30 -0.45
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Figure S1: Mean distribution of FAMES lipid compounds by percent with elevation within the
marsh (M2) and pond core across the three sites. Displayed are FAMES compounds associated
with short-chain fatty acids (SCFA), mono-unsaturated fatty acids (MUFA), long-chain fatty acids
(LCFA), branched fatty acids (BrFA %), polyunsaturated fatty acids (PUFA), C18:2 + C18:3, 10-
methyl C16 (10MeC16), and non-source specific FAMES compounds (Non-source Specific).
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Chapter 4: Decades of marsh pond infilling results in spatial
heterogeneity within salt marsh carbon budgets

ABSTRACT

Salt marshes play a critical role in human wellbeing through the delivery of valuable
ecosystem services (e.g. carbon storage), yet are becoming increasingly threatened by disturbance
through global change (e.g. sea-level rise, increased storm intensities). In one New England salt
marsh (Great Barnstable Marsh, MA), resource managers have employed anthropogenic ditching
since the 1920s in an effort to return permanently submerged marsh features (e.g. ponds) to a
vegetated marsh habitat. The purpose of this hydrological management strategy was to provide
employment opportunities and reduce areas in which mosquito populations breed. To understand
how pond recovery impacts overall marsh ecosystem functioning and services, we analyzed the
spatial variability in soil accretion rates, organic carbon composition, source, age, and reactivity
with respect to anthropogenic ditches, the tidal channel, and marsh environments that have
experienced historical ponding. After nearly a century of ditching, ponds that previously existed
in the 1920s have now nearly recovered in elevation to the surrounding marsh platform through
drainage, revegetation, and rapid soil accumulation (4.8 — 10.9 mm yr'!). While we observed tidal
creek inorganic contributions to soil accretion within both the infilling ponds and paired adjacent
marsh environments, we find that accretion via marsh grass productivity, characterized by greater
plant heights and biomass, dominates pond infilling processes. Infilling pond environments
continue to contribute to soil heterogeneity within the marsh environment through lower bulk
densities, total organic carbon content and soil carbon age. Thus, incorporating the full pond life
cycle into estimates of salt marsh carbon budgets and turnover is key to informing ditch
management decisions and refining marsh carbon budgets.
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4.1 INTRODUCTION

The installation and maintenance of parallel grid ditches in New England to reduce ponded
areas on the marsh platform has largely been successful (Kennish, 2001; Adamowicz and Roman,
2005; Riepe, 2010). By instigating pond drainage, revegetation of emergent marsh grasses, and
subsequent infilling, the footprint of the former pond becomes level with the surrounding marsh
resulting in a virtually indistinguishable vegetated marsh landscape (Wilson et al., 2014b).
However, it is unknown whether pond infilling to the elevation of the surrounding marsh
constitutes a full recovery of marsh ecosystem functions that contribute to rapid soil building and
carbon storage. Thus, constraining processes that contribute to pond recovery and the resulting
impacts on the spatial distribution of carbon storage will be key for natural resource managers who
must make decisions that balance the long-term effects of past decisions as well as the provisioning
of ecosystem services in the future.

Whereas pond expansion represents net losses of salt marsh productivity, soil, and
elevation capital (Mariotti, 2016; Spivak et al., 2018; Luk ef al., 2021), pond infilling potentially
compensates through revegetation, rapid accretion, and elevation gain (Wilson et al., 2014b).
Processes associated with pond recovery may reflect the natural resilience and biogeomorphic
feedbacks that allow the marsh platform to keep pace with sea-level rise; typically vegetated marsh
platforms at lower elevations are characterized with longer hydroperiods that allow for vegetation
to accumulate suspended sediment from the tidal channel and enhanced aboveground and
belowground plant production coinciding with increased organic matter accumulation and
accretion (Morris et al., 2002; Mudd et al., 2009; Wilson et al., 2014b). Exploring the primary
processes driving pond infilling can give insight into the nature of marsh recovery and what future
marsh elevation maintenance may look like after ponding disturbance on the marsh platform. For
example, recovering ponds in Plum Island Estuary were dominated by rapid inorganic sediment
deposition due to increased hydroperiod and tidal exchange (Wilson et al., 2014). If tidal channel
sediment supply is a critical factor in pond infilling, then low suspended sediment environments
and future reductions in sediment sources (e.g. due to hydrological dams) may inhibit processes
that allow for elevation recovery within ponded marsh habitats. Alternatively, rapid vertical
accretion can occur through organic matter accumulation during enhanced plant production in
response to lower elevations (Nyman et al., 2006), providing a pathway for pond recovery in
sediment deficient marshes. Therefore, characterizing the continuum of processes associated with
pond recovery can give insight into conceptualization of marsh biogeomorphic feedbacks and the
efficacy of future resource management decisions.

The composition of soils infilling ponds is a key component in assessing the controls on
pond recovery and whether this results in a full compensation of the soil carbon lost due to pond
expansion through soil erosion and organic matter decomposition (Spivak et al., 2018; Luk et al.,
2021). The delivery of inorganic sediments to salt marsh ponds from allochthonous sources could
play an important role in pond recovery and reduce the carbon storage capacity of these recovering
features (Wilson et al., 2014). Further complexity is added when we consider the sources of
organic carbon that are buried within the infilling ponds; infilling ponds may bury reactive carbon
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that originates from new production (e.g., recolonized emergent grasses), allochthonous (marine,
terrestrial), or more stable recycled autochthonous carbon (e.g. old marsh material eroded from the
creekbanks) (Peterson and Howarth, 1987; Deegan and Garritt, 1997; Hopkinson et al., 2018; Luk
et al., 2021). If pond recovery relies on the burial of recycled old material within the marsh
platform, this would represent an additional loss to the long-term carbon storage within the marsh
platform. Yet, the increased contribution of more structurally complex and stable soil organic
carbon with longer turnover times may be more resistant to future decomposition processes (Luk
et al., 2021). Therefore, by identifying the composition, source, reactivity, and age of the organic
material contributing to pond infilling, we can understand whether infilling ponds represent a
recovery of marsh ecosystem functioning that recoups the initial carbon lost due to pond expansion
on the marsh platform.

To understand the processes linked with pond recovery and the subsequent impact on
marsh carbon storage, we compared proximal marsh areas that have and have not exhibited
historical ponding based on historical aerial photographs (USGS). Sites were selected at varying
distance (but within 100m) of the tidal channel to evaluate potential controls on pond recovery. At
each site, we measured marsh platform elevation and aboveground plant characteristics,
complemented with soil accretion rates, composition, source, and reactivity of soils contributing
to pond infilling and recovery. We hypothesize that inorganic sediments will be an important
contributor to rapid pond soil accretion that will decrease with distance from tidal channel. As a
result, infilling ponds will be characterized with lower soil carbon densities resulting in the loss of
stored carbon associated with the pond lifecycle. Further, we expect that lower elevations within
infilling ponds may enhance trapping of recycled marsh material that would serve as an additional
loss term within marsh carbon accounting. This will allow us to gain insight into processes linked
with marsh elevation recovery and whether infilling ponds represent a return to the original
vegetated marsh state with comparable ecosystem functions and ecosystem service delivery.

4.2 METHODS
4.2.1 Study site

Great Barnstable Marsh, MA, USA (41.729007°, -70.376137°) is a macrotidal system
(mean tidal range ~3m) with an extensive high marsh platform (~10 km?; Redfield, 1972; Fig. 1).
Ditches were installed in ~60% of the marsh in the 1930s and have been continuously maintained
by the Cape Cod Mosquito Control Project. Using publicly available historical aerial images from
US Geological Survey and Google Earth, we selected six pairs of sites that include areas that were
ponded in the 1920s and transitioned to vegetated marsh following ditch installation (i.e., infilling
ponds) and nearby areas that have been continuously vegetated by marsh grasses (8 — 30m away
to avoid ponding impacts of the marsh) (Luk et al., in prep). Criteria for selecting the six ponds
was informed by 1938 photographs indicating the area was ponded when ditches were installed;
Paired sites were varying distances (33 — 94 m) from the tidal channel, in order to assess whether
proximity affects the composition of infilling material or soil accretion rates (Table 1). At each of
the paired sites we measured elevation (North American Vertical Datum of 1988 [NAVD88 m]),
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and plant community characteristics, and collected soil cores (~1 m) to characterize soil organic
carbon (SOC) composition and reactivity, and soil accretion rates. Study site elevations and
locations were measured using a real time kinematic unit. Fieldwork was conducted in the Summer
— Fall of 2018.

4.2.2 Plant characteristics

Plant community characteristics were determined through species-specific percent cover,
plant canopy eight, and biomass. We established duplicate 1 m? quadrats in infilling ponds and
single quadrats in the marsh; the difference in sampling resolution reflected the expectation of
greater heterogeneity in the former pond. Percent cover was determined through visual estimates
and canopy height by measuring the five tallest plants. Aboveground biomass was collected from
a sub-quadrat of 0.0625 m?, to minimize disturbance, and then dried (60 “C) to constant mass.

4.2.3 Bulk soil properties

Soil cores (10 cm diameter x 60 cm long) collected from paired pond and marsh sites were
split laterally and sectioned into 1-2 cm horizons, with a finer resolution in the top 45 cm horizon
(root zone). Samples were freeze dried and soil water content (%) and bulk density (g cm™) were
determined gravimetrically. For subsequent elemental analysis, samples at 3 cm increments were
sieved to remove roots (1 mm), ball milled and analyzed for elemental (total organic carbon [TOC],
total nitrogen [TN], and total sulfur [TS]). Measurements for TOC and TN were fumed with 12N
HCl prior to analysis (Lorrain ef al., 2003).

Additional soil cores (10 cm diameter x 30 cm long) were collected at each site to increase
replication of soil properties within the rooting zone, where we expected greater heterogeneity.
We focused on grain size, elemental composition, and organic matter content in aggregated upper
(0-10 cm) and lower (10-30 cm) regions of the rooting zone. Elemental analyses were prepared as
described above. We also measured organic matter content (%)using loss on ignition (LOI %)
where soils were sieved (<Imm) and combusted (550°C for 5.5hrs) to obtain loss of organic
material weight on ignition (Dean, 1974). This methodology provided relationships between TOC
(%), organic, and inorganic content that could be extrapolated for the 60 cm soil core horizons
(Morris et al., 2016).

4.2.4 Soil age models

Soil accretion rates and age models were developed through measurements of 1¥’Cs, 2!Pb,
and *Ra on a planar-type gamma counter (Canberra, Inc. USA; Gonneea et al., 2019). Measured
activities of 2!°Pb were then processed using the constant initial concentration (CIC) 21°Pb models
to estimate rates of soil accretion (Appleby and Oldfield, 1978).

4.2.5 SOC reactivity, sources, and age

Soil organic carbon composition was characterized through ramped pyrolysis oxidation
(RPO) coupled to isotope measurements to evaluate the thermal reactivity, source, and age of
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marsh and infilling pond soils. To determine how marsh soils changed over time since ditching
and whether infilling ponds are compositionally similar to the adjacent marsh, we selected marsh
horizons deposited between 1850 to 2018 as they represented periods pre- and post-ditching. With
the marsh soils as a reliable chronometer for the time period of ditch implementation, we analyzed
infilling pond horizons that corresponded in elevation with the selected marsh soil horizons. Ball
milled and homogenized samples (~20-40 mg) were placed within a reactor where temperatures
ramped at 5 °C min'! to 1000 °C (; Rosenheim et al., 2008). The evolved carbon dioxide (CO,) was
measured by a flow-through infrared gas analyzer and thermograms were constructed by plotting
CO: concentrations versus temperature. To facilitate comparisons across horizons, we normalized
the thermogram to unit area.

We subsequently analyzed the evolved CO; for *C (8'3C, %o) and '*C (F'*C) composition
(McNichol et al., 1994b; Reimer et al., 2004; Luk et al. 2021). The CO; gas was collected during
five discrete ramping temperature intervals; there were three low (200 —465 °C) and two high (465
— 650 °C) temperature fractions. The isotopic composition of evolved CO; was analyzed for all
five fractions for the 2018 (0-2 cm) horizons and two of the five fractions capturing the full range
of thermal reactivity were analyzed for the four deeper horizons spanning 1850 - 1980.

We evaluated SOC thermal reactivity by calculating temperatures at which 50% of CO:
was evolved (t50) and thermal activation energies. The theoretical activation energy (Ea kJ mol™!)
and blank contamination correction were calculated using the Python package rampedpyrox
(Hemingway et al., 2017a, 2017b)

4.2.6 Data Analysis

We pooled soil horizons based on depths that reflect (1) the surface and rooting zone (0 -
30 cm), (2) just below the rooting zone (30 — 45 cm), and (3) deeper layers (45 - 60 cm). Based on
Kolmogorov-Smirnov goodness-of-fit hypothesis tests, bulk density and TOC (%) were log-
transformed prior to statistical analysis to meet assumptions of normality. Post-hoc contrasts from
mixed linear models testing bulk soil relationships with pooled soil zones and infilling vs. marsh
environments were then used to evaluate differences with soil depth and between marsh
environments.

Multiple linear regressions were employed to predict plant and bulk soil characteristics
using variables capturing distance from marsh landscape features (e.g distance from tidal creek
and nearest ditch) and based on pooled soil zones. Univariate regressions were used to assess
potential relationships between accretion rate and distance from tidal creek, as well as between
soil bulk density and TOC (%), S (%), and C:S. Further to estimate organic content (%) using TOC
(%) for soils analyzed in the 60cm soil cores, we used a linear regression to establish the
relationship between organic content (%) and TOC (%) measured in the 30cm soil cores. This
range of modeling techniques provided assessment of shifts in plant and soil properties based on
differences in the marsh landscape (e.g. marsh vs. infilling pond, soil zone, distance from tidal
creek and ditch, marsh platform elevations) as well as relationships between individual soil
parameters (e.g. TOC (%) and organic content).

76



4.3 RESULTS

4.3.1 Elevation and plant communities

Elevations of the infilling ponds and adjacent marsh ranged from 1.31 - 1.46 (m NAVDS8)
and 1.41-1.48 (m NAVDSS), respectively (Fig. 2a). Despite this overlap, marsh platform
elevations were consistently higher than the infilling ponds with greater differences at increasing
distances from the tidal channel. Elevations of infilling ponds decreased with increasing distance
from tidal creek (p<0.05) while nearby marsh sites did not follow a similar trend. Fractional
elevations were calculated for the infilling ponds and marsh, 1.07 — 1.11 and 1.08 — 1.13,
respectively, demonstrating that marsh platform resides near mean higher high water (Burns et al.,
2021).

Infilling ponds and the surrounding marsh were populated by the grasses Spartina patens,
S. alterniflora, and Distichlis spicata. The dominant plant species in both the infilling ponds and
adjacent marshes was S. alterniflora (80 — 90%) with minor contributions of D. spicata and S.
patens. Plant canopy height and biomass were greater in the infilling ponds compared to the marsh
(Fig. 2 c-d), which demonstrates distinct infilling pond plant characteristics coinciding with the
lower position in the tidal frame relative to the marsh. However, plant characteristics (plant height,
biomass) did not vary with elevation or distance from the tidal channel (SI Table 1).

4.3.2 Bulk soil properties

Soil properties reflected both ponding history and distance from the tidal channel. Marsh
soils generally had higher bulk densities and TOC content (% and kg m™) than the infilling ponds
(Fig. 3; Table 2). Soil C:N ratios and sulfur content were also higher in the marsh, but only in the
rooting zone (A, 0-30 cm). Increasing distances from tidal channel correlated with lower bulk
densities and inorganic content and higher TOC% in both marsh and infilling pond soils (SI Table
2). Similarly, bulk density was lower in infilling ponds that were at greater distances from
mosquito ditches (SI Table 2). Overall, infilling pond soils displayed lower bulk density and TOC
content relative to the marsh as well as gradients with distance from the tidal creek.

Relationships between soil properties reveal strong patterns with bulk density and
inorganic contents (SI Fig. 3 - 4). Increasing bulk density significantly coincided with decreasing
TOC (%), sulfur content (%), and C:S for the infilling pond and the marsh to a lesser extent (Fig.
S3). Further, a significant relationship (p<0.05) between TOC (%) and LOI (%) provided an
equation to convert TOC content to organic and inorganic content within infilling pond and marsh
soils (Eq.1-2, Fig. S4).

TOC (%) = —1.03 + 0.45 (LOI%) Eq (1)

Inorganic (%) = 100 — LOI (%) Eq (2)
4.3.3 Accretion rates
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Soil accretion rates were determined using the CIC model (Appleby and Oldfield, 1978).
Mean CIC accretion rates for the marsh were 3.16 + 0.44 mm yr'!, demonstrating that the marsh is
keeping pace with local sea level rise rates based on the nearest long-term tide gauge in Boston
(Fig. 2b; 2.86 + 0.15 mm yr''; NOAA station #8443970).

Excess 2!°Pb did not reach secular equilibrium for four of the six infilling ponds, preventing
development of constant rate of supply models (Appleby and Oldfield, 1978; SI Fig. 2). Therefore,
we focused on CIC rates to compare accretion between infilling ponds and the marsh (Fig. 2b).
Accretion rates for the infilling ponds ranged from 4.8 — 10.9 mm yr'!; the lower end is due to
slower rates (4.82 mm yr'!') in Pond 2 where the excess ?!°Pb activity reached secular equilibrium.
There were no relationships between accretion rates and distance from the tidal channel; infilling
pond accretion rates were generally similar (9.0 — 10.9 mm yr!) despite varying in distance from
creek (33 — 94 m) (SI Fig. 1). Mean infilling pond accretion rates (8.78 + 0.84 mm yr'!') were
threefold greater than the marsh and local sea-level rise.

4.3.4 SOC reactivity, source, and age

Infilling pond and marsh soil carbon derived from autochthonous production and had
similar thermal properties (Fig. 4 - 5). Bulk soil 8'*C values ranged from -15.6 to -14.2 %o which
is more consistent with salt marsh grass production (e.g., S. alterniflora; -14.2 to -10.3 %o; Spivak
et al., 2018), than imported organic matter from terrestrial (-24 to - 18%o) or marine sources (-30
to -26%o) (Fig. 4; Bianchi and Canuel, 2011).

Marsh and infilling pond soil organic carbon had similar thermal decomposition patterns,
with a bimodal distribution encompassing pyrolysis of SOC pools at low and high temperatures
(Fig. 5). The 8"*C values of CO; evolved from SOC within a horizon generally became more
enriched (~1- 2%o) with increasing temperatures; this trend persisted across depth horizons in both
the marsh and infilling ponds (Fig. 5). One infilling pond (Pond #3) had an additional and
replicable peak at high temperatures (600 - 700°C) in the surface (0-2 cm) horizon that was not
present in deeper layers (Fig. 5f), with Fm>1 and 8'*C (-2%o) that were enriched relative to marsh,
marine, and terrestrial organic matter. The origin of this anomalous CO; peak is uncertain and
requires further investigation. We used thermograms to calculate two thermal indices, t50 and
thermal activation energies (kJ mol™!) (Fig. 4b-c). In the marsh, both indices generally increased
with depth, indicating a shift towards greater thermal stability (Fig. 4, SI Table 3). In contrast,
infilling pond soils had generally similar thermal properties with depth and in comparison to the
marsh at corresponding elevations (Fig. 4; SI Table 3).

Radiocarbon (F!“C) values generally decreased from low to high temperature fractions
reflecting a continuum of SOC age inputs (Fig. 5). In both the marsh and infilling pond surface,
low temperature fractions exhibited greater than modern F!*C values while the two highest
temperature fractions, which captured ~25% of the total CO» evolved had less than modern F!*C
values (Fig. 5). Marsh horizons deposited between 1960-1980, based on CIC age models, had
greater than modern F'*C values, which suggests incorporation of radiocarbon from nuclear bomb
testing (F'*C>1). Radiocarbon values of pond horizons at similar elevations did not mirror the
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those in the marsh (Fig. 5g — h). Instead, we observed elevated F!“C values (F'*C) for deeper pond
horizons (Fig. 5i-j) compared to the marsh at similar elevations that were deposited in 1850-1920
(Fig. 5d-e). Differences in soil ages at similar elevations as a result of pond infilling provides
additional complexity with regard to estimates of soil organic carbon turnover within the salt marsh.

4.4 DISCUSSION

Marsh recovery in the form of pond drainage and subsequent infilling occurs on decadal
scales. Since ditch installation in the 1920s, ponds drained and became recolonized with emergent
marsh grasses yet continue to reside at a lower elevation relative to the adjacent marsh particularly
within the marsh interior (100m away) (Fig. 2a, Table 1) Further, we observed distinct plant
characteristics (e.g. greater plant height and biomass) within the infilling ponds that coincided with
three-fold accretion rates within the infilling pond soils relative to the adjacent marsh and local sea
level rise rates (Fig. 2b — d). The soil composition of the rapidly infilling material — capturing
distinctions between the marsh rooting zone and deeper horizons - demonstrated that the infilling
ponds had lower bulk densities, TOC content (% and kg m™), C:N, and sulfur content than the
surrounding marsh (Fig. 3, Table 2). The sources of organic carbon for both environments were
autochthonous marsh material with similar thermal reactivities, yet radiocarbon dating revealed
distinctly different ages for soils deposited at the same elevation within the marsh that contributes
to further soil heterogeneity within the marsh environment (Fig. 4 — 5).

4.4.1 Biophysical drivers of pond elevation recovery

Infilling ponds remain at lower elevations compared to the surrounding marsh after nearly
a century of ditching, particularly at greater distances (~100 m) from the tidal creek (Fig. 2a). The
significant decrease in infilling pond elevations — and to a lesser extent the surrounding marsh -
with distance from creek highlights the role of the tidal creek and its supply of inorganic material
to marsh soil accretion and elevation gain (Fig. 2a, SI Table 2; Pethick, 1981; Kirwan and
Guntenspergen, 2010; Wilson et al., 2014). Both the infilling pond and marsh demonstrated
significant trends of greater bulk density and inorganic contents closer to the tidal creek and, to a
lesser extent, ditches, highlighting the proximal role of tidal creek high density inorganics to marsh
elevation gain (SI Table 2; Reed et al., 1999).

Yet, inorganic material from the tidal creek does not appear to play a larger role in pond
soil elevation gain in comparison to the surrounding marsh. Both TOC (%) and bulk densities were
lower in the infilling ponds compared to the adjacent marsh and the magnitude in the increase of
TOC (%) with increasing distance from tidal creek was similar for the adjacent marsh and infilling
ponds (Fig. 3; Table 2c, SI Table 2). Further, conversions of TOC (%) to inorganic soil
contributions demonstrated that the infilling ponds and adjacent marsh had generally similar
inorganic sediment contents, ranging from 60 — 70 %, which overlap infilling ponds within Plum
Island Estuary, MA (Wilson et al., 2014b). While infilling ponds indeed had lower TOC (%) and
correspondingly higher inorganic contents, we would expect the infilling ponds to have higher
bulk densities (estimated increase by 0.05% ; Morris et al., 2016) and differing trends with distance
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from the tidal creek compared to the surrounding marsh. Therefore, although the supply of
inorganics from the tidal creek may not be the primary driver in pond recovery, these marsh
hydrological features contribute to proximal marsh elevation gain in both infilling pond and
adjacent marsh environments.

Another aspect to pond recovery is the feedback between marsh grass production and
platform elevation relative to the tidal frame within the marsh environment (Fig. 2 c-d; Redfield,
1972; Morris et al., 2002; Nyman et al., 2006). The ability of S. alterniflora to respond in
production (e.g. plant height and biomass) due to the initial elevation differences within the drained
ponds relative to the surrounding marsh may derive from elevations within GBM (1.3 — 1.5 m
NAVDSS) that reside within the stable portion of the marsh equilibrium curve that allow for
revegetation and recovery within this marsh (Morris et al., 2002; Wilson et al., 2014). Once
elevations reach that of the surrounding marsh, plant productivity will respond by decreasing
biomass and plant heights, in turn reducing accretion rates (Allen, 2000). Mirroring the
conceptualization of the marsh equilibrium model, we found that the dominant marsh grass species
(S. alterniflora) plant heights and biomass were greater within the infilling ponds relative to the
surrounding marsh residing at a higher elevation (Fig. 2 ¢ — d, SI Table 1; Wilson et al., 2014;
Morris et al., 2002). Interestingly, we did not see significant differences in plant characteristics
within the infilling ponds relative to surface elevation or distances from the creek (SI Table 1).
This suggests that current infilling pond plant characteristics may be a response to original pond
elevations relative to the marsh, that have not yet adjusted to current gradients in surface elevation
that exist within the infilling ponds (Fig. 2a). This reflects the general equilibrium between the
marsh platform vegetation and elevation relative to the tidal frame that is an important driver of
salt marsh pond recovery in this marsh environment.

The combination of shifting plant characteristics and deposition of inorganic material from
the nearby tidal creek and ditches contribute to the rapid soil accretion rates within the infilling
ponds that represented a threefold increase from the surrounding marsh platform and local SLR
(Fig. 2b). Studies in Maine and Massachusetts that measured accretion rates of infilling ponds
found a similar or near tripling of accretion rates (~2 - 5 mm yr'!) relative to the high marsh
platform (~2 mm yr!) that were hypothesized to be a result of inorganic sediment deposition from
the tidal channel due to the large (60-70%) contribution of inorganics within pond soils (Wilson
et al., 2010, 2014b). In this study, the range of recovery accretion rates were less variable (9.0 —
10.9 mm yr!) for five of the six ponds, despite varying distances from both the tidal creek (33 —
94 m) and ditch (6 — 15m) (SI Fig. 1). In certain marshes, soil accretion appears to be driven by
plant productivity where accretion rates varied with organic matter accumulation rather than
mineral sedimentation, even in environments where inorganic material contributed up to 80% of
marsh soils (Mccaffrey and Thomson, 1980; Callaway et al., 1997; Nyman et al., 2006). In
combination, our findings demonstrate that the plant productivity response to elevation differences
is an important driver in rapid soil accretion rates within infilling ponds.

4.4.2 Infilling salt marsh ponds contribute to persistent spatial heterogeneity of soils
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Salt marsh ponds contribute to soil heterogeneity (Spivak et al., 2018; Luk et al., in prep),
which persists after decades of pond recovery. Studies of existing ponds in Plum Island Ecosystem
— Long Term Ecological research site (MA, USA) demonstrated that salt marsh ponds, particularly
at the surface horizons, have lower bulk density, TOC content, and C:N relative to the marsh at
similar elevations (Luk et al., in prep). The subsequent drainage and reestablishment of emergent
marsh grasses have resulted in revegetation and near recovery of elevation, yet differences in soil
characteristics such as bulk density, TOC content, and C:N endure (Fig. 3; Table 2c). Persistent
soil heterogeneity despite pond infilling may be a result of rapidly accumulating plant material,
reduced compaction of soils, and altered soil redox environment (Fig. 2b - Fig. 3). Overall, we
observe persistent spatial heterogeneity associated with infilling ponds indicating differences in
ecosystem functioning after close to a century of recovery.

Soil sulfur content can provide insight into the soil redox environment. Lower sulfur
contents within the rooting horizon of infilling pond soils may indicate changes in sulfur cycling
relative to the surrounding marsh platform, either from decreased sulfate reduction, increased
oxidation rates of reduced sulfur compounds, or shifts in the communities of
chemolithoautotrophic bacteria (Fig. 3 and Table 2; (Howarth, 1984; Gardner, 1990; Tobias and
Neubauer, 2019). Importantly, this change in S% may reveal changes in the redox environment
of infilling soils; more oxic conditions may reduce soil sulfur content and promote aerobic
decomposition of buried organic carbon (Luther and Church, 1988). Strong trends between bulk
soil properties particularly within the infilled ponds are consistent with removal of TOC content
corresponding with the accumulation of higher bulk densities from inorganic material. This
coincides with lower sulfur content and decreased preservation of carbon relative to sulfur (C:S)
(SI Fig. 3). At the same time, more oxic soil conditions within infilling ponds could promote plant
growth and soil accumulation (Fig. 2; Linthurst, 1979; Mendelssohn et al., 1981) due to the
oxidation of toxic sulfur compounds (e.g. H>S; King et al., 1982; Giblin and Howarth, 1984).
Relationships between soil sulfur content and plant height were tested but resulted in a weak
relationship (p<0.10) between decreasing soil sulfur corresponding with increased plant heights.
Therefore, lower TOC (kg m™) within the infilling ponds relative to the marsh can be a result of
processes associated with increased aerobic decomposition within infilling pond soils as well as
differences in the initial composition of buried marsh material (Table 2).

Rapidly infilling material that coincides with pond recovery on the marsh platform results
in distinctly different soil composition than that of the surrounding marsh. Particularly in the case
of ecosystem-wide marsh carbon storage, lower TOC content combined with potentially more
favorable conditions for aerobic organic matter decomposition, indicate that carbon storage
services continue to be altered and reduced within both existing and infilling ponds. After decades
of recovery, infilling ponds have not returned to the original vegetated marsh state with a similar
set of ecosystem functions.

4.4.3 Age differences in salt marsh soil organic carbon contributing to pond infilling
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Despite the heterogeneity in soil composition and carbon content in infilling ponds, the
overall sources of the soil organic carbon demonstrate that within this system, autochthonous
marsh material contributes to pond recovery (Fig. 5). The similarity in 8'3C (-15.6 to -14.2 %o; Fig.
5) falling within the typical range of marsh organic matter (-14 to -10.3 %o; Spivak and Ossolinski,
2016; Spivak et al., 2018) across horizons overlapping the adjacent marsh soils indicate that
infilling ponds do not appear to significantly trap terrestrial (-30 to -26%o) or marine material (-24
to -18%o) during tidal inundation relative to the surrounding marsh (Bianchi and Canuel, 2011).
Differences in soil composition and carbon content therefore reflect potentially differing
contributions of marsh sources (e.g. benthic microalgae, S. alterniflora), plant composition and
structure, or rates of organic matter decomposition (Spivak et al., 2018; Wang et al., 2003;
Windham, 2001).

While it is difficult to link thermal properties to bioavailability, previous studies found that
increased decomposition coincided with increased thermal stability and enrichment in bulk §!*C
in salt marsh environments associated with the loss of thermally reactive SOC and 8'*C depleted
compounds such as lipids and carbohydrates (Williams and Rosenheim, 2015; Sanderman and
Grandy, 2019; Luk et al., 2021). Here, we observe similar trends of enrichment in 'C and
increase in thermal stability with depth in the marsh and to a lesser extent the infilling ponds that
are consistent with microbial reworking of salt marsh organic matter (Fig. 4 - 5). The similarities
in paired infilling pond and adjacent marsh horizon thermal properties, bulk 8'3C, and §'*C-CO,
of the evolved RPO fractions suggest that the rapid rate of fresh marsh material infilling the ponds
(Fig. 2b; Fig. 5) and favorable redox environment for soil organic matter decomposition (Fig. 3e)
result in comparable thermal reactivity profiles. Thus, the waterlogged environment of soils on an
ecosystem-wide scale is efficient at SOC preservation with compounds capturing a range of
thermal reactivities within the infilling pond and marsh environments.

Interestingly, we find a consistent contribution of older more thermally stable material (Fm
< 1) with 83C reflecting contributions of autochthonous marsh material within both the infilling
pond and adjacent marsh environments (Fig. 5a, f). Conceptualizations of salt marsh carbon burial
hinge on the assumption that new primary production is the sole contributor to carbon burial and
elevation gain on the marsh platform (Chmura ef al., 2003; Ouyang and Lee, 2014). Yet, we find
that older marsh material contributes to surface (0 — 2 cm) soil organic carbon (~25%) that is likely
recycled from the nearby eroding creekbanks or ditches (Hopkinson et al., 2018; Luk et al., 2021).
Further, contributions of this older material were consistent across infilling pond surface SOC
despite varying distances from channels (8 - 14m) or ditches (6 — 13m) (Table 1). While this
suggests that carbon storage estimates are currently upwardly skewed by ~25% due to the inclusion
of this recycled material at the surface of the marsh and lower carbon contents due to ponding,
infilling ponds do not contribute to further errors in carbon storage by enhancing the entrapment
and burial of older recycled marsh material.

Extending below the surface horizon of the infilling ponds and marsh, we find differences
in the radiocarbon age of the SOC pools associated with a range of thermal reactivities (Fig. 5 b-
e, g-1). While soil horizons from the surrounding marsh exhibited bomb radiocarbon incorporation
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corresponding to the year of deposition in the 1960s-1980s (Fig. 5 b-c), the radiocarbon spike
within infilling pond soils occurred at deeper soil horizons that were paired in elevation to the
surrounding marsh deposited around the 1850s (Fig. 51). This provides an additional chronometer
to pond infilling since by the 1960s the ponds had not yet caught up in elevation to the surrounding
marsh with an ~ 30 cm deficit in elevation relative to the adjacent marsh. Assuming the 0.83 —
0.85 m NAVDSS infilling pond captured radiocarbon atmospheric conditions in the 1960s, to
achieve current day elevations of 1.39 — 1.46 m NAVDS88 would require an accretion rate of ~10
mm yr!, which is consistent with infilling pond 2!°Pb CIC accretion rates (4.8 — 10.9 mm yr!).
This is a first order calculation since the radiocarbon signature of soil organic carbon records new
production within both above- and below-ground biomass (Trumbore, 1997, 2009). Therefore, this
estimated elevation differential around the 1960s is likely high since it does not include potential
incorporation of bomb carbon in the marsh rhizosphere, but demonstrates expected differences in
soil organic carbon ages associated with pond recovery.

Marsh soils dominated by autochthonous organic matter inputs deposited from 1850 —2018
demonstrate incorporation of bomb radiocarbon particularly during the years 1960 and 1980 (Fig.
5b-c) suggesting that soil incorporation and turnover within the marsh occurs on decadal
timescales, capturing the shift in radiocarbon within the atmospheric reservoir (Torn ef al., 2009;
Trumbore, 2009). Importantly, the differences in soil organic carbon ages are a necessary
consideration when employing techniques such as bomb carbon modeling that exploits the
intrusion of *C enriched CO> into plant material to estimate carbon inputs and turnover times
(Trumbore, 2009). Particularly, the time horizon in which carbon turnover would be calculated is
considerably different within the infilling pond and adjacent marsh; the latter would span more
than a century of carbon turnover while the former, a few decades. This is a critical component for
carbon modeling exercises that aim to capture longer term soil decomposition relevant for future
climate scenarios (Day et al., 1999; Kirwan and Mudd, 2012); characterizing SOC decomposition
on shorter timescales within infilling ponds can result in more rapid decomposition rates that do
not encompass the decay of slow-cycling SOC (Trumbore, 1997; Choi and Wang, 2004).
Therefore, the spatial heterogeneity in soil organic carbon age across a range of thermal reactivities
serves as an additional facet to be considered when estimating carbon turnover and resulting carbon
persistence in marsh ecosystems.

4.4.4 Future ponding can impact marsh carbon storage estimates

Habitat heterogeneity can impact ecosystem-scale estimates of carbon storage and impede
restoration efforts by wetland managers balancing human health aspects and marsh ecosystem
service delivery. The goals of resource managers that continue to maintain the ditches in GBM
have since expanded from mosquito population management to also include preserving and
enhancing salt marsh ecosystem service delivery such as carbon storage (G. Sakolsky pers comm.).
We find that carbon content in an infilling pond reveals that the full life cycle of a pond — from
formation to infilling — represents a net loss of carbon on the order of 14.9 — 17.2 kg m™ based on
differences in whole core TOC content between the marsh and infilling pond, when calculating
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carbon storage in the upper meter of the soil column (Table 2c). Factoring in both differences in
carbon content and elevation, and assuming the percent of infilling pond area is 13% (based on
current ponding rate in GBM), carbon budget estimates would be 7% higher if the marsh was
assumed to be a homogeneous vegetated marsh environment. This has important implications for
a future of global change in which internal marsh loss through ponding is expected to increase,
augmenting future uncertainty in carbon storage estimates and ecosystem service valuation
(Kirwan et al., 2008; Mariotti, 2016).

4.5 CONCLUSION

Salt marsh managers are tasked with employing management strategies that must balance
historical management actions, human health, and the continued delivery of vital salt marsh
ecosystem services. Crucial to this effort is the evaluation of the impacts of these management
strategies with these targets in mind; after nearly a century of ditch maintenance in Great
Barnstable Marsh, we observe that ditches promote the recovery of ponds through rapid soil
accretion rates, although soil composition characteristics (e.g. carbon and sulfur content) within
infilling ponds continue to contribute to spatial heterogeneity in salt marsh ecosystem services.
While the sources of organic matter appear to be a similar mixture of new and old autochthonous
marsh material within these infilling features, the age of the carbon and time window of soil burial
can impede efforts to accurately constrain global carbon burial and turnover times. With predicted
future expansion of ponds and marsh interior loss associated with increasing sea-level rise, we find
that this stable marsh system can recover in elevation through accretion via plant productivity,
providing insight to salt marsh managers of potential recovery processes for similar marshes
experiencing significant vegetation disturbances (Schepers et al., 2017; Penland et al., 2002).
These findings are applicable to relatively healthy salt marsh environments that have experienced
historical ditching; future exploration is required to determine whether natural pond infilling
processes in marshes lower in the tidal frame proceed in a similar fashion to ditch-induced pond
infilling. To fully incorporate the impacts of anthropogenic ditches on ecosystem service delivery,
further exploration is needed to quantify the spatial extent of ditches and existing ponds and the
incorporation of these features into carbon management in a future with global change.
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Table 1: Six infilling ponds with measured elevations (m NAVDS88) in the field. Distances from
paired adjacent marsh site (m), tidal channel (m), and nearest ditch (m) were measured using soil
core coordinates in Google Earth.

Pond Elevation Distance from Distance from Distance from
(m NAVDS88) Pair (m) channel (m) ditch (m)
1 1.35 17 88 8
2 1.36 13 94 15
3 1.44 10 49 6
4 1.46 8 33 13
5 1.40 14 41 9
6 1.31 30 76 9
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Table 2: Downcore comparisons of the a) infilling pond and b) marsh environments and c)
between environment contrast analysis. Contrasts are presented within soil zones (A-C), described
in the methods section. Contrast coefficients provide the magnitude difference in soil zones (e.g.
A — B) and between infilling pond and marsh environments at corresponding soil zones (e.g.
MARSH — POND: A). Bolded values are significant at p<0.05.

Bulk Density Total Organic TOC C:N Sulfur
Contrast logio(g cm™) Carbon logyo(%) (kg m?) logyo(molar ratio) (%)
d. =)
g B 0.11 471
¢ B -0.11
S A-C -0.14 0.17
b.
. -B 0.12 4,99 0.08
£ 8-
=
- 0.11 0.08
C. o
Z 0.09 0.15 17.20 0.09 0.24
: B 0.14 0.14 16.90
S C 0.21 14.90
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Figure 1: Great Barnstable Marsh, MA, USA (inset map of marsh location within MA) and
photographs from 1938 (US Geological Survey) of the 6 infilling ponds focused in this study
(Google Earth).
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Figure 2: Infilling pond and adjacent marsh (a) elevations (m, NAVDS8S) relative to distance
from creek (m), (b) accretion rates, (mm yr!) and (¢) S. alterniflora plant height (cm) and (d)
biomass (g m2). A linear regression was used to determine whether elevation varied with
distance from tidal creek (Fig. 2a); bolded regression lines indicate significance at p<0.05. Bar
plot data are means and standard error.
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(TOC % and kg m™) content, (¢) C:N ratios (molar), and (d) sulfur content (%) by depth horizon.
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Data represented are mean and associated standard error.
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Figure 5: Soil organic carbon thermograms, sources (8'3C), and ages (F'*C) of marsh (a-¢) and
infilling pond (f-j). Dotted bars are F'*C values for fractions collected over a temperature
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SUPPLEMENTAL TABLES AND FIGURES

Table S1: Multiple linear regression results predicting plant characteristics using an indicator for
infilling pond (PondIndicator), distance from creek (Distance from Creek), and platform elevation
(Elevation). Coefficients are displayed with number of observations (Observations) and r-squared
values. Greyed out values indicate coefficient were not significant (p-value>0.05).

Biomass Plant Height

VARIABLES - (cm)
PondIndicator 392.6 22.61
Distance from Creek

Elevation

Observations 18 18
R-squared 0.55 0.62
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Table S2: Multiple linear regression results predicting bulk soil properties for the (a) infilling
pond and (b) adjacent marsh soils using independent variables of each marsh or pond soil core
site location (SiteID), depth zones defined as rooting (0-30cm), intermediate (30-45cm), and
deep (45-60cm) soil horizons, distance from creek, and distance from ditch. Coefficients are
displayed with number of observations (Observations) and r-squared values. Bolded values are
significant coefficients (p-value<0.05).

a. Infilling Pond

Bulk Density Total Organic Toc Iogl(():(::\olar Sulfur Inorganic (%)
VARIABLES log10(g cm?®)  Carbon log10(%) (kg m?) ratio) (%)
SitelD
Zone 0.042 -0.031 -0.018 0.011
Distance from Creek -0.002 0.001 0.005 -0.001
Distance from Ditch -0.015 -0.003
Observations 114 114 114 114 103 114
R-squared 0.44 0.75 0.18 0.31 0.40 0.70
b. Adjacent Marsh

. . CN

VARIABLES Bulk Densﬂ:( Total Organic Toc log10(molar Sulfur Inorganic (%)

log10(g cm™)  Carbon log10(%) (kg m?®) ratio) (%)
SitelD 0.022 2.325
Zone -0.045 -2.312 -0.025 0.028
Distance from Creek -0.002 0.002 0.001 -0.001
Distance from Ditch
Observations 117 117 117 117 90 117
R-squared 0.45 0.67 0.37 0.65 0.27 0.60

93



Table S3: SOC source (8'°C) and reactivity (t50, activation energy) for the infilling pond and
adjacent marsh by elevation (Fig. 4). Data presented are mean and associated standard errors in

parentheses.

53¢ (per mil) t50 (C) Activation Energy (k) mol™)
Elevation Infilling Pond Marsh Infilling Pond Marsh Infilling Pond Marsh
1.40 - 1.46 -15.57 (0.27) -15.39 (0.0) 320 (13.1) 312.7 (16.1) 151.4 (5.5) 147.2 (3.4)
1.25-1.31 -15.28 (0.08) -15.57 (0.87) 328.2 (10.1) 331.2 (9.4) 150.6 (1.2) 151.3 (0.2)
1.16-1.27 -15.48 (0.03) -14.17 (0.05) 339.4 (13.9) 338.1(9.7) 151.3 (0.1) 152.5 (0.3)
1.09-1.18 -15.35 (0.07) -14.15 (0.06) 336.7 (12) 345.9 (9.4) 152.1 (1.3) 154.4 (0.5)
0.83-0.85 -14.95 (0.97) -14.62 (0.49) 337 (9.9) 346.2 (11.7) 152.9 (0.4) 154.6 (1.8)

94



-
N

0O
10+
e 0O O
. [ | |
>
£ 8
£
9
g e
.S ' ] “
© 4
2 "
= Marsh
= Infilling Pond
0 1 1
0 20 40 60 80 100

Distance from Creek (m)
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Fig. S3: Infilling pond and marsh soil bulk density (g cm™) plotted against a) TOC (%) b) S (%),
and c) C:S ratios. Linear trends between bulk soil properties were tested with bolded dashed lines
indicating significance (p<0.05).
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Chapter 5: Impacts of mosquito ditches on salt marsh carbon
stocks and future sustainability

ABSTRACT

Salt marshes play an important role in the wellbeing and resilience of coastal communities
to global change (e.g., sea-level rise, storms). Yet, the ability of these ecosystems to deliver
valuable ecosystem services may be impacted by historical and current resource management
decisions that have altered marsh hydrology (e.g., mosquito ditching). We compared long-term
soil records and plant characteristics from the ditched (60%) and unditched (40%) portions of a
New England salt marsh system (Great Barnstable Marsh, MA, USA) at differing distance from
the main tidal channel (0-100m), to understand how natural and altered marsh hydrology can
impact current and future marsh ecosystem functioning. Differences in plant characteristics, soil
accretion, and soil organic carbon composition and reactivity were minimal at ditched and
unditched marsh locations closest to the tidal channel, highlighting the important role of natural
marsh hydrology to key ecosystem functions. Within the marsh interior 100m away from the tidal
channel, decades of ditching coincided with lower elevations (0.15 + 0.04 m lower) and slower
soil accumulation since ditch implementation within the ditched marsh (4.7 + 0.17 mm yr'!)
compared to the unditched marsh (5.06 + 0.11 mm yr'!). However, we observed a biogeomorphic
response to lower ditched marsh elevations within the tidal frame that dominated current plant
characteristics and the long-term soil record within the ditched marsh interior. This was
demonstrated by greater plant canopy heights, increased total organic carbon content from recent,
local marsh grasses, and a 45% increase in recent soil accretion rates (2000-2018; 6.52 + 0.50 mm
yr'!) from the period after initial ditch implementation (1920-1940; 4.51 + 0.29 mm yr'!) within
the ditched marsh interior. Incorporating ditches, existing and infilled ponds, and the elevation
differences within the marsh interior, we find that the maintenance of mosquito ditches have
resulted in an insignificant change in carbon storage ecosystem services after a century of ditching.
This must be balanced with the costs of ditch maintenance and potential losses in other ecosystem
service values (e.g. recreational bird watching, storm-surge buffering) for accurate cost-benefit
analysis and effective management decisions that can optimize both human health aspects and the
future health of these valuable ecosystems.
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5.1 INTRODUCTION

Salt marshes have long served human populations due to the delivery of productive
ecosystem services (e.g. fisheries, high carbon burial rates), playing an important role in the
wellbeing of coastal communities and their resilience to global change (e.g. increased storm
intensities and sea-level rise) (Moeller et al., 1996; Gedan et al., 2009; Barbier et al., 2011). Yet,
these environments have been heavily altered by human activities (Vitousek et al., 1997; Gedan et
al., 2009) such as mosquito ditching (Stearns and MacCreary, 1936; Adamowicz and Roman,
2005). Employed on a large scale in 90% of Mid-Atlantic and New England salt marshes during
the Great Depression, ditching had the dual purpose of providing employment opportunities as
well as reducing mosquito populations that breed on standing ponds on the marsh platform
(Kennish, 2001; James-Pirri et al., 2009; Riepe, 2010). Yet, management decisions often involve
a tradeoff between optimizing one ecosystem service to the detriment of another; the long-term
net impacts of ditches on marsh ecosystem functioning (e.g. plant productivity) and delivery of
ecosystem services(e.g. carbon storage) remain unclear. After nearly a century of ditching, it is
necessary to quantify both the short- and long-term impacts that ditching has on the marsh
landscape (e.g. marsh platform elevations, salt marsh ponds) and resulting ecosystem functioning
(e.g. soil accumulation, carbon burial) for effective tradeoff analysis and decision-making.

Mosquito ditching is effective in altering marsh hydrology to promote pond infilling on the
marsh platform, in part mimicking the role of the tidal channel in natural pond recovery (Portnoy,
1999; Adamowicz and Roman, 2005; Burdick et al., 2020). Typically, permanently inundated
ponds can persist for decades until intersecting with a tidal channel and draining which allows for
subsequent recovery via recolonization of marsh grasses and rapid vertical soil accretion
(Adamowicz and Roman, 2005; Wilson et al, 2014). Marsh hydrology driven in part by the tidal
channel plays a key role in salt marsh ecosystem functioning (Fagherazzi et al., 2012, 2013;
Kearney and Fagherazzi, 2016; Liu et al., 2020). Dictated by factors such as distance from tidal
channel and elevation within the tidal frame, the duration and frequency of marsh platform
flooding influences the delivery of inorganic and organic material, nutrient availability, plant
species distribution and productivity, and soil redox environment (Redfield, 1972; Nixon, 1980;
Sanderson et al., 2001; Fagherazzi et al., 2012). Therefore, the installation of ditches may interact
with the tidal channel to impact fundamental marsh ecosystem functions. Considering the
importance of hydrology to marsh ecosystem dynamics, it is necessary to explore how the tidal
channel and ditches in the salt marsh intermingle to influence the spatial heterogeneity of salt
marsh ecosystem functioning (e.g. plant species, elevation, soil accumulation).

Enhancing the drainage of the marsh platform and initiating pond recovery can result in
biogeochemical processes that oftentimes act in opposition of one another, making it difficult to
predict the net outcome on marsh ecosystem functioning over the timespan since ditch
implementation. First, the physical removal of soils during ditch digging represents a reduction in
vegetated marsh platform, loss of previously buried carbon, and can increase opportunities for soil
erosion at the ditch edge (Roman and Burdick, 2012). Further, increased drainage of the marsh
platform and lowering of the water table can lead to compaction of marsh soils as well as more
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oxic conditions that can stimulate decomposition of buried organic matter (Lesser, 1982; Whigham
et al., 1982; Portnoy, 1999). In combination, these physical and biogeochemical processes can
contribute to the observed 9 — 20 cm subsidence of ditched marshes (Vincent ez al., 2013; Burdick
et al., 2020) that may affect whether the marsh can survive future increases in sea-level (Kirwan
et al., 2013). Concurrently, more oxic conditions and increased flushing of soils can reduce the
buildup of toxic sulfides (King et al., 1982; Giblin and Howarth, 1984) and promote marsh grass
growth (Linthurst, 1979; Mendelssohn et al., 1981) leading to increases in soil accumulation and
elevation gain. Therefore, understanding the dominating mechanism in these conflicting
biogeochemical processes - organic matter decomposition or increased carbon inputs — that are
intrinsically linked with elevation can elucidate the changes in marsh ecosystem services and
future marsh survival associated with ditching.

A particular concern is how anthropogenic ditching might impact marsh carbon storage.
Salt marshes bury a sizable amount of carbon per unit area (18-1,713 g C m'2; Ouyang and Lee,
2014) and are ideal systems to assess the management of blue carbon stocks and subsequent cost-
benefit analysis due to the close proximity with human communities. With the infilling of ponds
and potential loss in marsh platform elevation associated with ditching (Adamowicz and Roman,
2005; Burdick et al., 2020), it is unclear whether these processes coincide with changes in plant
community composition, the dominant inputs of soil organic carbon, and soil decomposition
processes. Further, the timescales at which these processes occur may be important. If rapid
elevation loss occurred immediately after ditch installation, the biogeomorphic response to greater
flooding at lower elevations may lead to increased plant growth and burial of inorganic and organic
material (Morris et al., 2002; Schile et al., 2014). This would allow the marsh platform to recover
in elevation and accumulate potentially more fresh, reactive soil organic carbon from primary
production. Yet, if long-term decomposition of previously buried organic carbon dominates the
soil record over the past century, we would expect consistent losses in elevation and soil carbon
over time as well as an accumulation of detrital, less reactive soil organic carbon within the ditched
marsh (Bianchi and Canuel, 2011; Luk et al., 2021). Our goal was to gain insight into the potential
biogeochemical processes associated with ditching and marsh platform elevation that informs
estimates of net ecosystem-wide carbon budgets and overall sustainability.

We compared the ditched and unditched portions of a New England salt marsh system to
understand the long-term impacts of mosquito ditching, expanding on previous studies of ditching
impacts focused on localized effects within the ditched marsh (Vincent et al., 2013; Burdick et al.,
2020). Our objective was to determine how soil characteristics differed across ditched and
unditched marsh environments in relation to the tidal channel that may elucidate the impacts of
altered and natural marsh hydrology on marsh ecosystem functioning (e.g. pond recovery,
elevation maintenance, carbon burial). To this end, we analyzed the soil composition, organic
matter sources and reactivity, and accretion rates of soil records within the ditched and unditched
marsh at locations near the tidal channel and 100m within the marsh interior. We hypothesize that
dewatering of the marsh platform led to decomposition-driven long-term elevation loss within the
ditched marsh that would be reflected in increased bulk density, slower rates of accretion,
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decreased soil organic carbon content, and accumulation of more detrital, thermally stable, soil
organic carbon of ditched marsh soils relative to the unditched marsh. Finally, we posit that despite
initiating pond recovery, the ditched marsh would represent decreased carbon storage capacity and
loss in marsh ecosystem service values compared to the unditched marsh due to lower elevations,
organic carbon content, and the presence of ditches.

5.2 METHODS
5.2.1 Study site

Great Barnstable Marsh, MA, USA (41.729007°, -70.376137°) is a macrotidal system
(mean tidal range 3 m) with an extensive high marsh platform (~10 km?). A portion of this system
was historically ditched in the 1930s and the mosquito ditches are currently maintained by the
Cape Cod Mosquito Control Project. The ditched (60%) and unditched (40%) marsh are collocated
in large, adjacent swaths (>1 km?), intersected by natural tidal channels that connect to Cape Cod
Bay (Fig. 1). We selected three replicate transects (0-100 m) that laid perpendicular to the tidal
channels in the ditched and unditched marshes. Within each transect we collected ~60 cm soil
cores near the creekbank edge (1 - 5 m away) and 100 m away from this point toward the marsh
interior, which are referred to as the 0 m and 100 m soil cores, respectively. Marsh platform
elevations were measured using a real time kinematic unit. Sampling was carried out in the
Summer — Fall of 2018.

5.2.2 Plant characteristics

Plant community characteristics were determined in 1 m? quadrats at 25 m increments
along each transect. Percent cover of plant species was visually estimated within the quadrat.
Canopy height was determined by measuring the height of the five tallest plants of each species.

5.2.3 Bulk soil properties

Soil cores were sectioned into 1-2 cm horizons, with a finer resolution in the upper 45 cm.
Soil water content (%) and bulk density (g cm™) were determined gravimetrically by drying to
constant mass (80 °C). For subsequent elemental analysis, samples at 2 cm increments were sieved
(1 mm) to remove roots, ball milled and analyzed for total organic carbon [TOC], total nitrogen
[TN], and total sulfur [TS]. Samples for TOC and TN analyses were fumed with hydrochloric acid
to remove carbonates prior to analysis (Lorrain et al., 2003). We focused on the fine fraction of
soils (<Imm) to characterize material consistent with the functional definitions of refractory SOC
that contribute to long-term elevation gain within the salt marsh (Bruun et al., 2010; Anisfeld and
Hill, 2012).

5.2.4 Soil age models

Soil accretion rates were constrained through measurements of '*’Cs, 2!°Pb, and ??°Ra on a
planar-type gamma counter (Canberra, Inc. USA; Gonneea et al., 2019). Measured activities of
219Pb were then processed through rPlum to obtain Bayesian estimates of accretion rate and
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corresponding confidence intervals (Aquino-Lopez et al., 2018). The model was run using
measured 22°Ra activities as individual estimates of supported 2!°Pb within each soil horizon.

5.2.5 Thermal reactivity and carbon isotope measurements

The thermal reactivity of soil organic carbon was characterized through ramped pyrolysis
oxidation (RPO) at the National Ocean Sciences Accelerator Mass Spectrometry Facility (Woods
Hole, MA). In order to capture periods spanning the history of ditching on the marsh platform, we
selected soil horizons that were deposited around 1850, 1900, 1920, 1960, and 2018 based on
marsh radioisotope age models. Samples of 1 cm ball milled horizons were homogenized before
placing ~20-40 mg within a reactor where temperatures were ramped at 5°C min’! to 1000°C
(Rosenheim et al., 2008). The evolved carbon dioxide (CO;) was measured by a flow-through
infrared gas analyzer and thermograms were constructed by plotting concentration versus
temperature.

We subsequently analyzed CO, evolved via RPO for *C (8'3C, %o) and '“C (as F!4C)
composition (McNichol et al., 1994b; Reimer et al., 2004). The CO; fractions were collected over
five temperature intervals; there were three low (200 — 465 °C) and two high (465 — 650 °C)
temperature fractions, based on the evolution of two distinct peaks within the thermogram. The
isotopic composition of evolved CO> was analyzed for all five fractions for the surface horizon (0-
2 cm) corresponding to the collection year of 2018 while two of the five fractions were analyzed
for the deeper horizons. The sample fraction subset was selected to represent CO: collected at the
lowest and highest temperature ranges and reflect SOC age and source endmembers. Bulk soil
813C of the analyzed horizons was measured at Marine Biological Laboratory (Woods Hole, MA)
and used for RPO fraction blank correction.

We evaluated SOC thermal reactivity by calculating temperatures at which 50% of soil
organic carbon was pyrolyzed (t50) and thermal activation energies (Ea kJ mol!). The thermal
activation energy and blank correction were calculated using the Python package rampedpyrox
(Hemingway et al., 2017a, 2017b).

5.2.6 Tidal creek total suspended sediments

To constrain the role of tidal creek sediments to marsh elevation gain, we measured total
suspended sediment in the main tidal creek adjacent to the ditched and unditched marsh transects.
Triplicate samples were collected in 1L pre-combusted bottles within the tidal creek on flood and
ebb tides on four sampling days between June 215 — August 1%, 2018. Samples were filtered
through glass fiber filters (pre-combusted and weighed; nominal pore size 0.45 pum). Filters were
dried to constant mass at60°C and total suspended sediment concentrations were calculated by
normalizing sediment mass to volume of tidal creek water filtered.

5.2.7 Data analysis

We conducted statistical analyses to detect differences between the ditched and unditched
marshes in 3 depth horizons: 0-30 cm (S. alterniflora rooting zone), 30-45 cm (just below the
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rooting zone), and 45-60 cm (deeper horizons). Based on Kolmogorov-Smirnov goodness-of-fit
hypothesis tests, four response variables (bulk density, TN (%), C:N, and TOC (%)) were log-
transformed prior to analyses to meet assumptions of normality. First, we conducted post-hoc
contrasts of mixed effect linear models to detect differences between the ditched and unditched
and within different depth zones across the entire marsh (near-channel + marsh interior), and at
differing distances from the tidal channel (near-channel vs. marsh interior). To detect differences
in marsh environments near the tidal channel versus 100m within the marsh interior, we conducted
post-hoc contrasts of mixed linear models testing differences with distance from tidal channel and
different depth zones within the entire marsh (ditched + unditched) and the ditched and unditched
marsh, individually. These tests allowed us to identify transitions in bulk soil properties between
different marsh environments relative to the tidal channel.

5.3 RESULTS
5.3.1 Marsh elevations and accretion rates

Marsh elevations were similar closest to the tidal channel near mean higher-high water, but
diverged towards the interior with the ditched marsh falling 0.15 + 0.04 m lower than the unditched
marsh (Fig. 2, Table 1; NOAA station #8443970). Ditched marsh elevations decreased (0.10 +
0.06 m) and unditched marsh elevations increased (0.12 + 0.05m) towards the marsh interior (Fig.
2, Table 1). While near-channel accretion rates (4.73 + 0.10 mm yr'!) were similar, mean soil
accretion rates in the marsh interior were lower in the ditched (4.70 + 0.17 mm yr'!) compared to
the unditched (5.06 + 0.11 mm yr'') marsh, though both exceeded the sea-level rise rates in Boston
Harbor (2.86 + 0.15 mm yr''; NOAA station #8443970) (Fig. 3a).

Time period analysis of accretion rates demonstrated a general increase in accretion rates from
the 1920 — 1940 to 2000 — 2018 that correspond to increases in RSLR (3.9 = 0.86 to 5.6 +1.5 mm
yr'l; NOAA station #8443970) (Fig. 3b — ¢). Particularly, ditched marsh interior accretion rates
increased from 4.51 +0.29 mm yr! to 6.52 + 0.50 mm yr'!, respectively, over this time period (Fig.
3c). The near-channel unditched marsh displayed similar significant increases from 4.56 + 0.10
mm yr! to 6.07 + 0.46 mm yr! (Fig. 3b). Overall - since the installation of ditches in the 1920s -
the ditched marsh interior resides at a lower elevation that coincides with overall lower soil
accretion rates when compared to its unditched marsh counterpart, yet contemporary accretion
rates appear to have increased since earlier periods.

5.3.2 Plant characteristics

Spartina alterniflora was the main grass species in both the ditched and unditched marshes
(Fig. 4, Table 1). Plant canopy heights were greatest at the near channel (0 m) and decreased
towards the marsh interior. Further, canopy heights were taller in the ditched marsh, with
differences that became more pronounced within the marsh interior (Fig. 4).

5.3.3 Bulk soil properties

104



Ditched marsh soils had higher TOC content (kg m; 0-40 cm) and C:N ratios (0-30 cm),
compared to the unditched marsh (Fig. 5, Table 2a). Soil properties at the near-channel sites were
largely similar between the unditched and ditched marshes, with the exception of higher TOC
content and lower S content in the upper horizons of the ditched marsh (Fig. 5 f, h; Table 2b).
There were stronger contrasts between the marsh interiors of ditched and unditched marshes as
TOC, sulfur content, and C:N ratios were higher in the ditched marsh (Fig. 5f - h, Table 2c).
Generally, the ditched marsh had greater sulfur contents within the deep soil horizon (C: 45 —
70cm; Table 2a), particularly within the ditched interior marsh soil horizons demonstrating greater
preservation of sulfides (Table 2¢). Consistent enrichments in carbon and sulfur in ditched marsh
soils relative to unditched soils were amplified within the ditched marsh interior.

Differences between the ditched and unditched marsh were overshadowed by comparisons of
marsh environments near the tidal channel and 100m within the marsh interior (Fig. Se-h, Table
3). Near channel soils tended to have higher bulk densities, lower C:N ratios and sulfur content
compared to the interior (Table 3a), with much greater differences in the soils compared to ditched
versus unditched comparisons (Table 2a). Particularly, the ditched marsh demonstrated significant
transitions in all bulk soil properties across all soil horizons (Table 3c). Near channel soils in the
ditched marsh had lower TOC content and C:N values compared to the marsh interior soils (Table
3¢); a trend which was more muted within the unditched marsh (Table 3b). Therefore, ditched
marshes appear to have greater marsh soil trends associated with distance from the tidal channel
relative to unditched marsh soils.

5.3.4 SOC thermal reactivity, sources, and age

Marsh grasses were the main source of SOM to ditched and unditched marshes, as 8'3C values
ranged from -13.4 to -15.9 %o (Fig. 6 - 7; Spivak and Ossolinski 2016). Near-channel SOC had lower
t50 and Ea values than interior soils in surface horizons (Fig. 6). Below the 1980 horizon (11 —
17cm depth), however, SOC thermal properties were similar in near channel and interior sites of
both ditched and unditched marshes (Fig. 6 e-f). Surprisingly, we found few differences in soil
thermal properties between ditched and unditched marshes, indicating that distance from the tidal
creek had a stronger influence on soil thermal reactivity (Fig. 6).

Soil radiocarbon (F!4C) values obtained from RPO provide additional carbon source and age
information (Fig. 7, SI Table 1). As expected, F!*C values typically decreased from low to high
temperature fractions, indicating that less thermally reactive carbon was associated older
radiocarbon ages (Fig. 7, SI Table 1). Surface SOC pyrolyzed at < 400 °C had modern F!4C values
while more thermally stable carbon, representing 46+1% and 27+2% of the carbon pool in the
unditched and ditched surface soils respectively, had F'*C values <1 (Fig. 7, SI Table 1). At the
near channel locations, average contributions of old material were similar (24 - 25%), which
became differentiated within the marsh interior for the ditched (16+4%) and unditched (33+0%)
marsh (SI Table 1). This increased contribution of thermally stable old marsh carbon in the ditched
marsh interior mirrors previously observed increased thermal stability of the bulk SOC (Fig. 6).
The 1980 and 1960 horizons, based on 2!°Pb age models, demonstrated incorporation of nuclear
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bomb carbon with Fm >1 in the low and high temperature fractions. The 1850 and 1920 horizons,
deposited prior to ditching, were characterized by Fm values of 0.92 — 1.00, similar to the ditched
and unditched marsh interior for the low and high temperature fraction. Overall, SOC thermal
properties and F'*C values suggest that ditching did not alter soil carbon reactivity and processes
such as redistribution of eroded, old material likely contributes to vertical accretion rates.

5.3.5 Incorporation of mosquito ditches into the marsh carbon budget

To understand the change in marsh carbon storage associated with ditching, we calculated
carbon stocks within an unditched marsh system with existing ponds and a ditched marsh system
with infilled ponds (Table 4). In the first scenario, existing pond volumes were subtracted from
the volume of marsh in the upper meter of the soil column. We did this by assuming that 13% of
the Great Barnstable Marsh area was ponded with an average of 0.45m pond depths for GBM
(Mariotti ef al., 2020). In the second scenario where ditching was implemented on the marsh, we
removed volumes on the marsh platform associated with ditches and the 0.15m elevation
difference from the unditched marsh. Ditch length per marsh area (0.03 m m) was calculated via
Google Earth (Phelps et al., in prep) and mean ditch height (0.77m) and width (0.93) were
measured in the field using a real time kinematic unit. In combination, the volume of total marsh
material decreased (~10%) due to the implementation of ditches, which was particularly driven by
the ~0.15m elevation loss of the marsh platform.

We then estimated carbon stocks in each scenario by combining the volume of marsh
material and the carbon densities for the unditched marsh (33.4 + 0.6 kg m™*), ditched marsh (40.6
+ 0.9 kg m), and infilled pond (22.5 + 0.6 kg m™) (Fig. 5b, Table 2, Luk et al., in prep). Infilled
pond areas on the ditched marsh were estimated to be 13% of the total ditched marsh area based
on current ponding frequencies on the unditched marsh (Mariotti e al., 2020). This resulted in
estimates of carbon stocks per unit area for the unditched (31.45 + 0.52 kg m2) and ditched (31.64
+ 0.43 kg m?) marsh that demonstrates an insignificant 1% increase in carbon stored due to
ditching. Therefore, ditching is associated with a 10% decrease in marsh volumes but compensates
with greater soil carbon content and a resulting insignificant change in total carbon stored in the
ditched marsh.

5.4 DISCUSSION

In this New England salt marsh, decades of anthropogenic ditching have resulted in unique
physical landscape features (Fig. 1-2) and distinct plant characteristics and soil composition
relative to the unditched marsh in this system (Fig. 4 — 5, Table 1 — 2). This underscores the role
marsh hydrology plays in salt marsh ecosystem functioning and resilience: enhanced drainage of
the salt marsh platform effectively reduces salt marsh pond areas yet results in slower soil
accumulation rates and lower marsh elevations since the installation of ditches (Fig. 1 - 3). The
ecological plant response to the shift in ditched marsh elevation is consistent with marsh
equilibrium models of a relatively healthy marsh ecosystem residing near mean high water and
remaining in dynamic equilibrium with elevation and the tidal frame (Morris ef al., 2002; Fig. 2,
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Fig 4, Table 1). Particularly within the ditched marsh interior, biogeomorphic responses to lower
elevations within the tidal frame included greater plant heights and soil carbon content (Fig. 4-5,
Table 2). Overall, the net effect of ditching results in slight increases in carbon storage within the
upper 1 m of GBM, yet corresponds with potential decreased marsh resilience to future sea-level
rise due to lower elevations within our study site.

5.4.1 Factors contributing to subsidence of the ditched marsh

A century of ditch installation and maintenance achieved the initial goal of reducing pond
density but the ditched marsh interior resides at a lower elevation and has slower vertical accretion
rates than the adjacent unditched marsh (Fig. 1 — 3, Table 1). Studies of the legacy effects of
mosquito ditching have focused on the observed subsidence (9 - 20 cm) within the ditched marsh
that can make salt marshes more vulnerable to flooding with future sea-level rise (Portnoy, 1999;
Vincent et al., 2013; Burdick et al., 2020). Here, we observed a similar 15 + 4cm difference in
elevation between the ditched and unditched marsh located 100m away from the tidal channel.
Decreased soil accretion rates focused within the ditched (4.70 + 0.17 mm yr'!) and unditched
marsh interior (5.06 + 0.11 mm yr!) represent a 7% decrease in soil accretion rates (Fig. 3a). This
is consistent with conceptualizations that attribute elevation loss to decreased soil accretion rates
(Roman and Burdick, 2012) and the lowering of the water table (Stearns and MacCreary, 1936)
leading to increased aeration and decomposition of long-buried peat (Vincent ef al., 2015).

Yet, the differences in soil accretion rates since the implementation of ditches (~1920) only
explain 30% (~3.5 cm) of the total 15 cm elevation difference between the ditched and unditched
marsh interior (Fig. 2 -3, Table 1). The other 70% of elevation loss could be explained by additional
factors such as increased erosion and slumping at the ditch edges, as well as dewatering and
subsequent compaction of soils (Roman and Burdick, 2012; Burdick et al., 2020). Further, ditched
and unditched marsh interior soils may have started at differing elevations at the time of ditch
implementation. Future exploration of the physical drivers of elevation loss associated with
ditching is required; a promising avenue to explore is ditches may mimic the tidal channel in terms
of bank slumping and subsequent marsh loss that can accelerate with future sea-level rise (Mariotti
et al.,2016). Comparisons of elevation gain within the ditched and adjacent unditched portions of
Great Barnstable Marsh provide valuable insight into the multiple biophysical factors that
contribute to the observed elevation difference (~0.15m) within the ditched marsh interior.

5.4.2 Biogeomorphic responses to lower elevations in the tidal frame

Delving into the long-term marsh soil record, comparisons of ditched and unditched marsh
soil records spanning nearly a century reveal the nonlinear response to ditch installation and lower
elevations on the marsh platform that occur on decadal timescales (Fig. 2 — 5, Table 1). As
previously observed, multiple processes contributed to the decrease in soil accretion rates and
corresponding loss in elevation within the marsh interior after the initial installation of ditches
(Terzaghi, 1973, Whigham et al., 1982; Portnoy, 1999; Fig. 3a, Table 1). Currently observed plant
characteristics and soil carbon contents within the ditched marsh appear to reflect the dynamic

107



biogeomorphic response of marsh grass ecology to elevation within the tidal frame (Fig. 3¢ - 4,
Table 1); marsh platforms that reside at lower elevations within the tidal frame are typically
inhabited by taller plant species (e.g. tall form S. alterniflora) coinciding with increased carbon
burial and subsequent elevation gain that can act to stabilize the marsh platform (Mendelssohn and
Seneca, 1980; Morris et al., 2002; Kirwan and Blum, 2011; Kirwan et al., 2016).

Further, while overall ditched marsh interior accretion rates since the 1920s have been
lower than the unditched marsh counterpart (Fig. 3a), inflection points in elevation gain within the
ditched marsh interior reveal increases in accretion rates from periods right after ditch installation
(1920 — 1940s ; 4.51 = 0.29 mm yr'!) to contemporary rates of elevation gain (2000 — 2018; 6.52
+0.50 mm yr'!) (Fig. 3¢). We observed similar increases in soil accretion rates for the ditched and
unditched marsh, reflecting a dynamic response to increasing relative sea-level rise (3.9 + 0.86 to
5.6 £1.5 mm yr'!; NOAA station #8443970) to maintain elevation within the tidal frame (Fig. 1
and 3b, c). In combination, elevation, plant characteristics, and recent accretion rates at GBM
demonstrate a resilience within the marsh platform to shifts in elevation associated with ditching.

These biogeomorphic responses may differ for marshes that sit high or low in the intertidal
zone; increases in flooding for marshes that reside at a lower elevation relative to the tidal frame
can lead to diminished productivity and slower elevation gain, resulting in marsh drowning
(Kirwan and Guntenspergen, 2012; Morris et al., 2002). Calculating fractional elevations based on
marsh platform elevation (m NAVDS88) and local tidal gauge data (NOAA #84438790) allows
comparisons across marsh sites relative to mean sea level (Burns et al., 2021). Currently, GBM
resides comfortably within the tidal frame close to mean higher high water (MHHW) (Fig. 2), that
may reduce the magnitude of the impacts that anthropogenic ditching has on the marsh platform
(Burns et al., 2021). Therefore, further exploration is required to understand how marshes lower
in the tidal frame and future increased sea-level rise may exacerbate the impacts that ditching has
on marsh survival and subsequent ecosystem delivery.

5.4.3 The role of the tidal channel and ditches in marsh ecosystem functioning

The role of the tidal channel to marsh hydrology and platform dynamics are underscored
by similar elevations, plant canopy heights, and rates of elevation gain at the near-channel sites
regardless of whether the marsh was ditched (Fig. 2 — 4; Table 1). In contrast, ditching within the
marsh interior results in differences in elevation, plant heights, and soil accumulation across the
marsh platform (Fig Se - h, Table 2). The differences associated with the ditched marsh interior
mirror the trends we observed with proximity to tidal channel; unditched marsh soils near the tidal
channel were characterized with lower elevations, greater canopy heights, and slower rates of
elevation gain compared the unditched marsh interior soils (Fig. 2 — 4, Table 1). Therefore, ditches
appear to mirror the impact of the tidal channel on marsh hydrology (i.e. drainage patterns, tidal
inundation period; Morris and Haskin, 1990; Marion, Anthony and Trentesaux, 2009) and play a
role in marsh plant ecology and elevation gain within the ditched marsh interior.

Dominating bulk soil composition trends occurred in soils at differing distances from the
tidal channel and appeared magnified within the ditched marshes (Fig. 5, Table 2 — 3). Proximity
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to tidal channel influences factors such as inorganic particle deposition, drainage patterns, soil
flushing, flooding frequency and duration that play a role in key marsh ecosystem functions. At
close proximity to the tidal channel, greater deposition of high-density inorganic material and
increased drainage and flushing of soils (Redfield, 1972; Nixon, 1980; Sanderson et al., 2001;
Fagherazzi et al., 2012) would be consistent with the observed greater bulk densities, lower carbon
contents and sulfur contents close to the tidal channel (Fig. 5, Table 3). Interestingly, compared to
the unditched marsh, the ditched marsh appears to have enhanced differences in soils at differing
distances from the tidal channel (Fig. 5, Table 3c), demonstrating a potential interaction between
tidal channel influences and lower elevations within the ditched marsh interior. The increase in
TOC content within the marsh interior are consistent with decreased contributions of inorganic
material from the tidal channel and the greater role of organic matter burial and preservation in
contributing to elevation gain. For the ditched marsh interior, greater observed plant heights
coincide with greater TOC content and C:N ratios which further augment the trend in carbon
content with distance from channel compared to the unditched marsh (Fig. 5, Table 1 - 3).
Considering sulfur cycling close to the tidal channel, Gardner (1990, 1988) found that intrusion of
oxygen-rich tidal water through soils could further enhance FeS; oxidation, in sulfide conversion
and export; this would mirror trends of increased soils sulfur preservation towards the marsh
interior (Fig. 5, Table 2-3). Lower elevations in the tidal frame within the ditched marsh interior,
may result in more anoxic soil environments that correspond with enhanced preservation of both
soil sulfur and carbon (Krairapanond et al., 1992; Fig. 2, 5, Table 2). Overall, soil composition
heterogeneity associated with distance from the tidal channel and ditching within the marsh interior
further underscores the dynamic shifts in ecosystem functioning (e.g. plant characteristics, redox
environment, soil carbon content) as a result of natural and altered marsh hydrology.

The ditched and unditched marshes provide valuable insight into the important interactions
between marsh environments in close proximity to tidal channels. Ditched and unditched marshes
were generally similar to each other in elevation, plant heights, and soil composition in marsh
environments closest to the tidal channel demonstrating the importance of natural marsh hydrology
to key ecosystem functions (Fig. 2 — 5, Table 1 — 3). Towards the marsh interior we observed
greater differences in soils associated with ditching that appear to result from lower elevations
corresponding to greater plant heights and increased preservation of carbon and sulfur content
within the soils. Thus, evaluating the impacts of ditching requires constraining both unditched and
ditched marsh soils with respect to the tidal channel.

5.4.4 Recycled marsh material contribute to marsh carbon stocks

Investigation into the source and thermal reactivity of buried soil organic carbon revealed
that organic matter is derived from autochthonous marsh material and is characterized by a range
of ages and thermal reactivities that vary with depth (Fig. 6-7, SI Table 1). Initially, we
hypothesized that lower elevations within the ditched marsh would trap more allochthonous (e.g.,
terrestrial) organic and inorganic material and that elevation loss driven by dewatering and organic
matter decomposition would correspond with increased accumulation of more thermally stable,
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degraded soil organic matter within ditched marsh soils. On the contrary, the sources of the buried
organic carbon were marsh grasses across GBM, demonstrating that changes in carbon content
within the ditched marsh are not a result of significant increased trapping of allochthonous
terrestrial or marine organic matter (Fig. 6 - 7). Further, unditched marsh soils within the marsh
interior had greater thermal stability with a greater portion of the bulk soil representing old carbon
(Fig. 6 = 7).

Throughout the marsh, the portion of carbon defined as old (Fm<1) in the surface horizon
(0-2cm) ranged from 16 — 46% that can impact estimates of new carbon burial within the marsh
(Fig. 7; SI Table 1). Processes that contribute to the larger percentage of old, more thermally stable
marsh material within the unditched marsh remain unclear but could include increased deposition
of old recycled material on the marsh surface that originated from either resuspension of pond
material, ditching spoils, or erosion of the marsh creekbank and subsequent redeposition on the
marsh platform (Hopkinson ef al., 2018). Recycled material from the tidal channel is a possibility
based on elevated total suspended solids (57.09 +2.78 mg L™!) in the tidal creek in close proximity
to the unditched marsh, compared to that of the ditched marsh (36.30 + 2.95 mg L'). Yet,
contributions of old SOC were similar closest to the channel (25%) and diverged within the ditched
and unditched marsh interior (16% vs. 33%) (SI Table 1), reflecting additional processes at play.
The increased input and preservation of new organic matter resulting from greater plant heights on
the ditched marsh could dilute the portion of old carbon that comprises the total buried soil organic
carbon (Fig. 4; Fig. 5f; Table 2c¢). Increased inputs and preservation of fresh marsh material would
parallel the increased TOC content, C:N, and sulfur content characteristics we observed within the
ditched marsh interior (Fig. 5 f-h, Table 2¢). Overall, the contributions of recycled marsh material
vary within the unditched and ditched marsh environments whose range can represent a 16 - 46%
error in carbon stock assessments, further contributing to existing spatial heterogeneity in soil
composition associated with ditching.

5.4.5 Inclusion of resource management strategies in marsh ecosystem service accounting
Typical assessments of wetland carbon stocks are calculated by measuring soil carbon contents
and accumulation rates within a number of sites and extrapolating across the entire upper meter of
the marsh system (Chmura ef al., 2003; Ouyang and Lee, 2014). Resource managers and scientists
encounter additional complexities when establishing estimates of carbon stock changes associated
with disturbances to the marsh (e.g. marsh management strategies, global change) that can result
in landscape heterogeneity within a single system. By including both existing and infilled ponds,
and the elevation differential between the ditch and unditched marsh, we find that ditching is
associated with an insignificant change in the carbon stored within the upper meter of the soil
column (Table 4). Similar carbon storage estimates associated with ditching is driven by overall
greater carbon content associated with ditched marsh soils, compensating for the overall loss of
marsh soil volume (10% decrease) due to elevation differences and the presence of ditches. Overall,
this provides a framework in which to assess changes in ecosystem functioning (e.g. carbon storage)
associated with mosquito ditching across New England marshes that have experienced historical
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ditching. Future exploration is required to understand how ditching impacts marsh ecosystem
functioning for marshes that reside lower in the tidal frame and are more susceptible to drowning.

5.5 CONCLUSION

Management of coastal wetlands requires accurate tradeoff analysis informed by in-depth
assessments of ecosystem functioning when maintaining valuable blue carbon stocks. While
ditches are maintained in certain New England marshes, resource managers are becoming
increasingly aware that they must balance human health needs with the ecosystem service delivery
and survival of the salt marshes they manage. After nearly a century of ditching, we observed that
the effects of this resource management strategy were focused within the marsh interior where
lower elevations (~0.15 m lower) coincided with a decrease in soil accretion rates (4.70 = 0.17 mm
yr'!) compared to the unditched marsh (5.06 + 0.11 mm yr!) after ditching was implemented.
Overall similarities between the ditched and unditched marsh closest to the tidal channel highlights
the important role of natural marsh hydrology in maintaining key marsh ecosystem functions. In
response to the change in elevation within the ditched marsh interior, we observed a
biogeomorphic response in marsh ecology and soil composition through increased plant heights
and carbon contents. Autochthonous marsh material dominated organic matter inputs throughout
the marsh system, but the amount of old marsh material deposited at the surface of the marsh varied
across ditched (46%) and unditched (27%) marsh environments, representing an additional error
to carbon stock assessments. Overall, we find that ditching did not significantly change carbon
stocks, when ditch features, existing and recovered ponds, and differences in elevation and carbon
content were incorporated to carbon accounting for GBM. Further exploration is required to
understand how ditching impacts ecosystem functioning and future survival of marshes that may
be more susceptible to drowning (e.g. experiencing rapid sea-level rise or reside lower in the tidal
frame).
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Table 1: Unditched and ditched marsh elevations, abundance (% cover), and plant canopy heights
(cm) at Om, 50m, and 100m from the tidal channel as displayed in Fig. 2 and Fig. 4. Values

represented are mean and associated SE in parantheses.

Distance from Channel Om 50m 100m
Unditched Ditched Unditched Ditched Unditched Ditched
Elevation (m NAVD8S) 1.48 (0.04) 1.45 (0.05) 1.62 (0.02) 1.40 (0.03) 1.60 (0.03) 1.35 (0.03)
S. alterniflora Abundance (% cover) 72 (17) 12 (3) 92 (4) 87 (8) 85(12) 95 (2)
S. alterniflora Plant Canopy Height (cm) 61 (1) 65 (14) 26 (1) 35 (6) 20 (3) 42 (2)
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Table 2: Contrast analyses between soil properties (a) of ditched and unditched marshes and
locations (b) near the channel or (¢) 100 m towards the interior. Contrast coefficients are for soil
zones described in the methods and depicted in Figure 5. Highlighted and bolded coefficients are
significant (p<0.05). Contrast coefficients represent the magnitude difference in bulk soil
properties between the ditched and unditched marsh (e.g. TOC contents were 10.02 kg m™ greater
in the entire ditched marsh compared to the unditched marsh).

Contrast: Bulk Density TOC C:N S
Ditched vs. Unditched logso(g cm™) (kg m?) logyo(molar ratio) (%)

a. Entire marsh: Near-channel + Interior
A 10.02 0.03
B 5.56
C 0.55

b. Near-channel marsh
A 6.52 -0.56
B
C

c. Interior marsh

A 14.04 0.10 0.27
B 0.13 13.24
C -0.18 1.01
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Table 3: Contrast analyses between soil properties (a) of marsh locations near the channel (Om)
compared to 100m towards the interior and separated by (b) the unditched and (¢) unditched
marsh. Contrast coefficients are for soil zones described in the methods and depicted in Figure
5. Highlighted and bolded coefficients are significant (p<0.05). Contrast coefficients represent
the magnitude difference in bulk soil properties between the near-channel and interior marsh
(e.g. TOC contents were 4.07 kg m™ lower in the near-channel marsh compared to the marsh
interior).

Contrast: Bulk Density TOC C:N S

Near-channel v. Interior logyolg cm?) (kgm?) log,o(molar ratio) (%)

a. Entire marsh: Unditched + Ditched

A 0.32 -4.07 -0.11 -0.84
B 0.34 -0.06 -0.61
C 0.32 -0.09 -0.88
b. Unditched
A 0.32 -0.05 -0.53
B 0.40 8.59 -0.47
C 0.21
c. Ditched
A 0.33 -6.24 -0.16 -1.14
B 0.29 -7.42 -0.08 -0.78
C 0.42 -8.62 -0.10 -1.25
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Table 4: Estimates of the Great Barnstable Marsh, MA carbon budget for the following scenarios:
1) natural marsh with 13% ponded areas and 2) ditched marsh with 13% infilled pond areas, ditches,
and lower elevations. This analysis helped elucidate the percent difference (% Difference) of the
carbon stored per unit area (Carbon Stored kg m) between the two scenarios.

Scenario Description Carbon Stored (kg m™) % Difference
1 Natural marsh w/ ponds 30.13 3%
2 Ditched marsh w/ infilled ponds 3093
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Figure 1: The three 100 m transects for the ditched (orange) and unditched (grey) marsh in Great
Barnstable Marsh (Massachusetts, USA). Triangles indicate the locations of soil core collections
at the start (0 m, near creekbank) and end (100 m) of the transects.
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Figure 4: Ditched and unditched S. alterniflora (a) abundance (% cover) and (b) plant canopy
heights (cm) relative to distance from tidal channel (m). Plant canopy heights demonstrate
differences with distance from tidal channel and ditching. See Table 1 for statistics.
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Figure 5: Soil (a, €) bulk density (g cm™), (b, f) total organic carbon (kg m™), (¢, g) C:N (molar
ratio), and (d, h) sulfur content (%) in ditched and unditched marshes (a-d) and by near-channel
(0 m) or interior (100 m) (e — h). Data represent mean and SE. See Table 2 - 3 for contrast
analyses for zones A — C defined in the methods.
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Figure 6: Soil §'3C composition (a, d) and thermal properties t50 (b, €) and activation energy
(kJ mol; ¢, f) by year of deposition estimated from 2!°Pb models for the ditched and unditched
marshes (a — c¢) and by near-channel (Om) or interior (100m) (d — f). The mean and SE of t50
and Ea are presented based on year of deposition to analyze shifts in soil organic carbon source
and reactivity spanning from 1850 to 2018.
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SUPPLEMENTAL FIGURES

Table S1: a) Ditched and unditched marsh surface (0-2cm) soil Fm values for fractions collected
from low to high temperature (F1-F5) and separated by b) near-channel (Om) and ¢) marsh interior
(100m) soils. Mean and associated SE of fraction Fm are displayed alongside the average percent
carbon evolved within each fraction (% C) and associated SE (%C SE). Highlighted rows display
fractions with mean values significantly lower than Fm<1 constituting old marsh material. Tables
to the right summarizes the percent of old carbon (Fm<1) and SE within the surface horizon of the

ditched and unditched marsh.

a.  ENTREDTCHED

Fraction Fm Fm SE %C %C SE
F1 1.0161 0.0129 31% 3%
F2 1.0185 0.0094 27% 1%
F3 1.0060 0.0087 16% 1%
F4 0.9931 0.0054 16% 1%
FS 0.9614 0.0158 11% 3%
Fraction Fm Fm SE %C %C SE
F1 1.00 0.00 29% 3%
F2 1.01 0.01 26% 0%
F3 0.99 0.01 16% 1%
F4 0.96 0.02 18% 1%
F5 0.97 0.02 12% 3%

Fraction Fm Fm SE %C %C SE
F1 1.0351 0.0138 35% 3%
F2 1.0289 0.0173 26% 1%
F3 1.0173 0.0104 15% 0%
F4 0.9957 0.0035 18% 1%
FS5 0.9465 0.0306 6% 0%
Fraction Fm Fm SE %C %C SE
F1 1.01 0.01 33% 0%
F2 1.00 0.01 26% 0%
F3 0.99 0.02 16% 2%
F4 0.95 0.04 18% 2%
F5 0.94 0.02 6% 0%

Fraction Fm Fm SE %C %C SE
F1 0.9971 0.0089 26% 1%
F2 1.0081 0.0038 27% 1%
F3 0.9947 0.0094 17% 1%
F4 0.9904 0.0122 14% 0%
F5 0.9763 16% 4%

0.0112

Fm SE

Percent Carbon Old (%) ERROR
DITCHED 27% 2%
UNDITCHED 46% 1%
Percent Carbon Old (%) ERROR
DITCHED 24% 1%
UNDITCHED 25% 1%
Percent Carbon Old (%) ERROR
DITCHED 16% 4%
UNDITCHED 33% 0%

Fraction Fm %C %C SE
F1 0.9985 0.0060 24% 0%
F2 1.0109 0.0095 26% 0%
F3 0.9907 0.0034 15% 1%
F4 0.9784 0.0018 18% 0%
F5 0.9929 0.0089 17% 1%
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Chapter 6: Modeling the effect of water quality on the
recreational shellfishing cultural ecosystem service of Buzzards
Bay, Massachusetts

ABSTRACT

Estuaries provide significant cultural ecosystem services, including recreation and tourism.
Disruptions of estuarine biogeochemical processes resulting from environmental degradation
could interrupt the flow of these services, reducing benefits and diminishing the welfare of local
communities. This study focused on recreational shellfishing in Buzzards Bay, Massachusetts
(41.55°N, 70.80°W). Relationships among measures of recreational shellfishing, estuarine water
quality, and local socioeconomic conditions were tested to understand how the benefits of cultural
ecosystem services to local communities might be affected by declining water quality. Transferring
estimated economic benefits from an analysis of nearby municipalities, the study finds that
increases in Chl a during the 24-year period were associated with losses in recreational shellfishing
benefits of $0.08—0.67 million. The approach presented here suggests a more broadly applicable
framework for assessing the impacts of changes in coastal ecosystem water quality on the welfare

of local communities.

This chapter was originally published in Marine Pollution Bulletin by Elsevier in 2019 and is under
a Creative Commons license.

Luk, S. Y., Hoagland, P., Rheuban, J. E., Costa, J. E., & Doney, S. C. (2019). Modeling the
effect of water quality on the recreational shellfishing cultural ecosystem service of Buzzards
Bay, Massachusetts. Marine pollution bulletin, 140, 364-373.

124



6.1 INTRODUCTION
Despite occupying only 5% of the global land surface, coastal ecosystems supply a diverse

array of ecosystem services, ranging from nursery habitats for key fisheries (a supporting service)
to recreation and tourism (cultural services) (MEA, 2005). Environmental degradation adversely
affects coastal human populations, which now comprise approximately 60% of the world's
population (Vitousek et al., 1997; Howarth and Marino, 2006; Bricker et al., 2008). Declining
water quality, stemming both from nutrient enrichment (leading to eutrophication) and from a
changing climate, is of particular concern for coastal environments. With the progression of
climate change, it has become critically important to quantify local changes in coastal water quality,
its impacts on coastal ecosystems and communities, and any associated changes in human welfare.

6.1.1 Estuarine water quality

In many locations around the world, coastal estuaries have experienced increases in coastal
populations and rapid development, making them especially susceptible to degradation of water
quality. Excessive nutrient loading into coastal waters can lead to eutrophication, a phenomenon
in which increased primary production and respiration rates result in declining water quality.
Howarth and Marino (2006) estimated that human activity in the United States has led to an
average six-fold increase in nutrient fluxes to coastal waters, resulting in the moderate or severe
degradation of two-thirds of the nation's coastal waters. Eutrophication is of particular concern for
estuarine ecosystems because of impacts that include acute hypoxia (low oxygen), reduced
capacity for carbon sequestration, and increased mortality of seagrasses, finfish, and shellfish.
These changes in ecosystem functioning ultimately can lead to the loss of ecosystem services and
social welfare. In addition, nutrient-impaired water bodies typically are compromised by bacterial
pollution that causes closures of commercially or recreationally important shellfish beds. The
spatial association of these impairments results from common contributing sources (e.g.,
stormwater) and because of synergistic effects between nitrogen loading and the survival of
indicator bacteria (Campos et al., 2013).

This study focuses on Buzzards Bay, Massachusetts (41.55°N, 70.80°W), a US National
Estuary located on the Southern New England coast composed of a series of river- and
groundwater-fed embayments. Buzzards Bay is a shallow estuary (an average depth of 11 m and
an area of 600 km?) bordered by 11 municipalities along 500 km of coastline. As a representative
example of a US Northeast coastal estuary, Buzzards Bay is affected by both natural and
anthropogenic threats, including storm-surges, sea-level rise, shoreline changes, harmful algal
blooms, oil spills, bacterial pollution, and excessive nutrient loading. In accordance with the
definitions found in section 303(d) of the US Federal Clean Water Act, due to high levels of
nitrogen loading and bacterial pollution, the Massachusetts Department of Environmental
Protection (DEP) has listed many of the Buzzards Bay embayments as impaired by elevated levels
of both nutrients and bacteria (Massachusetts Department of Environmental Protection, 2016).
Since 1992, the Buzzards Bay Coalition (BBC), a local nonprofit group dedicated to the restoration
and sustainable use of the Bay, has conducted long-term water quality monitoring to assess the
overall health of the bay. Using the BBC's data and other sources, Rheuban et al. (2016) recently
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completed an analysis of long-term trends in Buzzards Bay's water quality, finding a doubling of
water column Chl a (phytoplankton biomass) over a 22-year period. Through long-term coastal
water monitoring, a deeper understanding of the relationship between water quality and the supply
of ecosystem services would better equip policy- and decision-makers with the capacity to design
and implement effective strategies that could enhance the overall sustainability of coastal systems
(Halpern et al., 2012).

6.1.2 Linkage between water quality and recreational shellfishing

Due to the historic importance of fisheries to coastal communities, the study of water
quality often has been motivated by its potential economic consequences. Early scientific studies
of eutrophication as a threat to marine ecosystems involved trying to understand relationships
between occurrences of dense algal blooms and concomitant declines of shellfisheries in Moriches
Bay, Long Island, NY (Ryther, 1954). More recently, water quality studies have sought to estimate
the economic consequences of changes in water quality (Leggett and Bockstael, 2000). The
economic values for some ecosystem services, such as opportunities for nature viewing or
recreational fishing trips, can be difficult to quantify because of the absence of markets. By
evaluating the goods and services provided by marine coastal ecosystems, it is possible that more
credible analyses of the benefits and costs of conserving these services can be undertaken.

In the past, analyses of the effects of water quality measures on cultural ecosystem services,
such as recreational shellfishing, have been limited due to the paucity of environmental data (Egan
et al., 2009). With the help of groups such as BBC's citizen scientist monitoring program, gaps in
the long-term measurement of water quality now are being filled. To begin to understand how
recreational shellfishers respond to changes in environmental and socioeconomic conditions,
recreational shellfish permit sales were examined in Buzzards Bay during 1992 to 2015 as part of
this study.

One common problem arising in water quality studies involves the collinear nature of water
quality parameters. Solutions to this problem range from the use of only a subset of water quality
parameters to develop aggregate indices of water quality. An example of the former was an
application by Liu et al. (2017), who examined changes in the implicit price of coastal housing
near Narragansett Bay, Rhode Island, using the concentration of Chl a as an indicator of water
quality. As an example of the use of aggregate indices, Ribaudo and Piper (1991) evaluated the
impacts of national water quality policies on participation in recreational fishing with a water
quality index that examined whether regional total suspended solids, total nitrogen, and total
phosphorus concentrations were at concentrations that could impair recreational fishing. More
recently, Walsh and Milon (2016) explored how the alternative use of either sole or aggregate
nutrient indicators could affect estimates of the potential economic benefits of water quality
regulations. These authors found that that an aggregate indicator of water quality helped to explain
an observed negative relationship between excess nutrients in the water column and property prices.

In contrast to these earlier efforts, this study employed a partial least squares (PLS)
approach to adjust for the near-collinearity of the full array of water quality variables. The PLS
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regression combines characteristics of principal component analysis (PCA) and multiple linear
regression by extracting latent variables — linear combinations of the original explanatory variables
— that maximize the covariance between the explanatory and response variables (Abdi, 2010). The
latent variables then are used in a linear regression for parameter estimation. The number of latent
variables used within the regression is user-defined (Li et al., 2002), effectively reducing the
number of parameters used in the regression. The PLS regression methodology has been used
previously in the field of computational chemistry to handle datasets with numerous correlated
independent variables that could potentially result in “overfitting” (Wold et al., 2001). Geladi and
Kowalski (1986) provide a clear mathematical derivation of the PLS regression methodology.
Relying upon a unique and extensive water quality dataset, this study examined how water quality
measures, in combination with measures of socioeconomic condition, could be applied to develop
estimates of the effects of water quality degradation or improvement. More specifically, using
town records of recreational shellfish permit sales, this study tested hypotheses related to the extent
to which permit sales correlated with local water quality, shellfish landings, and socioeconomic
conditions.

When individuals make decisions about purchasing recreational shellfish permits, they
assess the expected net benefits of shellfishing during the year, considering the benefits of this
form of leisure and taking into account the relevant costs (such as travel time or fuel costs),
availability of shellfish resources, gear purchases, or permit prices. Diminished water quality in
the Bay can reduce both the perceived and actual net benefits of recreational shellfishing in several
ways. Under the National Shellfish Sanitation Program, regulators close bacteria-impaired
shellfish growing areas year-round, seasonally or conditionally based on rainfall amounts.
Depending upon their timing and location, these closures can have an important effect on
recreational shellfishing because most permit holders do not own boats, and public access to
shellfish beds often is limited to certain locations. The total area of shellfish bed closures has
increased in some parts of Buzzards Bay and diminished in others during the past thirty years.
While bacterial pollution can result in shellfish bed closures, eutrophication can cause changes in
the physical appearance of the estuary and lead to declines in shellfish biomass and species
composition. Consequently, in this study, indicators of eutrophication, such as Chl a, were
hypothesized to be negatively correlated with permit sales.

These examples comprise only some of the pathways where diminished water quality could
adversely affect the recreational shellfishing experience and individual decisions to purchase
permits in current or subsequent years. Local demographics or economic conditions also may be
important in determining recreational demand; population growth and increased disposable
income (lower unemployment) could potentially lead to increased recreation. By including water
quality indicators, general environmental conditions (e.g., precipitation levels), and socioeconomic
characteristics, such a comprehensive modeling technique arguably could explain changes in the
value of recreational shellfishing that are applicable more generally to other locations and on a
larger geographic scale. This modeling framework can provide opportunities to apply this type of
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water quality analysis to a more expansive set of ecosystem goods and services, rendering
economic values that may be tangible even within the global economy.

6.2 METHODS
6.2.1 Water quality monitoring

In Buzzards Bay, the BBC citizen science sampling program is carried out from late May
to early September, with the highest frequency of sampling occurring during the summer months
of July and August (Williams and Neill, 2014). The BBC water quality sampling is limited to the
summer months because the program design and allocated funding was intended to capture the
expected exacerbation of poor water quality conditions occurring during the summer plankton
bloom season. During 1992-2015, measurements of nitrate and nitrite (NO3™ + NO2"), ammonium
(NH4"), temperature (T), salinity, dissolved oxygen (DO), Chlorophyll a (Chl a), particulate
organic carbon (POC), dissolved organic nitrogen (DON), particulate organic nitrogen (PON), and
phaeopigments were collected from 27 Buzzards Bay embayments. Among these, 14 overlapped
with the five towns that had complete shellfish permit data sets during 1992-2015 (Bourne,
Falmouth, Marion, Wareham, and Westport; Fig. 1). These data were analyzed both individually
and as a group.

6.2.2 Recreational shellfishing permits

Massachusetts coastal municipalities manage shellfisheries on the state's tidelands, which
generally fall within 6 km (3 nmi) of the coast. The individual municipalities allocate shellfishing
between commercial and recreational users. In Buzzards Bay, harvesting shellfish either
commercially or recreationally requires a permit issued by the relevant municipality (Mass. Gen.
Laws chap. 130 sec. 52). Recreational permits are issued annually, and they are priced
differentially across residents, nonresidents, and seniors. The date of first issuance of permits
varies across towns, but generally, issuance occurs during the calendar year. This study utilized
and updated recreational shellfishing permit data compiled by the Buzzards Bay National Estuary
Program (BBNEP, 2018). These data contain municipal records of annual recreational and
commercial permit sales. Shellfish landings broken down by species also are included (Table 1).
Because the data were not fully up to date, municipal shellfish wardens were contacted to bring
the series forward, resulting in a comprehensive permit dataset for the five towns, spanning from
1970 to 2015.

6.2.3 Benefits transfer

The economic valuation of ecosystem services can be time-consuming and costly, and
analysts often rely upon studies conducted at other times and locations, using methods of “benefits
transfer” (Plummer, 2009). Benefits transfer involves the application of estimates of the economic
value of ecosystem services from prior studies to similar services arising from an unstudied
location or time. The methodology of benefits transfer often has been criticized, because transfers
can be sensitive to contextual differences across studied and unstudied locations or times. Varying
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environmental and demographic characteristics or spatial and temporal changes in preferences can
render benefits transfer problematic and uncertain. Here, an earlier study of the benefits per permit
of recreational shellfishing carried out on Cape Cod (Damery and Allen, 2004) was relied upon.
Due to proximity, geographic overlaps (e.g., the Cape Cod study included both Bourne and
Falmouth, which are two of the five towns in this study), and similarities in coastal environmental
conditions, the transfer of economic benefits from values estimated for Cape Cod arguably provide
credible estimates of changes in the benefits of recreational shellfishing in Buzzards Bay.
Damery and Allen (2004) developed estimates of both willingness-to-pay (WTP) to
purchase unowned shellfishing permits and willingness-to-accept (WTA) compensation for giving
up already-purchased permits. Averaging across Cape Cod towns, the estimates (in 2017 US
dollars) ranged from a WTP of $79.25 + 12.33 (all intervals reported in this study comprised 95%
confidence intervals) per permit to a WTA of $626.75 + 19.21 per permit (Table 2). During the
2002 study period, 16,109 permits were sold on Cape Cod. Applying the range of estimates to the
number of permits, the annual total benefits of recreational shellfishing on Cape Cod ranged from
$1.4-10.0 million, implying asset values of $47—-333 million (using a discount rate of 3%)

6.2.4 Auxiliary data

To incorporate other socioeconomic and biophysical drivers that could affect recreational
shellfishing, auxiliary data were compiled. Socioeconomic data, including population,
unemployment rate, and size of the labor force, were acquired from the Massachusetts Division of
Local Services, which collects and distributes demographic and economic data on Massachusetts
towns. Tourism data were obtained from the National Park Service, which compiled annual Cape
Cod National Seashore (CCNS) visits. Additional data included a measure of mean annual
summertime precipitation, calculated from the PRISM Spatial Climate Datasets for the
Coterminous United States (PRISM, 2004). This data comprised average monthly precipitation
from climatologically aided interpolation models at a resolution of 4 km. Mean annual
summertime fecal coliform concentrations in municipal waters across Buzzards Bay were obtained
from the Massachusetts Department of Marine Fisheries, which conducts biweekly measurements
in recreational shellfishing areas to determine their status with respect to human pathogens or
toxins throughout the year.

6.2.5 Data analysis

A total of 95 sampling stations across the five towns - Bourne, Falmouth, Marion,
Wareham, and Westport - were used for the analysis. The majority of BBC water quality sampling
occurs within the summer months, principally July and August, thus limiting our data analysis to
that period for the years from 1992 to 2015. To address this data limitation, the relevant months
for recreational shellfishing were assumed to have occurred mainly during the summer when
weather conditions typically were most favorable. To support this assumption, a survey of
recreational shellfishing in Washington's Puget Sound demonstrated that peaks in harvesting
activity occurred mainly during the summer months (56% of total harvesters were active) and were
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lower during the winter months (13% of total harvesters were active) (Anderson and Plummer,
2016). Additionally, it has been observed that summer conditions have led to the exacerbation of
poor water quality, resulting in systems that are more prone to hypoxia or anoxia (Moore and Jarvis,
2008; Kemp et al., 2009; Liu et al., 2017). Water quality measurements were averaged to produce
mean annual summer (July and August) measurements, and relevant biological indicators such as
Chl a were log-transformed prior to averaging due to observed log-normal distributions of the
variables (Table 3) (Campbell, 1995).

Linear regression models were developed to characterize decadal trends in water quality
and socioeconomic data. Regression models also were developed to quantify relationships between
recreational shellfishing permit sales and water quality, shellfish landings, and socioeconomic
factors. With respect to the latter relationships, PLS regressions were implemented to mitigate
near-collinearities occurring among the water quality variables (Abdi, 2010). The original
variables were standardized to have a mean of zero and standard deviation of one (Z-scores) before
latent variable construction. For each regression, one latent variable was constructed from a linear
combination of the specified predictor variables. This approach addresses the multicollinear nature
of the large set of predictor variables by reducing the number of parameters used in the linear
regression to a singular latent variable. 95% confidence intervals and standard errors of the
coefficients were obtained through bootstrap re-sampling (Abdi, 2010). Finally, regression
coefficients for the original explanatory variables were computed from the estimated ordinary least
squares coefficients on the latent variables and the associated weights used to calculate the latent
variable. The PLS regression was implemented with the plsRglm R program (Bertrand et al., 2011).

A two-stage modeling approach was carried out. With this approach, water quality was
tested to see if it might affect permit sales either directly and/or indirectly by influencing total
shellfish landings. Ex ante, it is unclear which way such an indirect effect might work, and any
effect might depend upon local ambient environmental conditions. For example, increases in
nutrients and primary production might help to grow filter-feeding shellfish stocks, leading to
increased landings. Once a eutrophication threshold was reached, however, hypoxic or low pH
conditions could increase the natural mortality of shellfish, leading to a reduction of stocks.
Regardless of the direction of the effect, if measures of water quality are not included explicitly in

the model, then their effect would be subsumed in the model's error.

Tomffjéliﬁsggzﬁl (Environmental Variables) + g [6))

Recreational P Capita=B, (Predicted Landings) + {5 (Socioeconomic Variables)

+ B, (Environmental Variables) + ¢, 2

In the first stage, shellfish landings were regressed on environmental variables, using a PLS
regression (Eq. (1)). Estimated shellfishing landings obtained from the first stage were then
incorporated as a predictor variable along with socioeconomic and environmental variables in the
second stage, using a PLS regression (Eq. (2)). We utilize predicted shellfish landings to capture
the variations in water quality variables that were significantly correlated with shellfish landings
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in the first stage. €1 and €2 represent the model errors for each stage. This type of model has been
applied to analyze the effects of the environment on civil conflicts in Sub-Saharan Africa, where
temperature was found to affect conflict both directly and indirectly through agricultural yields
(cf., Jun, 2017). In that model, a two-stage approach also was taken, estimating crop yield with
environmental variables in the first stage and adding environmental variables as explanatory
variables in the second stage.

In the discussion below of the impacts of water quality on recreational permit sales, the
Chl a parameter was highlighted due to its large influence within the model relative to the other
water quality variables. Additionally, Chl a is not only an important indicator of eutrophication:
high concentrations of Chl a often result in decreased water transparency, potentially affecting
perceptions of water quality. Other parameters within the models also were significant, illustrating
that there were measurable changes in recreational permit sales associated with variations in those
variables as well.

6.3 RESULTS
6.3.1 Summary statistics

Aggregating the data from the BBC sampling stations into annual summer town-level
means allowed for the analysis of water quality patterns on temporal and spatial scales relevant to
recreational shellfishing activity in Buzzards Bay. A map of the designated shellfish growing areas
overlain with BBC sampling stations (Fig. 1) showed that the water quality measurements were
collected from viable recreational shellfishing areas. Table 3 provides descriptive statistics
regarding the water quality and socio-economic variables.

6.3.2 Year trend analysis

Decadal trends of certain water quality variables, such as temperature, Chl a, salinity, and
particulate organic nitrogen (PON), exhibited statistically significant, non-zero values (p < 0.05)
across individual towns and all towns taken together (Table 4) (Rheuban et al., 2016). On average,
across all towns, temperature increased 0.62 + 0.38 °C per decade. For certain towns, such as
Westport, the temperature trend was higher at 1.08 £+ 0.60 °C per decade. There was a significant
positive trend in Chl a across all towns of 0.15 + 0.08 logio(Chl a; mg m™) per decade. PON
exhibited a similar positive time trend of 0.05 + 0.03 log;((PON; uM) per decade across all towns.
Salinity decreased significantly throughout the years across all towns, with a decrease of 0.79 +
0.73 ppt per decade. Analysis of the relationship between precipitation and salinity illustrated a
significant (p < 0.05) negative correlation, an increase of 1 mm of mean annual summertime
precipitation correlated with a decrease in salinity of 0.018 + 0.016 ppt.

Socioeconomic factors also exhibited distinct spatial and temporal trends (Table 5).
Population increased (p < 0.05) by 5,042 + 1,160 individuals per decade summed across all towns,
with increases varying in magnitude across towns. Bourne illustrated the largest population
increase of 1448 + 288. There were no significant trends in unemployment rate. Total and per
capita recreational shellfishing permit sales exhibited decreasing time trends on average across all
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towns. On average across all towns, recreational shellfishing permit sales decreased by 437 + 241
permits per decade (p < 0.05), which is 16% of the average recreational shellfishing permit sales
for the five towns. The decreases were significant for towns such as Marion and Wareham where
the decrease in permit sales during 1992-2015 was 59% and 42% of their average permit sales,
respectively.

6.3.3 Permit sales, shellfish landings, and water quality

The first stage of the regression analysis demonstrated relationships between Chl a and
total shellfish landings (Table 6; Eq. (1)). Within this set of regressions, Chl a was negatively
associated with the shellfish landings estimate across all towns, Bourne, Marion, Wareham, and
Westport. Within the regression across all towns, the coefficient for Chl a is the largest relative to
the other water quality predictor variables, illustrating a larger change in total shellfish landings
associated with variations in Chl a. Additionally, PON and POC were negatively associated with
total shellfish landings across all towns taken together, and in Falmouth and Wareham.

The second stage of the regression analysis illustrated that across all towns taken together,
as well as in Bourne, Marion, Wareham, and Westport, shellfish landings were positively related
to permit sales per capita (Table 7). In contrast, the town of Falmouth had a negative correlation
between predicted shellfish landings and permit sales per capita, and an explanation of this
difference is broached in the discussion. Chl a was negatively associated with the number of
permits sold per capita across all towns and in each of the individual Buzzards Bay towns. CCNS
visits was consistently positively correlated with the number of permits sold per capita. Across the
Buzzards Bay towns, increases in Chl a during the 24-year period were associated with a decrease
in recreational permit sales of 322 &+ 195 per decade (Table 8).

6.4 DISCUSSION

The two-stage approach allowed for an exploration of the potential pathways through
which water quality might influence permit sales. In particular, water quality was hypothesized to
influence shellfish landings, which in turn could influence permit sales. In the model's first stage,
water quality measures were found to be significant predictors of total shellfish landings across all
towns. Increases in Chl a, a measure of phytoplankton biomass and potential eutrophic conditions,
were associated with decreases in shellfish landings. In the second stage, predicted shellfish
landings from the first stage, which captured the indirect effect of water quality, in combination
with socioeconomic measures and the direct effect of water quality measures were shown to help
explain permit sales (Table 7). Low shellfish yields were related to decreases in permit sales in all
cases with the notable exception of the Town of Falmouth. One possible explanation for the
different result in Falmouth is that recreational shellfish catch is a much smaller percentage of total
catch compared to other towns. Additionally, Falmouth has initiated a robust oyster seeding and
relay program where the majority of raised shellfish are relayed to areas where only recreational
shellfishing is allowed. This type of intervention could potentially cause a deviation from the
expected impacts of water quality on the demand for recreational shellfish. Across all towns within
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the study period, increases in Chl a led to an estimated decrease in permit sales of 322 + 195 per
decade (74% directly and 26% indirectly through shellfish landings). The use of predicted shellfish
landings from the first stage allowed a teasing apart of the relationship between water quality and
permit sales to help characterize the potential that water quality could influence permit sales both
directly and indirectly through landings.

6.4.1 Indirect impacts of water quality on permit sales

The first stage of the model demonstrated the indirect impact of water quality on permit
sales through shellfish landings (Table 6). Increases in phytoplankton biomass in the water column
can have mixed effects on shellfish abundance. Habitat degradation as a result of eutrophication
can negatively affect shellfish, such as the bay scallop Argopecten irradians, which is a suspension
feeder. On the other hand, increases in the quantity and quality of food resources for suspension
feeders (as evidenced by higher levels of Chl a) also could result in increases in shellfish growth
rates (Shriver et al., 2002). The net negative effect of increased mean annual summertime Chl a
concentration on both total shellfish landings and permit sales suggests that the habitat degradation
effect likely overrides enhanced shellfish growth in Buzzards Bay.

6.4.2 Direct impacts of water quality on recreational permit sales

The second stage of the two-stage model illustrated that water quality parameters such as
PON, POC, Chl a, and salinity have the potential to influence permit sales outside of the predicted
shellfish landings variable (Table 7). The biological components of summer water quality, PON,
POC, and Chl a were consistently negatively correlated with recreational shellfishing permits per
capita (Table 7). These variables can be interpreted as measures of estuarine eutrophication; for
example, Chl a comprises phytoplankton biomass, while PON and POC are proxies for either
planktonic biomass or detrital matter. In the embayments and nearshore regions of shallow coastal
estuaries such as Buzzards Bay, increased phytoplankton biomass is predominantly a result of
increased nutrient loading from coastal residences or businesses (septic systems and partially
treated wastewater) and agricultural activities (fertilizer), supplying nitrogen and phosphorus
species to nitrogen-limited waters (Williamson et al., 2017; Valiela and Costa, 1988). Town-
averaged decadal water quality trends demonstrated significant growth in mean annual
summertime concentrations of Chl a in Buzzards Bay, 0.15 + 0.08 log;o(Chl a; mg m™) per decade.
This value similar to and within error of the Chl a trend (mean rate of 0.17 + 0.09 log;o(Chl a; mg
m™) per decade) determined on a larger spatial scale across 17 embayments within Buzzards Bay
(Rheuban et al., 2016). Eutrophic conditions in coastal waters could be noticeable in a variety of
ways, such as through the discoloration of the water column or a decline in shellfish stocks. Based
on the results of the second stage, indicators of eutrophication were correlated directly with a
decline in recreational shellfish permit sales. Further, this finding is very likely conservative, as
the consequences of eutrophication for coastal communities would include not only reduced
benefits from shellfishing but also from other coastal recreational activities, such as beachgoing,
swimming, or saltwater sportfishing (Keeler et al., 2012).
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The effect of shellfish closures on permit sales was modeled by including precipitation and
fecal coliform variables. Regulators close bacterial impaired shellfish growing areas based on
rainfall amounts, bacterial contamination, oil spills, and storm events. Local authorities are
responsible for openings and closures of shellfish beds, resulting in heterogeneity across towns on
conditions that warrant a closure. Interestingly, the precipitation variable was insignificant (p >
0.05) across all regressions within the second stage. Especially considering the fact that
precipitation levels and fecal coliform concentrations lacked significance across the combined
Buzzards Bay towns, this suggested that shellfish bed closures played a relatively minor role in
driving permit sales over the study period. Rather, the eutrophication indicator Chl a demonstrated
a significant and large impact on permit sales across Buzzards Bay towns.

It is important to reflect on how interactions between nutrient loadings, physical drivers,
and a changing climate lead to increases in coastal eutrophication. Freshwater characterized by
low salinity, such as groundwater or precipitation runoff, conveys nutrients and bacteria to coastal
embayments. This trend is important in the context of the US Northeast, which has experienced
both an increase in precipitation levels by > 10% since the late 1800s and a 71% increase in the
volume of rainfall within the top 1% of rainfall events (Horton et al., 2014). Moreover, Williamson
et al. (2017) found that, due to summertime warming and altered precipitation patterns, estuarine
responses to nitrogen loading may have changed over time, leading to increasing yields of Chl a
per unit total nitrogen load during 1992-2013. Importantly, studies have observed inverse
correlations between salinity and nutrient concentrations, attributed to the mixing of low-salinity,
high-nutrient water masses with high-salinity, low-nutrient water masses (Valiela and Costa, 1988).
The degree of mixing of water masses comprising high and low nutrient levels thereby may
modulate overall nutrient loading, and this process can be significant for shallow coastal estuaries
like Buzzards Bay. The results of the second-stage regressions support this intuition, as permit
sales were correlated positively with salinity across all towns and for the individual towns of
Falmouth, Marion, Wareham, and Westport.

The modeling approaches carried out here yielded mixed results with respect to the effects
of mean annual summertime concentrations of dissolved inorganic species of nitrogen such as
NH;4" and [NO;3™ + NOy] in explaining the variability in total shellfish landings and permit sales.
The biological components of water quality, PON, POC, Chl a, were consistently negatively
related to shellfish landings and permit sales. Rheuban et al. (2016) found that the biological
component of water quality and dissolved inorganic nitrogen were decoupled in the water column,
indicating that excess inorganic nutrients were efficiently take up into biological and detrital
reservoirs. This highlights the importance of the local composition of primary producers and the
interactions between biophysical drivers (temperature, precipitation) and nutrient loadings that
influence the biology within the system, resulting in a change in the delivery of ecosystem services.
In a world with a changing climate, it is important to understand the intricate relationships between
patterns of anthropogenic nutrient loading and ecological processes.

6.4.3 Benefits transfer
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To communicate the significance of healthy coastal marine ecosystems to the public, it is
critical to characterize how changes in water quality might lead to gains or losses in human welfare.
A key aspect of this study was to obtain estimates of changes in the net benefits of recreational
shellfishing due to variations in water quality indicators, particularly Chl a. While the full suite of
water quality indicators has important implications for ecosystem health, Chl a is a potentially
observable component of water quality that is well documented in its impacts on eutrophication
and shellfish mortality. Many water quality indicators, such as salinity or particulate organic
nitrogen, can be difficult for people to observe directly within the water column without scientific
instrumentation. As the full array of environmental measures becomes more widely publicized and
understood, especially through the actions of citizen scientists and the national estuary programs,
further efforts to characterize the potential impacts of changes in water quality on human welfare
undoubtedly will grow.

The historical positive trends of water-column Chl a in Buzzards Bay are helpful in
determining changes in economic values of recreational shellfishing associated with coastal
eutrophication and declining water quality over the study period. The water quality trends may not
continue into the future, particularly if water quality controls are implemented leading to reduced
eutrophication. Across the five Buzzards Bay towns, the results of this study suggest that reducing
mean annual summertime concentrations of Chl a could lead to an increase in the cultural
ecosystem service benefits from recreational shellfishing. A hypothetical reduction of 0.15 + 0.08
log10 (Chl a; mg m™) per decade would result in increases in the economic benefits received from
recreational shellfishing, ranging from $25,521 to $201,832 per decade (rows 5 and 6 in Table 8).
Annual potential water quality improvements imply asset values ranging from $0.08 + 0.05 million
(WTP) to $0.67 £ 0.41 million (WTA) associated with a hypothetical reduction in Chl a
concentrations (calculated at 3%; rows 7 and 8 in Table 8). Notably, changes in Chl a
concentrations are not independent of changes in other water quality parameters, such as PON and
POC. The asset value estimates therefore comprise a conservative lower bound on the benefits
associated with improvements in water quality conditions. Estimates such as these could help
natural resource managers and other stakeholders begin to account for water quality as a supporting
ecosystem service, thereby bolstering arguments for improvements.

This study elucidated pathways through which water quality could influence the benefits
of recreational shellfishing, and estimated the economic effects associated with changes in water
quality measures. While this study focused on the impacts that indicators of eutrophication could
have on recreational shellfishing value, there were also other observed significant trends (e.g.
increased temperature, decreased salinity) obtained from the comprehensive water quality
monitoring program carried out by Buzzards Bay Coalition that could have potential implications
for the supply of future ecosystem services from the coastal waters of Buzzards Bay.

6.5 CONCLUSIONS

Historically, recreational shellfishing has been a significant cultural ecosystem service
provided by Massachusetts bays and estuaries. During the study period, however, both the number
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of shellfish permits sold and shellfish landings have declined in Buzzards Bay. Decisions to
purchase recreational shellfish permits depend upon individual perceptions about water quality,
seafood safety, and the availability and accessibility of preferred shellfish. Modeling such
decisions was beyond the scope of this study. Instead, using a method that extracts information
from a large number of collinear environmental measures, diminished water quality was shown to
help explain reductions in the capacity of the Buzzards Bay estuary to provide recreation as a
cultural ecosystem service. A proxy for apparent pollution (Chl a) showed the strongest negative
relationship with permit sales, and similar relationships also were observed across individual
Buzzards Bay towns. Over the 24-year study period, losses of $0.08—0.67 million in recreational
shellfishing benefits were estimated conservatively to be the consequence of declining water
quality. The value of goods and services supplied by marine coastal ecosystems can be affected
adversely by nutrient over-enrichment and climate changes, and further research quantifying the
scales of such losses clearly is warranted.
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Table 1: Summary statistics of annual town averages of total (recreational and commercial)
landings of shellfish by species. Displayed statistics are number of observations (N), average value
(MEAN), standard deviation (SD), and units (UNITS).

Variables N MEAN SD UNITS
Quahog 84 188 149 Tons
Little neck clams 39 88 129 Tons
Soft shell clams 86 41 51 Tons
Oysters 94 9 11 Tons
Bay scallops 88 5 20 Tons
Surf clams 58 5 13 Tons
Conch 53 3 6 Tons
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Table 2: Willingness-to-pay (WTP) and willingness-to-accept (WTA) total value estimates (2017
USD) for Cape Cod towns from Damery and Allen (2004). Total value estimates for each town
are the sum of permit revenues and consumer surplus estimates from survey estimates of
willingness-to-pay (WTP) and willingness-to-accept (WTA). Average value per permit across
towns was calculated for each approach. Standard errors are reported for average value per permit.

Willingness to Pay Total Value Estimates

Year Town Permit R G Surplus Estil Total Value Permits Issued  Unit Value Permits Summary Table

2017 Barnstable $50,707 $91,621 $142,328 1,955 $73 Cape Cod Total Value $1,405,215
2017 Bourne $103,390 $155,006 $258,396 2,310 $112 Average Value Per Permit  $79.25 +6.29
2017 Brewster $14,863 $32,301 $47,164 689 $68

2017  Chatham $128,879 $178,047 $306,926 2,775 $111

2017 Dennis $12,218 $29,675 $41,892 676 $62

2017 Eastham $39,164 $72,375 $111,539 1,532 $73

2017 Falmouth $50,035 $91,841 $141,876 1,951 $73

2017 Harwich $7,000 $20,849 $27,849 466 $60

2017 Mashpee $14,551 $30,032 $44,582 688 $65

2017  Orleans $45,628 $61,931 $107,559 984 $109

2017 Provincetown $1,731 $6,742 $8,474 162 $52

2017  Truro $2,505 $7,890 $10,395 169 $62

2017  Wellfleet $33,107 $51,230 $84,337 684 $123

2017 Yarmouth $22,325 $49,573 $71,898 1,068 $67

Willingness To Accept Total Value Estimates

Year Town Permit R C Surplus Estil Total Value Permits Issued  Unit Value Permits Summary Table

2017 Barnstable $50,707 $1,239,641 $1,290,348 1,955 $660 Cape Cod Total Value $10,034,102
2017 Bourne $103,390 $1,406,997 $1,510,386 2,310 $654 Average Value Per Permit  $626.75 +9.80
2017 Brewster $14,863 $422,696 $437,559 689 $635

2017 Chatham $128,879 $1,418,073 $1,546,951 2,775 $557

2017 Dennis $12,218 $427,427 $439,645 676 $650

2017 Eastham $39,164 $904,141 $943,305 1,532 $616

2017 Falmouth $50,035 $1,195,248 $1,245,282 1,951 $638

2017 Harwich $7,000 $281,283 $288,284 466 $619

2017 Mashpee $14,551 $436,905 $451,455 688 $656

2017 Orleans $45,628 $487,090 $532,718 984 $541

2017 Provincetown $1,731 $101,909 $103,641 162 $640

2017 Truro $2,505 $100,125 $102,630 169 $607

2017 Wellfleet $33,107 $406,885 $439,993 684 $643

2017 Yarmouth $22,325 $679,579 $701,904 1,068 $657
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Table 3: Summary statistics of town averages for variables used for regression analysis. Displayed
statistics are number of observations (N), average value (MEAN), standard deviation (SD), and
the units of the variable (UNITS). Cape Cod National Seashore visits is a 1992-2015 dataset that
is not town specific.

Variables N MEAN SD UNITS
Recreational shellfish permits 120 1341 658 Permits
Recreational shellfish permits per capita 120 0.08 0.03 Permits per capita
Recreational shellfish landings 94 56 66 Tons
Commercial shellfish landings 95 176 171 Tons
Total shellfish landings 94 235 192 Tons
Population 120 18,266 8775 People
Unemployment rate 120 6.52 2.66 %
Cape Cod National Seashore visits 24 4,582,000 362,304 People
Fecal coliform 119 8.61 5.73 cfu/100 mL
Precipitation 120 88.79 33.21 mm
PON 119 0.98 0.10 logio (MM)
POC 119 1.85 0.16 logio (UM)
Chlorophyll a 119 0.66 0.21 log;o (mgm™3)
Temperature 120 23.26 1.05 °C
PO, 119 -0.17 0.15 logio (UM)
NH,* 119 —-0.01 0.24 logio (UM)
NO;~ + NO,™ 119 —0.43 0.34 logyo (UM)
0, saturation 120 0.85 0.07 %
DON 119 1.32 0.13 logio (UM)
Salinity 120 28.01 2.31 ppt
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Table 4: Linear regression analysis to illustrate decadal time trends of annual mean summer water
quality across all towns and individual towns. Slopes of linear regressions are expressed as units
per decade. Standard errors (SE), p-values, R? values, and observations (n) are reported. Bolded
coefficients are significant at the 5% level.

Temperature (°C) logo(Chl @ (mg m?))
Town slope SE p-value r? n Town slope SE p-value IS n
All Towns 0.62 0.19 <<0.01 0.32 24 All Towns 0.15 0.04 <<0.01 0.40 24
Bourne 0.36 0.25 0.17 0.09 24 Bourne 0.16 0.04 <<0.01 0.38 24
Falmouth 0.65 0.20 <<0.01 0.32 24 Falmouth 0.18 0.04 <<0.01 0.54 24
Marion 0.12 0.30 0.69 0.01 24 Marion 0.08 0.05 0.16 0.09 23
Wareham 0.90 0.19 <<0.01 0.51 24 Wareham 0.15 0.04 <<0.01 0.38 24
Westport 1.08 0.31 <<0.01 0.36 24 Westport 0.14 0.05 0.01 0.29 24
Salinity (ppt) l0g10PON(1M))
Town slope SE p-value r n Town slope SE p-value IS n
All Towns -0.79 0.37 0.05 0.17 24 All Towns 0.05 0.02 0.01 0.29 24
Bourne -0.11 0.32 0.74 0.01 24 Bourne 0.03 0.02 0.08 0.13 24
Falmouth -0.28 0.30 0.36 0.04 24 Falmouth 0.07 0.02 <<0.01 0.39 24
Marion -1.17 0.41 0.01 0.28 24 Marion 0.04 0.03 0.13 0.10 23
Wareham -1.21 0.47 0.02 0.23 24 Wareham 0.06 0.02 <<0.01 0.39 24
Westport -1.16 0.72 0.12 0.11 24 Westport 0.02 0.02 0.32 0.05 24
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Table 5: Linear regression analysis to illustrate decadal trends in socioeconomic variables used in
the analysis. Slopes of linear regressions are expressed as units per decade. Standard errors (SE),
p-values, R? values, and observations (n) are reported. Bolded coefficients are significant at the 5%
level.

Population (People) Recreational Shellfish Permits (Number of Permits)
Town slope SE p-value r n Town slope SE p-value r? n
All Towns 5,042 592 <<0.01 0.77 24 All Towns -437 123 <<0.01 0.36 24
Bourne 1,448 147 <<0.01 0.82 24 Bourne 29 83 0.73 0.01 24
Falmouth 1,184 434 0.01 0.25 24 Falmouth -16 55 0.77 0.00 24
Marion 73 57 0.21 0.07 24 Marion -124 22 <<0.01 0.60 24
Wareham 1,409 81 <<0.01 0.93 24 Wareham -256 59 <<0.01 0.46 24
Westport 928 48 <<0.01 0.95 24 Westport -70 18 <<0.01 0.42 24
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Table 6: Estimated parameters with standard errors (in parentheses) for the first stage PLS
regression, comprising environmental variables. Displayed in the columns are regressions using
data for all five towns (“All Towns”) and for each town individually. Coefficients at 10% and 5%
significance level are indicated by * and **, respectively.

Independent variables Dependent variable: total shellfish landings
All Towns Bourne Falmouth Marion Wareham Westport
Fecal coliform 0.048 0.049 0.136 —0.277** 0.089* 0.069
(0.046) (0.073) (0.148) (0.064) (0.051) (0.114)
Precipitation 0.005 —0.023 —0.043 —0.051 0.025 0.076
(0.042) (0.069) (0.092) (0.085) (0.061) (0.094)
PON —0.088** —0.068 —0.563** 0.018 —0.227** —0.028
(0.036) (0.055) (0.094) (0.096) (0.039) (0.104)
POC —0.080* —0.034 —0.680** 0.126 —0.283** —0.008
(0.048) (0.080) (0.092) (0.106) (0.039) (0.106)
Chl a —0.155%* —0.157** 0.036 —0.239** —0.191** —0.226**
(0.037) (0.078) (0.081) (0.084) (0.046) (0.106)
Temperature 0.001 —0.101* 0.070 0.240** —0.136** 0.230*
(0.061) (0.058) (0.120) (0.093) (0.042) (0.133)
PO~ 0.101** 0.108* 0.000 0.121 0.057 0.223**
(0.043) (0.060) (0.129) (0.086) (0.053) (0.093)
NH,* 0.028 0.052 —0.383** —0.033 0.163** 0.098
(0.040) (0.060) (0.100) (0.082) (0.042) (0.079)
NO;~ + NOy~ 0.055 0.089 0.091 —0.099 0.088 0.100
(0.048) (0.067) (0.105) (0.110) (0.057) (0.092)
O, saturation —0.029 0.051 0.136 0.114* —0.138** —0.317**
(0.055) (0.089) (0.104) (0.068) (0.065) (0.109)
DON —0.083** —0.069 0.047 —0.234** —0.053 —0.157**
(0.042) (0.071) (0.113) (0.082) (0.062) (0.064)
Salinity 0.068 0.024 —0.241** 0.292** 0.070 0.187**
(0.057) (0.083) (0.104) (0.078) (0.079) (0.078)
Observations 93 23 18 15 17 20
R? 0.16 0.25 0.62 0.65 0.60 0.57
RMSE 0.90 0.85 0.60 0.59 0.61 0.64
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Table 7: Table of coefficients with standard errors (in parentheses) for the second stage PLS
regressions, comprising predicted shellfish landings from the first stage, socioeconomic variables,
and environmental variables as predictors. Coefficients at 10% and 5% significance levels are
indicated with * and **, respectively.

Independent variables Dependent variable: permits sold per capita
All Towns Bourne Falmouth Marion Wareham Westport
Predicted landing 0.270** 0.160** —0.089** 0.191** 0.132** 0.106**
(0.013) (0.044) (0.043) (0.062) (0.014) (0.053)
Unemployment rate 0.040 —0.051 0.258** 0.131* —0.007 —0.086
(0.032) (0.072) (0.043) (0.073) (0.039) (0.088)
CCNS visits 0.144** 0.003 0.224** 0.271** 0.094** 0.240**
(0.033) (0.111) (0.050) (0.049) (0.023) (0.061)
Fecal coliform 0.026 —0.008 —0.072 —0.084 0.096** 0.146**
(0.028) (0.095) (0.051) (0.062) (0.032) (0.055)
Precipitation -0.027 —0.033 0.107 —0.064 —0.050 —0.098
(0.035) (0.078) (0.087) (0.050) (0.048) (0.063)
PON —0.052** —0.095* 0.049 —0.128** —0.097** 0.032
(0.020) (0.056) (0.046) (0.059) (0.022) (0.068)
POC —0.060** —0.070 0.051 —-0.114 —0.091** —-0.071
(0.023) (0.047) (0.055) (0.073) (0.023) (0.092)
Chl a —0.121** —0.112%* -0.151* —0.154** —0.108** —0.131**
(0.023) (0.054) (0.080) (0.063) (0.032) (0.051)
Temperature —0.048 —0.035 -0.029 0.158* —0.103** —0.178**
(0.038) (0.086) (0.090) (0.088) (0.044) (0.073)
PO~ 0.061** 0.036 0.147** 0.078 0.032 0.057
(0.023) (0.074) (0.037) (0.061) (0.037) (0.059)
NH,* 0.047 0.110 0.069 —0.004 0.100** —0.096
(0.029) (0.126) (0.043) (0.067) (0.030) (0.080)
NO;~ + NO;~ —0.002 0.023 -0.119 0.003 0.056* —0.023
(0.033) (0.082) (0.082) (0.070) (0.034) (0.075)
0O, saturation —0.011 0.004 0.229** —0.073 —0.074** —0.104
(0.034) (0.077) (0.047) (0.091) (0.033) (0.086)
DON 0.036 0.061 —0.051 0.051 0.072 0.028
(0.036) (0.117) (0.050) (0.076) (0.047) (0.090)
Salinity 0.120** 0.014 0.175** 0.179** 0.114** 0.177**
(0.030) (0.069) (0.053) (0.044) (0.041) (0.058)
Observations 118 24 24 22 24 24
R? 0.25 0.15 0.80 0.59 0.56 0.48
RMSE 0.85 0.90 0.44 0.65 0.65 0.70
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Table 8: Calculation of total asset values with associated standard errors from the two stage
regression approach. The first row depicts obtained PLSR coefficients that have units of standard
deviation change in permits sold per capita per one standard deviation change in Chl a (SD Permit
Per Capita/SD Chl a). The second row (Permits/ Chl a) is the change in permits associated with a
1% change in Chl a concentrations (mg m). The third row (Permits/Decade) is the change in
permits sold per decade, associated with Chl a trends from 1992 to 2015. The fourth and fifth rows
are the WTP and WTA value estimates by applying the $79.25 and $626.75 total value per permit
estimates to the change in permits sold per decade. The sixth and seventh rows indicate asset values
obtained by dividing the associated change in economic value (§ WTP or $ WTA) per year by 0.03
(discounted at 3%).

All Town Bourne Marion Wareham Westport
SD Permits Per Capita/SD Chl a —0.16 = 0.03 —0.14 = 0.06 —0.20 = 0.07 —0.13 = 0.03 -0.15 = 0.05
Permits/Chl a —2091 = 326 —205 + 84 —133 * 45 —267 = 65 —-91 + 31
Permits/Decade -322 £ 99 -33 + 16 -11 = 8 -39 + 14 -13 £ 6
$ WTP/Decade —25,521 = 8128 —2644 * 1312 —834 + 639 —3086 = 1158 —1033 = 504
$ WTA/Decade —201,832 * 62,332 —20,910 = 10,245 —6599 * 5029 —24,407 + 8960 —8173 * 3932
$ Asset Value (WTP) —85,070 *= 27,093 —8813 * 4372 —2781 *+ 2131 —10,287 * 3860 —3445 = 1679
$ Asset Value (WTA) —672,774 + 207,775 —69,700 + 34,150 —21,998 * 16,764 —81,357 + 29,866 —27,242 + 13,108
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Water Quality Sampling Stations and
Shellfish Growing Area Designations
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Fig. 1. Map of Buzzards Bay, MA towns and the Buzzards Bay Coalition water quality
sampling stations used in the analysis overlain by designated shellfish growing areas.
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Chapter 7: Conclusions

This thesis provides an assessment of coastal ecosystem biogeochemical processes
alongside socioeconomic trends to reveal linkages in ecosystem service benefits and promote the
future survival of these valuable ecosystems. I captured the response and recovery from
disturbances within these environments through the analysis of long-term marsh soil records and
high spatial-resolution water quality monitoring efforts. Coastal ecosystems are heterogeneous
environments based on the exploration of existing and infilling ponds (Ch 2 — 4), ditched and
unditched marshes (Ch 5), and watershed-specific estuarine water quality trends (Ch 6) that deliver
unique types and rates of ecosystem services. This can make characterizations of ecosystem
services more elusive, particularly in the context of increased disturbances to ecosystem
functioning in a future of global change (Portnoy, 1999; Pendleton et al., 2012; Spivak et al., 2019).

In Chapter 2, natural salt marsh carbon storage was characterized with a range of soil
organic carbon (SOC) pools that are cycled along a continuum of turnover times. Overlaid metrics
of carbon reactivity, source, and age described multiple processes contributing to soil development
and heterogeneity in long-term SOC burial: new production, erosion and redeposition, and
microbial reworking. Disturbances in the form of ponding on the marsh platform, that accelerate
decomposition, result in shifts in the reactivity and composition of marsh SOC. Broader
application of these geochemical approaches has the potential to enhance understanding of
preservation under different environmental settings and inform marsh ecosystem evolution models
and service valuation.

Chapter 3 expanded on the impacts of ponding on the marsh platform and revealed that the
effects of ponding do not significantly propagate throughout the marsh platform. Instead, pond
expansion processes result in shifts in pond soil carbon sources and the loss and redistribution of
long-buried carbon within the marsh carbon budget. During pond deepening, erosion and
decomposition contribute in nearly equal parts to soil carbon loss and alter surficial pond soil
carbon dynamics. Further, incorporation of ponds in salt marsh carbon budgets for our study site
can lead to a 7% decrease in carbon stocks. Combined with the social cost of carbon ($176 per ton
of carbon; Ricke et al., 2018), this would lead to an error in around $4.1 million USD in carbon
storage ecosystem services for GBM. Therefore, constraining the influence of natural gradients
within the salt marsh landscape on the vertical and lateral distribution of marsh soil properties as
well as processes that contribute to pond development can help refine marsh soil carbon budgets
and ecosystem services.

At the other end of the pond life-cycle, Chapter 4 explores the nature of pond recovery on
the marsh platform and whether this results in a zero-sum game in terms of changes in marsh
carbon storage services associated with pond expansion and recovery. Catalyzed by mosquito
ditching in the 1920s, pond recovery within Great Barnstable Marsh, MA has resulted in a virtually
indistinguishable vegetated marsh landscape. Ponds that previously existed in the 1920s have now
nearly recovered in elevation to the surrounding marsh platform through drainage, revegetation,
and rapid soil accumulation (4.8 — 10.9 mm yr'!). Yet, infilled pond environments continue to
contribute to soil heterogeneity within the marsh environment. Thus, incorporating the full pond
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life cycle into estimates of salt marsh carbon budgets and turnover will be key to informing ditch
management decisions and refining marsh carbon budgets.

In Chapter 5, incorporation of pond features from Ch2 — 4 informed resource management
trade-off analysis in the marsh carbon budget in Great Barnstable Marsh, MA. Considering the
presence of ditches, recovered and existing ponds, the elevation differences within the marsh
interior, we find that the maintenance of mosquito ditches have not significantly impacted carbon
storage services after a century of ditching. Through balancing the costs of ditch maintenance and
potential losses in other ecosystem service values (e.g. recreational bird watching, storm-surge
buffering), accurate cost-benefit analysis can aid effective management decisions that optimize
both human health aspects and the future health of these valuable ecosystems. Through the close
collaboration between resource managers and scientists, this analysis informed an end-user
decision support tool to help resource managers make decisions that balance human wellbeing and

long-term marsh sustainability.

Moving from intertidal coastal marsh ecosystems to estuarine ecosystems, Chapter 6
explores the use of long-term water quality monitoring and socioeconomic records to demonstrate
the relationship between water quality degradation and losses in cultural ecosystem service
benefits within different towns of Buzzards Bay, MA. Diminished water quality coincided with
reductions in the capacity of the Buzzards Bay estuary to provide recreation as a cultural ecosystem
service, valued at $0.08-0.67 million in recreational shellfishing benefits. Thus, the value of
estuarine ecosystem goods and services can be affected adversely by anthropogenic disturbance
and global change.

A summary table of the work explored within each thesis chapter is provided to highlight
how disturbances to marsh ecosystem functioning consequently impact potential coastal
ecosystem services (provisioning, regulating, cultural, and supporting) (Table 1). Direct impacts
(bolded) of disturbances to coastal ecosystem services include changes in coastal carbon storage,
science and education opportunities, mosquito habitats, and recreational fishing. For Chapter 2 —
5, an additional area of research includes future exploration of how natural and anthropogenic
disturbances impact marsh ecosystem functioning within rapidly submerging environments. The
New England marsh systems within this thesis are relatively healthy when compared to marshes

submerging marsh environments. In terms of ecosystem service valuation associated with natural
and anthropogenic disturbances, further research is required to determine how to translate changes
in marsh landscape features (e.g. ponds, ditches, platform elevations) to alterations in nutrient
uptake, storm-surge protection, and recreational ecosystem service values. Finally, analysis of the
temporal and spatial heterogeneity of coastal ecosystem functioning and services demonstrates the
need for future expansion of biogeochemical datasets that can constrain the variability within these
valuable ecosystems that directly impact coastal communities.
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Overall, this thesis highlights the importance of predicting coastal ecosystem
biogeochemical functioning in the context of natural and anthropogenic disturbance that will be
key for refining their continued roles in ecosystem service delivery and predicting future survival.
Coastal salt marsh soil organic carbon burial and preservation — a vital component to marsh
survival - is biogeochemically complex and spatially heterogeneous revealing a range of
ecosystem service delivery rates for current and future climate scenarios. Further, elucidating
pathways in which water quality could impact recreational shellfishing activity and cultural
ecosystem service benefits received by coastal communities can bolster arguments for coastal
ecosystem rehabilitation and protection by resource managers and stakeholders. Future work will
involve expanding spatiotemporal datasets within coastal ecosystems to further clarify
relationships between ecosystem functioning and additional ecosystem service values that may
still not be realized by scientists and the general public. The approach presented here suggests a
more broadly applicable framework that utilizes long-term environmental and socioeconomic
records to assess the disturbance-driven changes in coastal ecosystem functioning and service
delivery to human populations.
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