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ABSTRACT

A review of six methods for deriving sediment quality criteria (SQC) was conducted. Each
approach was analyzed according to cost, difficulty, applicability and reliability. Results of
this analysis led to the recommendation that the state of Massachusetts should use a
combination of the Equilibrium Partitioning modeling approach and the Threshold Effects
Level/Probable Effects Level correlative approach to SQC derivation. Criteria should then
be applied as screening values for evaluation of sediment toxicity.

One significant component of sediment quality that all criteria approaches lack is the
bioaccumulation/biomagnification of contaminants. Nor are there accurate, easily
implemented models for benthically-coupled organisms such as Mya arenaria. In this
document a bioaccumulation model for PAHs and PCBs was developed. The model
considers contaminant partitioning into organism lipid and protein and incorporates organism
exposure to contaminants through sediment and ingestion of contaminated food particles.
Results show the model predicts PCB accumulation in M. arenaria with only a slight
variation from observed data. Partitioning into sedimentary soot fraction was added to the
model for PAHs. Results showed an increase in model accuracy, but predicted
concentrations still remain greater than observed concentrations.

A combination of sediment quality criteria used as screening criteria and the
bioaccumulation model for M. arenaria will improve the accuracy of site assessment of PAH
and PCB compounds.
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1.0 Introduction

With the advent of the industrial age, the use of chemicals in processes and products has
risen exponentially. Correspondingly, the volume of toxic waste increased, creating new
disposal issues and safety concerns. Until the last few decades, the oceans were
perceived as a free dumping ground, an easily accessible common resource with
unlimited capacity to dilute and transport waste. Following this logic, contaminants were
discharged and dumped into rivers and coastal areas. Pollution accumulated from
municipal (sewage treatment plants, CSOs), industrial (manufacturing plants, power-
generator operations), atmospheric and urban/rural sources (runoff from agricultural
fields, landfills, toxic waste disposal sites, mining sites) (USEPA 1998b). Lack of
adequate management, incomplete scientific information and the refusal of any individual
or entity to take responsibility for ensuring the health of the oceans (Hardin 1968) led to
the build-up of contaminant concentrations in the ocean ecosystem at potentially

biologically harmful levels.

While the large volume of the oceans appeared to dissipate pollutants, natural fluxes and
exchange processes eventually caused the contaminants to settle to the bottom. Because
of the hydrophobicity (tendency to partition out of water and dissolve into other types of
compounds) and the ability of various chemicals to sorb to particulate matter, sediments

especially accumulate high contaminant concentrations and are often considered the

ultimate sink for pollutants (Salomons et al. 1987).

A classic example of polluted sediment and corresponding ecosystem contamination is
Massachusetts Bay. For almost thirty years, the National Oceanic and Atmospheric
Administration (NOAA) has cited Boston Harbor as one of the dirtiest harbors in the
United States INOAA 1985). Under current management plans, improved sewage

treatment and construction of a new outfall pipe has decreased the impact of raw sewage



and removal of sludge from harbor waters (MWRA 1997). The Clean Water Act of 1972
and enforcement by the US Environmental Protection Agency (EPA) of the National
Pollution, Discharge and Elimination System (NPDES) limits on chemical dumping have
reduced contaminant releases into Boston Harbor waters. There continue to be, however,
multiple sources of pollutants to Boston Harbor and the rest of the Massachusetts Bay
that have not adequately been addressed. Nonpolar organic pollutants and various metals
are found in high enough concentrations in harbor sediments to be of concern. This
document focuses on possible methods of predicting and therefore preventing effects on
biota from high levels of the nonpolar organic compounds polycyclic aromatic
hydrocarbons (PAHs) and polychlorinated biphenyls (PCB), which serve as typical

examples of the problem.

The challenge for resource managers is to identify contaminant levels that, when
exceeded, cause unacceptable biological effects. Over the years, many approaches to
measuring sediment toxicity have been developed. The most widespread consistent use
of sediment toxicity determinations is by the US Army Corps of Engineers (ACOE) and
various state agencies. For example, sediment quality determinations are a required
protocol in the Testing Manual for the Evaluation of Dredged Material Proposed for
Ocean Disposal (USEPA and USACOE 1991). A tiered system of testing follows a flow
chart of assessment options depending on whether test results do or do not meet certain
standards. If the bulk chemistry of the sediment is greater than the acceptable range of

toxicity, bioassay tests are required. These ranges, however, remain unofficial.

In an attempt to establish national guidelines to sediment quality for wide application by
multiple users, the EPA and other technical experts reviewed all available methods for
SQC derivation. The result of these studies was the EPA’s proposal to use the
equilibrium partitioning method (EqP) for developing national sediment quality criteria
(SQC) for three PAH compounds and two pesticides. Due to subsequent research and
multiple public comments, however, a few years later the EPA rescinded its proposed

SQC in order to conduct further testing. For example, the original assumption of one



hundred percent bioavailability of contaminants in sediment is inaccurate if there are also

soot particles present (McGroddy et al. 1996, McGroddy and Farrington 1995).

Currently, the national sediment quality criteria for nonpolar organic compounds are
under development, but even though the EPA continues to endorse the EqP-derived
values, the criteria are only recommendations. States are not obligated to follow them
under law; only state-passed standards make clean-up levels official. Some coastal states
such as Washington have adopted state SQC (WADEC 1991, Becker et al. 1989).
Massachusetts, however, has not. In order to recommend the most appropriate set of
SQC for Massachusetts, the methods of six approaches to SQC derivation were reviewed
(there are over ten) and each approach analyzed in terms of cost, difficulty, applicability
and reliability. These include: the water quality criteria approach, the spiked sediment
toxicity approach, the apparent effects threshold approach, the equilibrium partitioning
approach, the effects range-low and effects range-median approach and the threshold
effects level and probable effects level approach. Relevant legislation and the interests of

and conflicts between stakeholders are also analyzed.

One essential component that all SQC approaches lack is bioaccumulation: the
accumulation in organism tissue of contaminants from the environment. The same
hydrophobic properties that allow PAHs and PCBs to sorb to sediment particles also
enable them to accumulate in various body components of organisms. Biota are usually
exposed to chemicals through multiple routes. For example, filter feeders are benthically-
coupled organisms that both ingest chemicals sorbed to particulate matter and absorb
them through direct contact with sediment and porewater. Continuous exposure to
contaminants leads to an increase in body burden, which, at high enough levels, can
adversely affect the individual organism. As contaminated organisms are consumed,
chemicals are “passed on” to predators. Biomagnification occurs when organisms high in
the food web accumulate concentrations of contaminants higher than in each individual
food item. Eventually all levels of the food web are affected, including wildlife and

human consumers. The effects on both wildlife and humans that can occur from eating
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seafood contaminated with PAHs and/or PCBs include birth defects, neurological
disorders and organ diseases and malfunctions (USEPA 1998b). Individual effects also
have the potential to multiply into population and community effects. This
biomagnification occurs as too many organisms are adversely affected and can no longer
function “properly” within the environment. Natural resource mangers need to be able to
measure the health of the marine ecosystem in order to adequately protect ecosystem and

public health.

Various models are available for predicting contaminant bioaccumulation. Model types
include biota-sediment accumulation factors, the pharmacokinetic model and the
hydrophobicity (equilibrium partitioning) model. These models are usually not both
contaminant-specific and species-specific, but rather are designed for wide applicability.
Most work in this area has been done on the mussel Mytilus edulis, but even other
bivalves have a different degree of association with the sediment and therefore may
respond differently to similar contamination scenarios. For example, currently there are
no bioaccumulation models in use for Mya arenaria, a common bivalve species in many
marine habitats. M. arenaria are benthically-coupled filter-feeders, an essential link in
the marine food web. They are also godd bioaccumulators of hydrophobic contaminants,

making them a reliable indicator of ecosystem health.

In order to assist managers in assessing ecosystem health or evaluating the impact of
proposed projects affecting the marine system, answers to the following questions are

essential and are therefore examined in this document:

e How does observed bioaccumulation of PAHs and PCBs in Mya arenaria

compare to predicted values?

e Can bioaccumulation of PCBs and PAHs in Mya arenaria be modeled

accurately?

e Can bioaccumulation modeling be used in conjunction with sediment quality

criteria for site assessment?
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2.0 Sediment Quality Criteria: Relevance,
History and Current Status

In theory, sediment quality criteria are useful for multiple applications and are good
indicators of ecosystem health. In practice, however, there are many caveats and
inaccuracies to this type of toxicity assessment. There are two main reasons why, after
decades of discussion and multiple iterations of this issue, no solution has yet been

reached.

The first reason for the current lack of SQC is that there is no single approach that
incorporates all aspects of the environment required to determine ecosystem health. SQC
based on contaminant chemistry do not necessarily incorporate biological effects,
providing results that are inaccurate for field situations. Variable analytical techniques
may also affect the validity of results and prevent cross-comparisons between samples
from different studies. For example, detection limits for some organic chemical are in the
part per million range, which is not sensitive enough when correlating chemical
concentrations with adverse effects on biota. Yet it is usually easier to determine
chemical concentrations than biological effects, which has created a history of resistance

to biological testing.

Aside from difficulty, there is another set of obstacles to application of biologically-
derived SQC. Results are often correlative rather than defining direct cause and effect
relationships. For instance, the concentration of a contaminant in the field may yield a
biological effect, but because sediments most often contain mixtures of contaminants, it
is never certain which chemical has actually caused the adverse effects to biota. For this
reason, contaminant concentration and biological effects are not necessarily related.
Another issue related to biologically-derived SQC is that although there are mixtures of

contaminants evident in field sediment, criteria are developed for single contaminants.
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This eliminates the possibility of antagonistic or synergistic interactions between
chemicals, which may directly affect the toxicity of the sediment. An approach to SQC
development that incorporates both chemistry and biology would allow for the benefits of
each while canceling out some of the limitations. As yet, no approach with this type of

integration has been developed.

The second reason for the inability of the federal government and most of the state
governments to implement sediment quality criteria is the lack of agreement between
stakeholders. Federal and state government agencies, private industries and public
organizations each have their own agendas and interests. Three main issues between
involved parties are protective capability (liberal versus conservative), consistency (state-
by-state versus national criteria) and cost (low versus high on the priority list). Because
SQC, even if published in the federal register by the EPA, will not be legally binding,
there is no rush for consensus. This, coupled with the conflicts of interest between
stakeholders and the limitations of chemically- and biologically-based approaches

mentioned above has prevented this issue from being resolved.

In spite of these difficulties, however, site assessments are still occurring and sediment
toxicity remains an important issue. Massachusetts is currently involved in the Boston
Harbor Navigation Improvement Project, which requires testing of existing bottom
sediment, resuspended sediment in the water column and the potential toxicity of dredged
materials. Due to the lack of national SQC, the state must choose a set of SQC
appropriate to its situation. The following sections (Sections 2-6) attempt to answer the

question “What is the most viable approach to SQC for Massachusetts?”

2.1 SQC: Purpose

Sediment quality criteria reflect the use of available scientific data to assess the likelihood

of significant adverse environmental effects to benthic organisms from sediment
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contamination. They are the basis for the derivation of regulatory requirements that will
protect against these effects (USEPA 1993a). An adverse effect is defined as a
statistically significant difference (P < 0.05) between study area conditions and
conditions in an appropriate reference area (Becker et al. 1989). SQC can distinguish
between three levels of contamination: sediments with contaminant concentrations a)
lower than b) higher than, or c) near levels of advised contamination criteria (USEPA

1987).

Some managers state that if the adverse effects of sediment contamination are not also
adversely affecting the beneficial uses of waterbodies (e.g. swimming), then government
funds should not be used to develop SQC (Lee and Jones 1992). What these critics do
not consider is the fact that while reproductive failure in benthic species due to high
sediment contamination may not be directly related to recreation, indirect effects will
eventually be evident. For example, if high levels of PCBs in the sediment
bioaccumulate in benthic organisms, inevitably higher trophic level organisms will
become contaminated. It is possible that the organisms that consume algae will be unable
to reproduce due to the toxic effects of PCBs, allowing unchecked algal growth and
subsequent eutrophication of the water body, forcing beach closings. Although it is true
that detectable concentrations of contaminants in organism tissue do not necessarily
indicate the occurrence of adverse effects, SQC are necessary to prevent contaminants
from bioaccumulating to levels higher than adverse effect thresholds. Therefore,
sediment quality criteria are a legitimate product of government spending and a helpful

tool for natural resource managers.

Sediment quality criteria provide a framework within which managers can determine the
health of the ecosystems under their jurisdictions. SQC can serve various purposes,

including to:

° Identify areas where there is an increased potential for adverse biological

effects
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) Determine whether contaminated areas warrant further assessment or are

at concentrations that require no further study

. Assist in focusing studies for research or budget purposes
. Identify the need for source control
. Classify hot spots and rank sites according to the extent and severity of

contamination and ecological and human health risks

. Assist in designing monitoring programs and references for status and
trends reports

. Identify specific contaminants of concern

. Derive other regulatory requirements that will protect against continued

toxic effects

° Provide a consistent assessment of ecological and human health risks
. Measure sediment quality of areas of dredging or underwater construction
. Evaluate the effects of contaminated sediments for baseline environmental

risk assessments

. Determine areas needing restoration

2.2 SQC: Original Development

Contaminated sediment has been a major environmental concern in aquatic and marine
ecosystems along the coasts of North America for decades (1JC 1988). Because industrial
and municipal point sources contributed the most pollution to rivers and coastal areas, the
main driver for sediment quality criteria was EPA’s desire to model effluent
concentrations in a way that would lead to a qualification of sediment impact for the
National Pollution, Discharge and Elimination System (NPDES). In response to this
need, in the early 1960s federal, regional and state agencies began developing numerical
criteria and assessment methods for evaluating contaminants in sediment and dredged

material (Becker et al. 1989).
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Most early contaminant determinations were based on comparisons between chemical
concentrations of individual chemicals in contaminated areas and those in reference
sediments without considering biological effects. There are two main flaws with this
approach. First, chemical concentrations are not accurate predictors of biological and
ecological effects. For example, for the same concentration of chemical in different types
of sediment, the percent bioavailability of a contaminant can range from zero to one
hundred percent (Burton and Scott 1992). Second, multiple contaminants in the sediment
may exhibit antagonistic or synergistic effects that are not accounted for in single-
contaminant tests. For example, some organic compounds have the potential to interact
chemically with each other in the sediment, creating a more toxic environment for an
organism than if each compound existed in the sediment alone (Broderius et al. 1995,

Broderius 1991).

Advances in technology, increases in population pressures in coastal cities such as
Boston, and economic growth led to an increase in underwater construction and dredging
projects in ports and harbors. The resuspension of sediment caused by such activities
exacerbates the exposure of organisms to contaminants and increases not only the rate of
bioaccumulation but also the potential for adverse effects. Another issue related to
underwater projects involves disposal of dredged material. If material from one area is to
be deposited in another area, especially a marine site, it is essential to determine the
contaminant concentration and corresponding toxicity of the dredged material to

organisms at the disposal site.

In Massachusetts, the Boston Harbor Navigation Improvement Project (BHNIP) involves
dredging, resuspension of sediment and disposal of dredged materials. In order to both
deepen the shipping channels and remove potentially toxic sediment from the floor of
Boston Harbor, hundreds of cubic meters of sediment are being dredged. The top layers
of this sediment are anthropologically generated, i.e. laid down after the end of the last
glacial age, and is unsuitable for deep ocean dumping due to high levels of contaminants.

Much of this sediment, therefore, is being disposed of in designated areas of the harbor.
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Although these dredged materials will be capped to prevent leaching of contaminants into
harbor waters, it is unclear how thick the cap needs to be for complete effectiveness, and
a miscalculation could lead to increased toxicity of area sediments. These dredging and
dumping activities also cause the resuspension of contaminated sediment, increasing the
amount of chemicals to which marine organisms are exposed. Because BHNIP activities
are increasing the potential for bioaccumulation of contaminants, state officials need

some standard by which to quantify and qualify sediment toxicity.

More recently, researchers have been trying to make the connection between sediment
contamination and biological effects in order to develop a more accurate set of sediment
quality guidelines (Becker et al. 1989). The US Environmental Protection Agency (EPA)
is attempting to develop a set of protective numerical criteria generic enough to be
implemented on a national level. The EPA’s first method involved adapting the 1980
Water Quality Criteria (WQC) to sediment concentrations. WQC are based on a large
toxicological database, they are legally binding, and they have proven useful in
improving and maintaining the environmental quality of the nation’s water (USEPA
1993a). Therefore the similar development of SQC was deemed an appropriate approach

(Shea 1988).

There are a few problems with the WQC adaptation to SQC. First, sediment
contamination problems are not necessarily connected to poor water quality (USEPA
1990). Discharges of contaminants may meet WQC specification, but partitioning leads
to increased concentrations in sediment. Second, because sediments can retain
contaminants over time, it is possible that they will remain contaminated even if water
column contaminant concentrations are below applicable water quality standards. Higher
temporal and spatial variations of contaminant concentrations in water also make accurate
assessments of water quality difficult, yet sediments tend to integrate contaminants over
time, eliminating some of the variability (Shea 1988). Third, benthic organisms are
exposed to water column concentrations in addition to sediment concentrations of

contaminants; this dual exposure may render the WQC inadequate (Hull and Suter 1994).
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Fourth, water quality in marine areas is complicated by the large amount of water moved

in and out of coastal areas by tidal action.

2.3 SQC: Current Status

After an analysis of three different approaches for development of SQC: 1) adaptation of
water quality criteria, 2) equilibrium partitioning (EqP) modeling, and 3) sediment
bioassays, the EPA chose the EqP approach as the best predictor of sediment quality
(DiToro et al. 1991). At the time, (the 1980s) EqP also had the most scientific as well as
economic support (Shea 1988). The SQC are to be applied when the total organic carbon
in the sediment is greater than 0.5 percent and when the primary route of organism

exposure to contaminants is the sediment (USEPA 1998a).

In 1993, the EPA released draft reports for sediment quality criteria for five chemicals:
endrin, dieldrin, phenanthrene, acenapthene and flouranthene. The documents were
based on the recommendations of technical experts outside the EPA as well as research
completed by various offices within the EPA and were entered into the federal register
and made available for public comment. Subsequently, however, the documents
outlining the SQC for the three PAH compounds were retracted for multiple reasons. The
identification of the dissolution and sequestration of PAH molecules into soot particles
raised questions of contaminant bioavailability (McGroddy et al. 1996, McGroddy and
Farrington 1995) (see Section 7 for more detail on contaminant bioavailability).
Stakeholders who disagreed with the applicability of the equilibrium partitioning method
of SQC derivation commented that the guidelines were either too protective or not
protective enough (see Section 4 for a more detailed description of stakeholder interests).
Some managers, such as Lee and Jones (1992) and the National Research Council (NRC
1989) believe that the EPA has overstated both the capability and the utility of the EqP
approach due to multiple technical limitations. Because of these criticisms and new

information on partitioning of nonpolar organics, the EPA conducted more research on
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the potential toxicity of all five compounds. The revised reports for endrin and dieldrin

will be released in the fall of 1999.

The PAH documents, however, were formally withdrawn. PAHs produce a narcosis
effect on organisms, and all PAH compounds studied have caused similar effects on biota
(Broderius 1995). Scientists at the EPA therefore assumed that the mode of toxicity for
all PAH compounds is comparable and that the toxicity of PAH compounds in sediment
is additive (USEPA Draft) (See Appendix A for more detailed information on PAH
compounds). The EPA is now developing a sediment quality guideline for mixtures of
PAHs. It is supposed to be published in the federal register for public comment and
review in the fall of 1999 (Bell, personal communication). Food web effects, however,

are still not taken into account (Berry, personal communication).

The new criteria will be published under a new title: Equilibrium Partitioning Sediment
Guidelines (EPSG). The EPA changed the name of the numerical toxicity values from
criteria to guidelines because they are not legally enforceable until they are incorporated
as state standards (Shea 1988). The EPSG are simply federal recommendations for
agencies to refer to when making management decisions. Currently, despite the creation
of SQC, there is no universal guidance on the application or uses of SQC available for
regional and local managers (USGS 1997). For example, regardless of the EPA’s
“recommended” criteria, managers could choose any one of a number of SQC for
application to a specific site. There is little agreement on which approach provides the
most reliable guidelines, the predictability of SQC on a site-specific basis is uncertain and
often the cause and effect relationship of contaminant concentrations to adverse
biological effects is unclear (USGS 1997). Application can also be controversial because
of varying interpretations of the SQC (e.g. managers versus polluters), as most users do
not have a clear understanding of how the SQC are derived (USGS 1997). At present, it
is unclear which are the “best” sediment contamination guidelines for adequate protection

of the entire marine food web.
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No research is currently being done to develop SQCs for PCBs; there is no EPA budget
for PCB research (Berry, personal communication). Although a lot of data on PCBs
exist, each congener, or distinct PCB compound, exhibits a different toxicity. PCBs are
such persistent bioaccumulative toxins that scientists have found it difficult to predict
PCB concentrations in organisms from PCB concentrations in sediment (See Appendix A

for more information on PCB congeners).

In the face of these uncertainties, states have responded differently. For example,
Washington State developed site-specific SQC for Puget Sound and standardized the
results as state criteria (WADEC 1991, Becker et al. 1989). Massachusetts on the other
hand, proposed the application of Florida’s sediment quality criteria to Massachusetts
waters and was turned down by the EPA. More detail on both of these states’ SQC can

be found in Sections 3 and 4.

There are advantages and disadvantages to both national/regional and site-specific
sediment quality criteria (Table 1). Site-specific criteria are a more appealing option
because they may be more accurate than a national or regional system of SQC, but the
few disadvantages such as high cost may be enough to prevent states from choosing this
route. The best approach would be one that combined the positive aspects of each type of

criteria: applicable on a state-by-state basis yet requiring little resources for development.
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Table 1

Advantages and Disadvantages of National/Regional versus Site-specific Sediment

Quality Criteria (USGS 1997)

Advantages Disadvantages
National/Regional Focus preliminary Do not include food
Criteria web effects

screening and site
investigations on
specific chemicals
Allow for comparison to
other national/regional
sites

Provide for consistent
application across sites
Lower cost for the site
manager if SQC are
already established
Provide increased
statistical confidence in
accuracy due to peer
review and derivation
from a large data set

Lack SQC for many
contaminants of concemn
Lack guidelines for
mixtures of
contaminants

Are inadequate for
clean-up standards
Are intended for
application to all
sediment, yet
freshwater, estuarine
and marine systems
differ in biology,
chemistry and ecology

Site-specific Criteria

Consider variability in
site characteristics
(biological, chemical
and physical)

Consider contaminant
bioavailability

Can be mixture-specific
May have better
stakeholder acceptance
Allow for the potential
to save on remediation
costs

Decrease uncertainty
through in-situ test
results

Require large amounts
of money/resources in
the short term for SQC
development

May over- or
underestimate organism
sensitivity to
contaminants
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3.0 Approaches to Sediment Quality Criteria
Development

There are three basic approaches to sediment quality criteria: 1) equilibrium partitioning
modeling, 2) laboratory bioassays, and 3) field studies. Equilibrium partitioning
modeling relies on the assumption that contaminant concentrations in porewater are in
equilibrium with concentrations of the same contaminant in biota and sorbed to sediment.
Laboratory approaches rely on the extrapolation of water quality criteria to sediment,
modeling of chemical fate in an aquatic system or the extrapolation of laboratory cause
and effect studies to field situations. Field-based approaches require empirical chemical
and/or biological measures of sediment contamination in order to establish sediment
quality values. It is difficult, however, to accomplish accurate field sampling and be able
to extrapolate the results from single sample analysis to an entire study area. Collection
and storage techniques can affect sediment samples, and both local ir-situ effects (e.g.
bioturbation) and larger scale effects (e.g. storms) could also cause anomalous
contaminant values (Shea 1988). Another general source of uncertainty in the calculation
of SQC values is fact that the method by which the available sediment toxicity data are
rationalized can be of questionable accuracy (USEPA 1993a).

Within the three above-mentioned categories of SQC derivation, there are over ten
specific methods for SQC determination. Some of these approaches are strictly chemical
(e.g. the reference weight-of-evidence approach), others are strictly biological (e.g. the
field-collected sediment bioassay approach) (Becker et al. 1989). Out of these
approaches, the six that are most commonly used correlate biological response with
chemical concentrations measured in sediment. These include the Water Quality Criteria
approach (WQC), the Spiked-Sediment Toxicity approach (SST), the Apparent Effects
Threshold approach (AET), the Equilibrium Partitioning approach (EqP), the Effects-
Range Low and Effects-Range Median approach (ER-L/ER-M), and the Threshold
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Effects Level and Probable Effects Level approach (TEL/PEL). In order to determine the
set of SQC most appropriate for use in Massachusetts, the methods of each of these six
approaches are described and then each approach is analyzed according to cost, difficulty,
applicability and reliability. The benefits and limitations of each approach are
summarized in Table 2 at the end of this section. The results of the practicality analysis

for each approach are summarized in Table 3 at the end of this section.

3.1 Water Quality Criteria Approach

Methods

The water quality criteria approach to SQC development involves applying previously
derived water quality criteria for chemical concentrations in the water column (based on
toxicological studies relating chemical concentrations to biological effects) to chemical
concentrations in sediment porewater. This follows the assumptions that the quality of
marine sediments can be assessed from porewater concentrations and that benthic
organisms have the same sensitivities to various contaminants as water column organisms
(DiToro et al. 1991). In 1980, the EPA published ambient water quality criteria, 1.e.
numerical limits that are “EPA’s best estimate” of chemical concentrations protective of
human health and the presence and uses of aquatic life (e.g. domestic water supply,
recreation, navigation, wastewater dilution and wildlife habitat). WQC were developed
to be chronic exposure, safe concentrations of the available fraction of potentially toxic

contaminants (Lee and Jones 1992).

Cost: Low

If the contaminants of concern detected at a site have published water quality criteria,
then the WQC approach requires little cost or time. For pollutants without WQC such as
specific PCB congeners, criteria would need to be developed. Site-specific toxicity tests

would also be necessary to augment the WQC, screening for unknowns in sediment and
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determining the impact of those contaminants. These additional tests and newly derived

WQC would increase the amount of resources needed for implementation.

The values generated by this approach to SQC are often considered conservative (see
Reliability section below for detail). Managers therefore may view this approach as a
non-cost-effective option; conservative criteria might require more time and money for
remediation than would be necessary under the different criteria values of other
approaches (Lee and Jones 1992). In terms of long-term ecosystem health, however,
overprotection is better than underprotection; it is costly and often not feasible to undo

damage to an ecosystem.

Difficulty: High

While this approach mainly uses previously established criteria, eliminating the necessity
of biological measurements of field samples, application requires determination of the
porewater concentration of contaminants. Accurate porewater measurements are difficult
due to the large volume of porewater required and the technical difficulties involved in
taking samples. Complications can multiply because there are no standard sampling and
analysis procedures. Difficulty also increases when WQC do not exist for site-specific

contaminants of concern and new criteria need to be derived.

Applicability: High
WQC were derived for the express purpose of wide applicability to all sites, but because
of various data gaps (e.g. lack of WQC for all contaminants of concern) the correlation

between sediment quality and biological effects can be tenuous.

Reliability: Low

WQC are based on large toxicological databases developed for specific contaminants and
therefore are statistically reliable, yet probable uncertainties and errors associated with
the water quality criteria approach exist. For example, WQC may be conservative

numerical values for protection because the criteria assume that all forms of a chemical
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present in the water are equally toxic. Often the case is that some forms of a compound
are less toxic than others. In contrast, the potential for underprotection also exists. WQC
assume that porewater exposure is the only route of contamination, but ingestion of
contaminated material may be a significant source of a chemical to biota. WQC also do

not account for chemical interactions (antagonistic or synergistic).

Lack of any standardized method for measuring interstitial water also leads to difficulties
when comparing values derived from different studies at different sites. In general, the
WQC approach to SQC development is almost outdated: stricter regulations on effluent
and better waste disposal practices have improved water quality, but sediment acts as a

sink and therefore has both historical and present-day contamination.

3.2 Spiked Sediment Toxicity Approach (or Spiked Sediment Bioassay
Approach)

Methods

The spiked sediment toxicity (SST) approach to sediment quality criteria development is
a dose-response relationship derived by exposing test organisms to sediments that have
been inoculated with a known concentration or amount of chemical or chemical mixture
(Chapman 1989). It can be used to develop a cause and effect relationship between
specific chemicals and biological responses. Once organisms are exposed to
contaminated sediment, mortality and/or sublethal effects are recorded. A dose-response
curve is calculated and threshold toxic levels in the sediment are derived. Some
proponents of this method believe that it is the only reliable method for testing interactive
effects because lab controls can be imposed (Becker et al. 1989). In terms of the
application of site-specific guidelines, the SST method is often used for permitting of
dredging activities and benthic survey programs, and the EPA is currently developing

standard toxicity test protocols for various endpoints for multiple organisms.
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Cost: High

A large amount of time and money would be required to develop site-specific criteria for
multiple organisms and multiple compounds under the SST approach. Any results would
also need field validation, raising the cost and time needed to do the assessment even

higher.

Difficulty: Moderate
State-of-the-science allows for accurate testing and quality assurance/quality control
(QA/QC) protocols, but there may be difficulty in obtaining resources to perform the

required tests.

Applicability: High

This type of testing is suitable for all classes of chemicals and most types of sediment
(MacDonald et al. 1992). The SST approach is best suited for measuring acute adverse
effects, because depending on the length of time the tests are conducted, results may not

accurately reflect chronic effects.

Reliability: Moderate

The results of spiked sediment toxicity testing show direct cause-effect relationships
between contaminant-specific concentrations and adverse biological effects. The
approach is similar to the approach used to develop the EPA’s water quality criteria, and
therefore both the procedure itself and the reasoning behind it are already deemed
technically and legally acceptable (Hull and Suter 1994). Currently, the methods for SST

testing are not standardized, decreasing the comparability of results.

Because chemicals can be tested alone or in combination, lab conditions often simulate
chemical field conditions and indicate appropriate cause-effect relationships (Hull and
Suter 1994). The SST approach requires results to be extrapolated to varied field

situations, however, depending on site-specific characteristics, this can negatively affect
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the reliability of the results. For example, a contaminant may occur in the sediment as
multiple compounds or in different forms. Accurate extrapolation of lab results to the
study site would require the chemical used in the spiked bioassay to contain the same
range and proportions of a contaminant’s compounds. This, however, is difficult to

assure (Lee and Jones 1992, Persaud et al. 1992).

Another reliability issue involves the equilibration time for nonpolar organics, which may
be longer than the length of time the test is conducted. It is possible that input of a fresh
amount of contaminant to sediment would not allow for adequate aging, causing the
contaminant to appear more toxic than a comparable amount of the same contaminant in
the field (Lee and Jones 1992). Short test runs also may not allow for fulfillment of an
organism’s bioaccumulation potential and will not show food web effects (MacDonald et

al. 1992), nor does SST account for field sediment contaminant bioavailability.

3.3 Apparent Effects Threshold Approach

Methods

An Apparent Effects Threshold (AET) for a chemical is the concentration in sediment
above which statistically significant biological effects (related to reference conditions)
would always be expected to occur (Becker et al. 1989, USEPA 1989). A scoring is
developed for a group of sediments based on empirical values assigned to a number of
sediment characteristics, typically bulk chemical composition, benthic faunal analysis and
sediment bioassays (Lee and Jones 1992). For nonionic organic compounds, AETs are
based on the dry-weight normalized concentrations of total organic carbon (MacDonald et
al. 1992). Matched (i.e. synoptically collected) data on sediment chemistry, benthic
infaunal effects and sediment bioassays can be integrated to determine the concentration
of contaminant above which all samples for a specific biological indicator exhibit adverse

effects. Levels for both acute and chronic effects can be determined. When the
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concentration of a contaminant in the sediment exceeds the AET value, then the sediment

is “polluted” and requires some type of remediation.

Cost: High

This approach requires extensive data collection for multiple chemical variables and at
least one biological indicator, making this approach to SQC determination both costly
and time-consuming. Bioaccumulation tests for first level sediment-to-benthic
invertebrate contaminant transfers can also increase assessment costs by thousands of

dollars per sample (Becker et al. 1989).

Difficulty: Moderate

State-of-the-science allows for accurate testing and quality assurance/quality control
(QA/QC) protocols, but there may be difficulty in obtaining resources to perform the
required tests. Although this method can interpret bioaccumulation data, organism-
specific factors such as age, sex, reproductive state and physiological state still need to be

considered. This makes the data difficult to normalize and apply.

Applicability: Low

AETs can be established for biological indicators (e.g. toxicity to fish) that reflect area-
wide conditions (i.e. over multiple sampling stations) on a site-specific basis (Becker et
al. 1989). This allows AETs to treat sediment as part of a dynamic system rather than the
“black box” of field sampling and sediment bioassays. There are no constraints on either
the types of chemicals that can be used in this approach or the endpoints that can be
measured. These thresholds may also be applied to intertidal areas, but because
organisms in these ecological zones are often less sensitive to environmental changes
than their marine sub-tidal counterparts, the AETs generated may not be conservative
enough estimates. They may also be used to derive the effects of combinations of

chemicals.
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Chemical, physical and biological differences between sites prevent cross-site
application. The fact that AETs are site-specific can in some ways be seen as a benefit to
using the approach, but it is also a limitation, as their use outside of the original site is
severely restricted. For example, it was found that the AET values calculated by Becker

et al. (1989) for Puget Sound, WA were not applicable to California sediments.

Reliability: Moderate

Because AETs indicate levels above which adverse biological effects are always
observed, the values are easily defensible; the method relies on objective statistical
criteria for determining adverse effects. Bioaccumulation can also be accounted for as
concentrations in the tissue of higher trophic levels can be correlated with sediment

concentrations over time.

AETs do not prove cause and effect relationships between contaminants and effects.
Instead, they merely identify the concentration of a contaminant that is associated
exclusively with adverse biological effects. Use of an empirical relationship between the
sediment concentrations of a contaminant and a biological response (e.g. determined from
toxicity testing) can lead to inaccurate determinations of the significance of contaminants
in sediment (Lee and Jones 1992). Without adequate sampling intensity, however, there
may not be enough data to represent the wide range of chemical concentrations and

biological effects often found in the field.

It is also possible that AETs are not conservative enough for benthic protection; some
biological effects occur at chemical concentrations below the determined threshold (Hull
and Suter 1994, Becker et al. 1989). AETs assume that any other chemical and/or
environmental variables to which biota are exposed affect organisms well below the
AET, which may be incorrect, e.g. if contaminants have additive effects. AETs are
developed through a comparison with reference conditions, but there is no standard

method for defining an appropriate reference area, nor have reference area screening
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criteria been established. This implies that the AET approach needs one set of criteria in

order to develop a second.

When AETs were established for Puget Sound, Washington, their reliability was
evaluated through both sensitivity and efficiency analyses. Sensitivity is “the proportion
of all stations exhibiting a particular adverse biological effect that are correctly predicted
using sediment quality values for that biological indicator” (Becker et al. 1989 p.19).
Efficiency is “the proportion of all stations predicted to have particular adverse effects
that actually are impacted” (Becker et al. 1989 p.19). Once combined, sensitivity and
efficiency lead to a reliability estimate that measures “the proportion of all stations for
which correct predictions were made for either the presence or absence of adverse
biological effects” (Becker et al. 1989 p.19). AETs were found to be adequately reliable
for Puget Sound (Becker et al. 1989), but have not been adopted elsewhere.

3.4 Equilibrium Partitioning Approach

Methods

The Equilibrium Partitioning approach to sediment quality criteria development is an
attempt to model the tendency of a chemical to move into one environmental
compartment versus another, deriving a bulk sediment chemical concentration
benchmark. For SQC derivation, the compartments are porewater, sediment organic

carbon and biota. The approach is based on the following premises:

e contaminants in one environmental phase (e.g. sediment) are in continuous

exchange with other phases (¢.g. porewater and biota)

e contaminant distribution between phases is predictable based on the chemical

and physical properties of each phase (MacDonald et al. 1992, Shea 1988)

e all environmental phases are at equilibrium
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e sensitivity of benthic organisms to contaminant levels is the same as that of
water column organisms (DiToro et al. 1991)

e exposure to and uptake of contaminants are equal for all biota

e porewater is the primary route of exposure

e the octanol-water partition coefficient (K, ) reliably predicts the partitioning

of a chemical between organic carbon in the sediment and porewater.

The results of the EqP approach are contaminant-specific numerical values. The
biological effects of the contaminant concentrations in the sediment can then be estimated
using appropriate water quality criteria and partition coefficients for contaminants
between aqueous and solid phases. A correction for organic carbon is also made because
it is the dominant sorption phase for nonionic organic chemicals and is assumed therefore
to be the primary control on bioavailability (USEPA 1993a). The equations for SQC

derivation are:

SQC =K, * WQC
and K, =K, *

where:

SQC = sediment quality criterion (ug contaminant in sediment / kg sediment)

K, = water-sediment partition coefficient (L water / kg sediment)

WQC = water quality criterion (ug contaminant in water / L water)

K, = organic carbon-water partition coefficient (g organic carbon / L water)

f,. = fraction of organic carbon (g organic carbon / g sediment)

K., is related to K,,. Both the relationship and the values of K, for various nonpolar
organics can be found in the literature (Hemond and Fechner 1994, Thomann 1989,

Hawker and Connell 1988, Chiou 1985).

SQC based on the EqP approach can be predictive of biological effects because final
acute values (FAV) and final chronic values (FCV) are imbedded within the WQC. The

final acute value is the concentration of a contaminant below which 95 percent of all
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organisms are protected. The final chronic value is approximately the lowest
contaminant concentration at which fifty percent of the organisms are acutely affected

(LC50). Therefore, the equilibrium partitioning equation for SQC can also be written:

SQC =K, * FAV

or SQC=K,*FCV (USEPA 1993a)
where:
FAV = final acute value

FCV = final chronic value.

According to the EPA (USEPA 1993b), the assumption that the contaminant sensitivity
of benthic organisms is similar to that of water column organisms is supported by the

results of the following comparisons:

e acute values for the “most sensitive” benthic organisms versus the “most
sensitive” water column species

e acute values for all benthic species versus acute values for all WQC organisms
for all chemicals standardized to LC50 values

e FCV and FAYV calculations for a single species versus all species

e the individual components of the benthic community versus all species.

Cost: Low

Using the existing EPA water quality criteria toxicological database, EqP eliminates the
need to collect new biological data and cuts down on time and cost. It relies on other
information such as partition coefficients that are readily available in the literature and

requires little data on other physical or chemical site-specific characteristics.

EqP cannot be used easily for chemicals that are not assigned a WQC. For example,

there is a WQC for total PCBs, but none exist for individual PCB congeners. Research
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has shown that some congeners are more toxic than others, and with the analytical
capabilities of current scientific instrumentation, it is possible to measure sample
concentrations of each congener (Hull and Suter 1994). This would require increased

expenditures to develop new criteria for contaminants of concern not included in the

WQC database.

Difficulty: Low

Modeling concentrations in the porewater from sediment concentrations is easier than
directly measuring porewater contaminant concentrations for nonionic chemicals. In
order to arrive at the free chemical concentration in the porewater, direct measurements
require subtracting the amount of dissolved organic carbon and its corresponding sorbed
contaminants from the total, which can be a difficult process (USEPA 1993a). It is easier
to assume that the free contaminant in the porewater is in equilibrium with the sediment

organic carbon and therefore a direct estimate of sediment contamination (Hull and Suter

1994).

Difficulty increases when WQC do not exist for site-specific contaminants of concern and

new criteria need to be derived.

Applicability: High

EqP can be applied to all sediments because of the intrinsic assumption of the similarity
of sediment characteristics across sites, but is best used for sediments with a fraction of
organic carbon (f,,) greater than 0.5 percent (Becker et al. 1989). When the £, is less than
0.5 percent, factors controlling second order effects on partitioning such as particle size

and sorption to the non-organic mineral fraction are relatively more important (Hull and

Suter 1994, USEPA 1989).

Reliability: Moderate/High
The EqP approach to SQC determination creates a direct relationship between cause and

effect of sediment-associated contaminants and biological adverse effects. Statistical
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reliability is high because EqP-derived values use the existing large, contaminant-specific

EPA water quality criteria toxicological database.

Aside from the uncertainty associated with any model, in terms of equilibrium
partitioning the actual field situation is more complex than the EqQP model assumes. Of
the three components of the modeled system, biota, sediment and porewater, none are
homogenous. Growth stage and reproductive status affect the uptake of contaminants by
organisms, and interspecies variations exist as well. Partitioning into the sediment can be
affected by both chemical and physical variables. For example, sediment is often
polluted with more than the one contaminant analyzed; it can contain complex mixtures
of varying chemical species that can interact on an antagonistic or synergistic basis.
Physical sediment characteristics also affect partitioning; contaminants in sandy and
coarse grain sediment have a lower partition coefficient than finer-grained sediment (Shea
1988). The EqP approach is also based on the total organic carbon (TOC) fraction in the
sediment. While there is some technical basis for using the total organic carbon content
of sediment to estimate the detoxification potential of sediments for nonpolar organics,
there are a variety of potential technical problems with TOC-normalization (Lee and
Jones 1992). For instance, the assumption that the K, adequately predicts partitioning
may be inaccurate because the various types of organic matter than can be present in

sediment can have different sorption kinetics and capacities (Lee and Jones 1992).

The EqP assumption of reversible equilibrium (Karickhoff 1984) may be inaccurate
because of contaminant bioavailability and bioaccumulation issues. For example, PAHs
are sequestered in the soot fraction of the sediment and therefore are not available for
uptake by organisms (McGroddy et al. 1996, McGroddy and Farrington 1995). Colloidal
material in the porewater may carry sorbed contaminant, thereby affecting the accuracy of
predicted concentrations. There may also be some dilution of porewater contaminants to
overlying water, negating the assumption of perfect equilibrium between phases (Lee and

Jones 1992).
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The biological assumption of similar contaminant sensitivity between benthic and water
column organisms is also in question. The tests relied upon by the EPA for validation of
this assumption used mainly amphipods, yet the benthic community is much more
diverse and therefore may still exhibit varying sensitivity (USEPA 1993a). The analyses
of test results compare different endpoints and do not take bioaccumulation or food web

effects into account when analyzing higher trophic level organisms (USEPA 1993a).

For the EqP approach to be valid, equilibrium needs to be reached within the period of
testing (usually 28 days), but biological and chemical processes as well as phase transfer

of contaminants may take longer (Shea 1988).

3.5 Effects Range-Low and Effects Range-Median Approach (Long et
al. 1995)

Methods

The Effects Range-Low and Effects Range-Median (ER-L/ER-M) approach to sediment
quality criteria was developed by Long and Morgan (1990) and updated to its present
version by Long et al. (1995). It provides a set of values that correlate sediment
contamination with adverse biological effects without causality. The data for ER-L/ER-
M derivation is contained in a Biological Effects Database for Sediments (BEDS), which
integrates data from over 350 studies throughout North America. Types of data include
EqP modeling, laboratory spiked-sediment bioassays, AET data and field studies of
sediment toxicity and benthic community composition. Only matching, synoptically
collected biological and chemical data from marine and estuarine studies is included in
the database. BEDS data also covers a wide range of benthic effects due to contaminant
concentrations such as measures of altered benthic communities, histopathological

disorders and the significance of elevated toxicity.
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BEDS is divided into “effects” and “no-effects’ data sets. In the effects data set, all the
data points show some adverse biological effect at a certain contaminant concentration.
There is an apparent concordance between observed biological responses and measured
chemical concentration. The no-effects data set contains all contaminant concentrations
for which no adverse effects were observed. Only the effects data were used in the
determination of ER-L and ER-M values, and the data distribution was determined using
percentiles: the ER-L occurs at the tenth percentile and the ER-M occurs at the fiftieth
percentile. This minimizes the influence of outlier data points (MacDonald et al. 1996,
Long et al. 1995). The minimal effects range (where adverse effects are rarely observed)
defines where the concentration of a contaminant is less than the ER-L, the possible
effects range (where effects occasionally occur) delineates where the contaminant
concentration falls between the ER-L and the ER-M, and the probable effects range
(where effects frequently occur) is where the concentration of a contaminant is greater

than the ER-M.

Reliability tests were conducted for the results of the ER-L/ER-M derivations. If the
guidelines derived from BEDS were within a factor of three or less when compared to
other guidelines, then the ER-L and ER-M were deemed reliable. The incidence of
adverse effects had to be less than 25 percent in the minimal effects range, greater than 75
percent in the probable effects range and show a corresponding increase of effect with
increased concentration. The results of the reliability tests showed that guidelines for all
classes of PAHs and most individual PAH compounds were highly accurate, while the

results for PCBs were only moderately reliable.

Cost: Low

The cost for using the ER-L/ER-M method of SQC derivation is minimal because the
values are already published. Cost would only increase if a criterion did not exist for a
contaminant of concern detected in the field and therefore needed to be determined for

full assessment of a specific site.
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Difficulty: Low

Use of the ER-L/ER-M approach requires straightforward application of relevant criteria
to specific sites. Difficulty would increase only if a criterion did not exist for a
contaminant of concern detected in the field and therefore needed to be determined for

full assessment of a specific site.

Applicability: High

The ER-L/ER-M guidelines take into account multiple organisms and incorporate many
different endpoints. They can be applied directly to sediments with multiple
contaminants, as many of the studies included in BEDS had data from sites with
contaminant mixtures. This also allows ER-Ls and ER-Ms to be applied over a wide

range of sediment organic carbon fractions.

Reliability: Moderate

One of the most common criticisms of the ER-L/ER-M approach to SQC development is
that the results are correlative rather than descriptive of direct cause and effect values,
making the accuracy of this application uncertain. The ER-L/ER-M guidelines are not
normalized to total organic carbon because most data sets included in BEDS did not
report that information. The guidelines also do not account for bioavailability, assuming
that this information would be intrinsically included in the data from each study in
BEDS. Bioaccumulation is included in the ER-L/ER-M for some organisms, but food
web effects are not. While the BEDS database does include some higher trophic level
organisms such as sea urchins, bivalve data is rare and the majority of the data points are
the results of amphipod sediment toxicity studies. Because the ER-L and ER-M
guidelines do not include the no-effects data set, there is the possibility that the ER-L

values are biased high and are underprotective for the more sensitive species.

Upon application of these guidelines to sites along the coast of the United States, NOAA
found that the ER-L guidelines fail to distinguish among toxic and non-toxic sites. For

example, ER-L exceedances occur frequently (in 348 out of 612 sites studied = 57
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percent), but the guidelines do not assist in associating chemical concentration with
effect. Sediments with no contaminant concentrations above the ER-L are probably not
toxic, but given an exceedance of the ER-L value, the guidelines are of limited use
(NOAA 1999). Thirty-three percent of the same sites examined around the coastal US
had contaminant concentrations that exceeded the ER-M; these sites are probably all toxic

(NOAA 1999).

Although one of the benefits of the ER-L/ER-M approach is that BEDS includes studies
where organisms were exposed to mixtures of contaminants in sediment, the criteria were
developed for single chemicals. There is no way to prove that the adverse effects
measured are directly correlated to one specific contaminant or another. The same degree
of response was associated with the concentration of each individual chemical
contaminant measured in the sediment independent of the cause of the biological
response (Lee and Jones 1992). The numerical criteria therefore cannot be directly
translated into toxic effects on aquatic life, but simply indicate areas where adverse

effects due to contamination could occur.

3.6 Threshold Effects Level and Probable Effects Level Approach
(MacDonald et al. 1996)

Methods

MacDonald et al. (1996) used a weight of evidence approach in order to calculate the
threshold effects level (TEL) and the probable effects level (PEL) as sediment quality
criteria. They are correlative values originally developed to provide widely applicable
guidelines for data evaluation under NOAA’s National Status and Trends Program. The
initial methodology for development of TEL/PEL guidelines is similar to that described
above for ER-L/ER-M guidelines and involves analysis of the BEDS database. In this
case, however, both the effects and the no-effects data sets were used to define the TELs

and PELs for 34 analytes. The TEL is the geometric mean of the fifteenth percentile of
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the effects data set and the fiftieth percentile of the no-effects data set. It indicates the
estimated concentration of a chemical below which adverse effects rarely occur. The
PEL is defined as the fiftieth percentile of the effects data set and the eighty-fiftieth
percentile of the no-effects data set, and indicates the estimated concentration of a
contaminant above which adverse effects frequently occur. The range of chemical
concentrations greater then the TEL but less than the PEL indicates concentrations at

which adverse effects occasionally occur.

The accuracy of the TEL and PEL were tested according to three criteria: 1)
comparability, 2) predictability, and 3) reliability. The results of the evaluation indicated
a high degree of concordance between contaminant concentrations and the incidence of
adverse effects on biota. There was a high degree of reliability for TELs and PELs for
most PAH compounds, but low reliability for total PCBs. TEL/PEL values were not

determined for individual PCB congeners.

TELs are usually lower than corresponding guidelines from other approaches, indicating
that the TELs are more protective of benthic organisms. Due to the nature of the data
from which the TELs and PELs were derived, the guidelines are more predictive of

chronic, sublethal effects than acute, lethal effects.

Cost: Low

The cost for using the TEL/PEL method of SQC derivation is minimal because the values
are already published. Cost would only increase if a criterion did not exist for a
contaminant of concern detected in the field and therefore needed to be determined for

full assessment of a specific site.
Difficulty: Low

Use of the TEL/PEL approach requires straightforward application of relevant criteria to

specific sites. Difficulty would increase only if a criterion did not exist for a contaminant
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of concern detected in the field and therefore needed to be determined for full assessment

of a specific site.

Applicability: High

The TEL/PEL guidelines do not establish absolute sediment quality values but ranges for
sediment contaminant evaluation. They can be applied to a wide range of organisms and
endpoints and can be used for sediments with mixtures of contaminants. In many cases,
BEDS may include site-specific data as the database is large and contains studies from

sites all over North America.

Reliability: Moderate/High

The TEL and PEL guidelines consider both effects and no-effects data, and outlier data
points do not have a significant effect on the results. The TEL/PEL approach, however,
does not fully support the quantitative analysis of cause and effect because it is based
only on an association of contaminant concentration and adverse biological effects.
Other chemical, physical or biological variables could be causing the recorded adverse
effects (e.g. interactions between chemicals or biota reproductive status). The accuracy
of the TELs and PELs is constrained by the amount of available data; there is a large
body of literature on the acute effects of chemicals on organisms, but chronic effects data
is much more limited. The guidelines also do not take the potential for bioaccumulation
or variations in bioavailability into account. It is difficult to compare the TEL/PEL
guidelines with guidelines developed using other approaches because not many SQC

were derived relative to the number of contaminants of concern.
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Table 2

Summary of the Benefits and Limitations of Six Approaches to Sediment Quality

Criteria Derivation

SQC Approach Benefits Limitations
Water Quality Based on a large Does not account for
Criteria toxicological database ingestion of contaminated
Based on specific material
contaminants Does not account for
Requires only porewater chemical interactions
measurements Lack of standard method for
porewater measurements
Does not exist for all
contaminants of concern
Does not account for
bioavailability,
bioaccumulation or food web
effects
Spiked Sediment Shows direct cause-effect Lab results need to be
Toxicity (Spiked relationships extrapolated to field
Sediment Bioassay) Suitable for all types of conditions
classes and sediments Requires significant time and
money

May not reflect chronic
effects

Test methods are not
standardized

Does not account for
contaminant bioavailability

Apparent Effects
Threshold

Easily established for
indicators reflecting site-
wide, site-specific conditions
Relies on objective statistical
criteria to determine adverse
effects

Can be applied to all
chemicals, endpoints
Accounts for
bioaccumulation

Does not provide cause-effect
relationships

Requires significant time and
money

May not account for effects
occurring below the threshold
Requires definition of
“reference area” for which
there are no standards
Restricted use outside of
specific site

Does not account for food
web effects
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Table 2 Continued

SQC Approach Benefits Limitations
Equilibrium Uses WQC database and Does not account for site-
Partitioning other literature data specific characteristics

Applicable to almost all
sediment types

Determines direct cause and
effect between contaminant
concentration and organism
effects

Does not account for
bioavailability,
bioaccumulation or food web
effects

Cannot be derived for
chemicals without WQC
Assumption of reversible
equilibrium may not be
accurate

Effects Range-Low /
Effects Range-Median

Accounts for multiple
contaminants

Incorporates multiple
endpoints

Applicable to multiple sites
Requires little time or money

Does not establish cause and
effect between contaminant
concentration and organism
effects

Not normalized to organic
carbon

Does not account for food
web effects

Does not include no-effects
data

Fails to distinguish
adequately between toxic and
nontoxic sites

Threshold Effects
Level / Probable
Effects Level

Establishes ranges for
sediment quality

Accounts for multiple
contaminants

Incorporates multiple
endpoints

Applicable to multiple sites
Requires little time or money
Incorporates effects and no-
effects data

May include site-specific
data

Developed for few
contaminants

Does not establish cause and
effect between contaminant
concentration and organism
effects

Not normalized to organic
carbon

Does not account for food
web effects
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Table 3

Overall Rating of Four Attributes of Six Approaches to Sediment Quality Criteria

Derivation

Approach

Cost

Difficulty

Applicability

Reliability

Water Quality
Criteria

Low

High

High

Low

Spiked
Sediment
Toxicity

High

Moderate

High

Moderate

Apparent
Effects
Threshold

High

Moderate

Low

Moderate

Equilibrium
Partitioning

Low

Low

High

Moderate/High

Effects Range-
Low / Effects
Range-Median

Low

Low

High

Moderate

Threshold
Effects Level /
Probable
Effects Level

Low

Low

High

Moderate/High
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4.0 Stakeholders and Their Interests

Aside from choosing a method of SQC derivation from the multitude of options currently
available, one of the most controversial issues in SQC application involves the missions
of the agencies and other stakeholders that have interests in marine areas. The main

stakeholders in sediment quality issues include but are not limited to:

o federal agencies: the US Environmental Protection Agency (EPA), the US
Army Corps of Engineers (ACOE), the US Fish and Wildlife Service (USFWS)
and the National Oceanic and Atmospheric Administration (NOAA)

e state agencies: the MA Department of Environmental Protection (DEP), the
Massachusetts Environmental Policy Act Unit (MEPA), and the MA Coastal
Zone Management Agency (CZM)

e non-governmental organizations (NGOs)

e industry.

Conflicting mandates and overlapping jurisdictions create friction between users of
sediment quality guidelines (Figure 1). Federal agencies such as the EPA and the ACOE
drive sediment quality regulations because of their respective roles in environmental
health, enforcement of NPDES and marine construction, while the US Fish and Wildlife
Service and NOAA are relegated to a more advisory role. On the state level, resource
managers have the option of adopting the EPA “recommended” SQC. Because these
criteria are not required, the various agencies within the state bureaucracy, each
concerned with a different aspect of implementation and enforcement of SQC, attempt to
further their own interests. The public is involved in the issue of SQC development to the
extent that it has the power to influence and put controls on government agencies. With
the public’s ability to sue and its access to the press, SQC proponents must be aware of

the public’s interests. Industries are also concerned with SQC development and its
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subsequent application and enforcement, as they function within environmental response

economics and attempt to keep environmentally-derived costs to a minimum.

The next section reviews each stakeholder according to the following characteristics:

e regulatory authority to be involved in or concerned with SQC
¢ mandates
® interests

¢ jurisdiction.

USFWS/NOAA: Protection/conservation
natural resources/habitats

FEDERAL | EPA: Environmental health, water quality
< N >
@6}55\,@'* \ ACQOE: Navigable waterways, water
quality, marine construction

Mark \

3m 200 mi EEZ

Figure 1. Diagram of the jurisdictions of various federal and state agencies involved in
marine sediment quality.
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4.1 The US Environmental Protection Agency (EPA)

Authority

The EPA receives its authority to develop SQC for the protection of benthic organisms
from Sections 304(a)(1) and 118(c)(7)(C) of the Clean Water Act (CWA) of 1977, the
reauthorization of the CWA in 1987, the National Environmental Policy act of 1969 and

the Marine Protection, Research and Sanctuaries Act of 1972.

Mandates

These pieces of legislation make the EPA responsible for protecting the chemical,
physical and biological integrity of the nation’s waters (USEPA 1993a). This includes
but is not limited to environmental attributes such as fisheries productivity, marine
biodiversity, ecosystem stability and human health. The EPA also has the power to
approve or veto ocean-based projects (e.g. dredging) if the agency determines the project

will cause excessive adverse effects on the environment.

Numerous offices within EPA are responsible for different aspects of these missions. The
Office of Water is involved in the development of SQC because it is mandated to
maintain national water quality and is therefore concerned with the water quality effects
of dredging and remediation projects. The Office of Science and Technology funds the
Office of Research and Development (ORD) to design and implement research protocols
and standards such as toxicity testing and bioaccumulation experiments. ORD is
responsible for determining the state-of-the-science and considering the feasibility of

wide applications of their results.

Interests

It is necessary to note that while the EPA may publish SQC as agency recommendations,
there are internal disagreements on SQC use and application. The Office of Water will
push for more conservative SQC because of the impact that resuspended sediments and

their corresponding contaminant loads can have on water quality. Managers in the EPA
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Dredging Office, however, believe that SQC are not adequate when applied to dredging
projects for many of the reasons that the ACOE opposes SQC (see Sections 4.2 and 5)

(Tomey, personal communication).

Jurisdiction
The EPA has jurisdiction over all waters, sediments and other natural resources for

purposes of ecosystem and human health protection.

4.2 The US Army Corps of Engineers (ACOE)

Authority

The US Army Corps of Engineers receives its authority from the Rivers and Harbors Act
of 1899, the Marine Protection, Research and Sanctuaries Act of 1972 (Ocean Dumping
Act) and Section 404 of the Clean Water Act.

Mandates

The ACOE has three major mandates: 1) to keep the waterways and harbors of the United
States open for navigation, 2) to preserve water quality, and 3) to control the discharge
and disposal of dredged materials into marine waters. The agency is in charge of
permitting state, local and federal dredging projects (which must be approved not only by
the ACOE but by the MA Office of Coastal Zone Management, the EPA and the state
water quality office). The ACOE is also required to conduct biotests on dredge materials
to determine whether there are detectable concentrations of contaminants such as oil
pollution-related compounds, PCBs, pesticides, mercury, cadmium or any mutagenic,
teratogenic or carcinogenic compound. Upon detection of any one of these chemicals,
bioaccumulation bioassay tests and water column toxicity tests must be conducted to

assess potential adverse effects on higher trophic level organisms.
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Interests

Because of the ACOE’s almost total involvement in marine construction projects, the
agency has a vested interest in SQC. In general, the ACOE would prefer no national
SQC. Such widely applicable criteria would not be site-specific enough to determine the
exact cause(s) of potential or actual toxicity, and the ACOE may be required to
implement unnecessary remediation measures. This could increase project costs

exponentially.

The ACOE has itself a conflict of interest because it receives money from the federal
government for dredging projects, and it is therefore to the agency’s advantage to make

the dredging projects happen.

Jurisdiction
The ACOE has jurisdiction over any construction or dredge/fill activity seaward of the
mean high water mark. As noted earlier, however, unless there is a matter of national

security, the ACOE can be overruled by the EPA.

4.3 The US Fish and Wildlife Service and the National Oceanic and
Atmospheric Administration (USFWS and NOAA)

Authority

The USFWS and NOAA have the authority to protect natural resources affected by
sediment quality under many federal regulations, including: the Fish and Wildlife
Coordination Act of 1958, the National Environmental Policy Act of 1969, the Marine
Protection, Research and Sanctuaries Act of 1969, the Federal Water Pollution Control
Act (as amended), the Estuary Protection Act, the Coastal Zone Management Act of
1972, the Wild and Scenic Rivers Act, the Endangered Species Act of 1973, the Fishery
Conservation and Management Act of 1976 (as amended) and the Wetlands Protection

Act.
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Mandates

The USFWS and NOAA are required to protect the wildlife and the aquatic habitats of
the United States respectively. They are responsible for assessing the impacts of all
water- and land-related resource development projects on fish and wildlife. Because
sediment is the base of the natural ecosystem, the USFWS and NOAA are subsequently

concerned with sediment quality and sediment quality criteria.

Interests

Because these agencies are required to protect wildlife and habitat including both
endangered species and commercial resources, they are interested in conservative SQC.
Criteria and corresponding bioaccumulation data would need to result in contaminant

concentrations lower than the species-specific toxicity thresholds for each contaminant.

Jurisdiction

The USFWS and NOAA have jurisdiction over all natural resources for purposes of
protection and conservation. The majority of legislation under which these agencies
function, however, is relatively weak compared to the powers of the EPA and the ACOE.
For the most part, USFWS and NOAA depend on the co-operation of the EPA and the
ACOE, the only major exceptions being issues that fall under the Endangered Species Act
or the Wetlands Protection Act.

4.4 Massachusetts State Agencies

Authority
Massachusetts state agencies have the authority to implement SQC under the

Massachusetts General Laws and the Federal Water Pollution Control Act.
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Mandates

There are various state agencies involved in projects or issues that require information on
sediment quality. The Massachusetts Environmental Policy Act Unit (MEPA) collects
information on proposed projects, determines the potential for adverse effects due to
project implementation and makes permitting recommendations to the MA State
Executive Office of Environmental Affairs. The MA Department of Environmental
Protection (DEP) issues permits for construction, dredging or filling projects in the
tideland areas of the coast. It also ensures that any such projects in any waterways and
wetlands under state jurisdiction are in compliance with state water quality standards.
The MA Coastal Zone Management Agency (CZM) has the legal authority to determine
whether federal projects (e.g. dredging) or federally funded projects within the coastal

zone are consistent with state coastal policies.

Interests

Where MEPA would advocate conservative SQC to minimize potential adverse effects
from sediment contamination, the DEP would prefer more liberal SQC, as the DEP can
only approve permits and receive funding for projects that will not cause an exceedance
of the criteria values. Because Massachusetts does not have any state-approved SQC and
the EPA has not yet published nationally recommended criteria, the only major
consistency issue for the CZM is protection and preservation of coastal resources,

possibly leaning the agency toward a more conservative set of SQC.

Because the regulations surrounding dredging are promulgated on a national level and
federal agency approval is required for permitting, the states do not usually take the
initiative in water or sediment quality issues. Washington State is one exception —
resource managers there created an entire set of AET-derived SQC for Puget Sound
(Becker et al. 1989). For the most part, states do not want to spend money (Burgess,
personal communication). Determining sediment chemistry and applying that to
acceptable contamination levels is cheaper than most other testing; toxicity tests are

approximately $1000 per sample for each species (dredge permitting requires two
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species) and bioaccumulation tests are on the order of $5000 (Burgess, personal
communication). Waiting for the federal agencies to derive SQC and then applying them
to sites within each state, however, is the cheapest option for state resource managers.
States can create state sediment quality standards either by accepting national guidelines
or adopting SQC values that are more conservative than the federal recommendations. At
least Massachusetts has taken the initiative in remaining involved in this issue; a dredged
material management plan is in progress and the state has made some money available to

research use of SQCs.

Jurisdiction
The state has jurisdiction over any activities within its territorial waters, i.e. between (up
to) one hundred feet landward of specified major landmarks, roads, etc. to three miles

seaward of the baseline.

4.5 Non-governmental Organizations (NGO)

Interests

Most often environmental advocates of clean water and conservation of natural habitat,
NGOs are involved in sediment quality issues to ensure adequate protection for aquatic
ecosystems. Some NGOs are more concerned with effects of contaminants on human
health and therefore support more conservative SQC to eliminate the potential
bioaccumulation of contaminants to harmful levels. The power of most NGOs lies in
their ability to sue the government, to place political pressure on agencies by influencing

voters and to use the media.
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4.6 Industry

Interests

As the main suppliers, emitters and disposers of the EPA’s contaminants of concern,
industries and other polluters are focused on protecting company interests and
profitability. This implies acceptance of only the most liberal SQC or the refusal to adopt
any SQC at all. For quasi-government agencies/industries such as Massport,
environmental response economics dictate their agendas; they have both business

interests as well as environmental concerns.
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5.0 Conflicting Issues in SQC Development and
Application

Review of the various agencies and stakeholders highlights multiple conflicts of interest
both intra- and inter-agency/interest group. For instance, to fulfill its mandates, the EPA
developed SQC for three PAH compounds and two pesticides. These were derived using
the equilibrium partitioning approach, resuiting in criteria that protect 95 percent of all
organisms. If the organism being adversely affected by contamination is a member of an
endangered species, however, according to the USFWS and NOAA 95 percent protection
is not adequate. Various NGOs, because of their activist roles in environmental issues,
may also believe that the EqP-derived SQC are too liberal. The Army Corps of Engineers
and industries have the opposite complaint; they consider the SQC unnecessarily
conservative. Although a chemical may not be responsible for the adverse effects
evinced by biota, if the contaminant exists in sediment at concentrations greater than the

criterion, remediation is still required

Because the EqQP approach was chosen by the EPA yet SQC were developed without an
economic feasibility study for application (Bell, personal communication), some
stakeholders maintain that the costs of meeting the SQC are unreasonably high for the
presumed environmental benefit. To industries, the conservativeness of the SQC will
force them to adapt their emissions or change their waste disposal procedures in order to
comply. For the ACOE, high costs are exacerbated for two reasons. The first is the fact
that EqP-derived SQC cannot be used for environmental assessment. Federal law
prohibits dredging projects from using contamination models (e.g. the EqP model) at any
site. Instead, the ACOE is required to run laboratory bioassays on two different species
of amphipod. Sediment chemistry is used to direct the sampling and determine which
chemicals need to be examined in greater detail, i.e. require biological testing. There was

an attempt to change this restriction, but because of conflicting interests, lack of
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coordination between parties and bureaucratic red tape, the issue was eventually dropped
without resolution (Tomey, personal communication). While there has been some sort of
agreement between the ACOE and the EPA on use of SQC, the terms of the agreement

are not yet available for public consideration (Bell, personal communication).

The second cost issue that concerns the ACOE as well as other federal and state natural
resource managers is that meeting the sediment quality standards can involve many
technical difficulties. SQC implementation might lead to an unnecessary and high
increase in the costs of municipal and industrial wastewater treatment and contaminated
sediment disposal (Lee and Jones 1992). For example, if the recommended SQC
misjudge the amount of bioavailable contaminants and overestimate sediment toxicity,
the amount of “extra” sediment that needs to be removed could easily increase clean-up
costs by an order of magnitude. For scale, remediation approaches can range from
hundreds to thousands of dollars per cubic meter of sediment without achieving

comparable environmental benefit (Lee and Jones 1992).

While the EPA’s interaction with the states is usually on a support level, there are still
conflicts of interest between the EPA and the states on the use and application of SQC.
For example, almost two years ago, Massachusetts sent a proposal to the EPA to use the
TEL/PEL sediment quality guidelines derived for Florida (MacDonald et al. 1996) for
their state criteria. The EPA rejected this proposal for two reasons. The first was that
there are five coastal states in EPA Region 1 and CZM consistency needs to be upheld.
Only Massachusetts proposed use of the TEL/PEL guidelines and the EPA did not want
other states proposing the adoption of different standards. Different standards might also
cause sediment contaminant concentrations that pass in one state to fail in another. This
could lead to disposal of all dredged material in the state waters with the least stringent
criteria. The second reason for refuting the proposal was that EPA believes that the EqP
approach for deriving SQC is the best (for reasons already mentioned), and would prefer
that the states adopt a modeling approach rather than an empirically derived set of criteria

(Tomey, personal communication).

54



The EPA is developing sediment quality guidelines for application to aquatic systems,
but there may be an error in the way the EPA has advertised SQC. The criteria are
intended for use as guidelines, not hard and fast boundaries of or pass/fail criteria for
sediment quality. There is simply a good chance of toxic effects above the guidelines.
The values derived using the EqP method have not been published in the peer-reviewed
literature because there are so many caveats to the numbers, yet the EPA still fears that

states will adopt the SQC as unbendable thresholds (Burgess, personal communication).

As much as the continued conflicts between stakeholders may appear to hamper any
progress in terms of SQC development or application, it is important to note that the
diversity of interests and agendas prevents dominance of any one extreme. For example,
while organizations like NGOs have a conservative approach towards many
environmental issues, e.g. no dredging anywhere, the ACOE’s interests lie at the other
end of the spectrum, e.g. dredge anything and everything. Due to these disparities, often
the solution lies somewhere in the middle of the conservative-liberal continuum, allowing

maximum benefit for the most number of parties, including the environment itself.
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6.0 Appropriate Guidelines for Massachusetts
Marine Sediments

With the ubiquitous contamination currently in the environment, it is essential that
managers have an adequate tool to address the potential for chemically induced adverse
effects on ecosystem and human health. In many environmental compartments, e.g. the
atmosphere or groundwater, contamination is transient; dispersion, dilution or
degradation of the chemical into less toxic forms can mitigate long-term impacts. Marine
ecosystems, however, provide a long-term sink for contaminants. Chemicals such as
PAH and PCB compounds, once they have entered the water column, sorb to or dissolve
into particles and settle out to bottom sediment. Massachusetts’ marine sediments, for
example, contain detectable and potentially harmful concentrations of both types of
contaminants. Subsequent accumulation of contaminants in sediment is the first step in a
process of bioaccumulation and biomagnification of compounds throughout the entire
food web. The challenge resource managers now face is to improve the quality of
sediments to contaminant levels that minimize the potential for adverse effects. Areas
requiring remediation need to be identified and then the suitability of dredged sediment

for open-ocean disposal must be determined.

This issue is not a new one, yet the question of whether a widely applicable, accurate tool
for assessing sediment quality exists has not been answered. Sediment quality criteria
have been proposed as a solution, but none have been universally accepted. The two
main reasons for this lack of consensus are scientific uncertainty and diverse stakeholder
interests. There are multiple methods for deriving SQC, each with its own benefits and
limitations (Table 2), but the varied results from each approach highlight the uncertainties
inherent in SQC derivation. Even in the case of similar criteria, however, stakeholders’
interpretations of the data may not agree. Conflicting interests over issues such as

economic benefit, difficulty of implementation, range of applicability, scientific
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reliability and overall protectiveness direct the priorities of those involved. It is
necessary, therefore, to create an option for sediment quality management that integrates

the widest range possible of interests.

The EPA currently maintains that the Equilibrium Partitioning modeling approach to
SQC derivation is the most accurate. Using this method the agency has developed SQC
for two pesticides and is in the process of determining criteria for PAH mixtures. These
SQC are nationally recommended sediment quality values. They are intended to assist
state- and local-level managers in making decisions regarding sediment quality. Some
care must be taken in applying sediment quality criteria, however. The EPA has already
changed the name of these values to “guidelines” rather than “criteria” in an attempt to
remind users that these are not hard and fast rules for toxicity. Rather they are estimates
and should be incorporated with other site-specific field data for better accuracy. A more
effective title might be sediment quality screening criteria. As screening criteria, these
derived values would indicate sites that required more intense testing for toxicity

determination versus those sites which were below all toxicity thresholds.

Although the EPA recommends use of only the EqP approach, after the review and
analysis in Sections 2-5 of this document, a combination of two SQC approaches are
recommended for the state of Massachusetts. The Threshold Effects Level and Probable
Effects Level approach together with EqP modeling would provide a balance augmenting
the benefits and offsetting the limitations of each approach (Sections 3.4 and 3.6). For
example, while the EqP approach simplifies site characteristics by assuming reversible
equilibrium and ignoring site-specific physical, chemical and biological characteristics, it
does illustrate a definitive cause and effect relationship between contaminant and
organism. The TEL/PEL guidelines, because they are derived from actual field and
laboratory measurements, intrinsically account for issues such as sediment type,
porewater chemistry and contaminant bioavailability but only show correlative effects

between contaminant concentration and organism effects.
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The TEL/PEL and EqP approaches to SQC derivation also meet the criteria by which
stakeholders judge the appropriateness and feasibility of SQC utilization. Application of
both types of SQC would incorporate the following factors: 1) the most conservative
guidelines for the least time and money, 2) criteria that can be applied to sediments with
chemical mixtures, 3) criteria that can be adapted to include site-specific data by
additions to the BEDS database, and 4) criteria that can predict chronic, sublethal effects
as well as acute effects. Both approaches are low cost, low difficulty, high applicability
and moderate/high reliability methods. Swartz (1999) has shown that criteria derived
from EqP and ER-L/ER-M approaches are similar, therefore a defensible combination of

EgP and TEL/PEL should be possible.

To test this conclusion, EqP and TEL/PEL values could be applied on a trial basis to
various sites off the Massachusetts coast. This would allow managers to determine the
appropriateness of using these effects levels as sediment quality screening criteria.
Successful application would allow normalization of the evaluations of all state marine
waters and allow local and state managers to be consistent in their monitoring and
recommendations for continued benthic protection. Neither of these approaches,
however, accounts for biomagnification of contaminants to higher trophic level
organisms and therefore ignores potential food web effects. Contaminant
bioaccumulation and subsequent transfer need to be incorporated in order for resource

managers to adequately protect ecosystem and human health.
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7.0 Bioaccumulation

Sediment contamination primarily occurs in nearshore areas, especially urban harbors and
ports. Chemical inputs to the marine system most often settle out within a small radius of
their source, concentrating the contaminants in coastal areas. As legislative controls on
point-source pollution have increased, the emphasis on marine pollutants has shifted to
secondary sources such as non-point source runoff, atmospheric input, groundwater
leachate and the re-introduction of sediment associated pollutants due to resuspension.
Resuspension can occur from physical processes such as waves, currents, storms or tidal
movement, from biological processes such as organism burrowing (though this may be
more of a factor for mobile benthic organisms rather than bivalves) or from human-
induced activities such as underwater construction, dredging operations or boating. In
general, it is only after some resuspension event that contaminants make their way to the

deep-sea bottom.

Organisms within the marine ecosystem may be exposed to site-specific contaminants
that could be bioaccumulated. Bioaccumulation of potentially toxic chemicals occurs
through various exposure routes, including diffusion across body walls and ingestion of
contaminated water, particles and prey. For benthic organisms in contact with sediment,
the risk of accumulating toxic levels of contaminants is increased relative to water

column organisms because sediment acts as a sink for pollutants (Salomons et al. 1987).

As concentrations of contaminants in organism tissue increase, small-scale adverse
effects, i.e. those on a cellular level, may expand and affect entire organs or systems
within an individual organism. While one affected organism may not be cause for
concern over ecosystem health, exposure of many organisms in a population to a
contaminant and biomagnification of these contaminants through the food web can lead

to large numbers of impaired individuals in multiple species. Bioaccumulation is often
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considered an indicator of potential adverse effects from contaminants. Lethal effects of
high contaminant concentrations are immediately obvious and may decimate a species
(e.g. fish kills), but more subtle chronic effects occur as well. For example, dysfunction
of the reproductive system due to high contaminant concentration in soft tissue could
ultimately lead to population depletion and disruption of the natural ecosystem
(McDowell and Shea 1997) (Figure 2). The higher an organism in the food web, the
higher the probability that it will accumulate toxic levels of a chemical, and over time all
organisms including top human consumers are affected. While it is true that not all
contaminants bioaccumulate or biomagnify, in general, bioaccumulation is a cause of
concern for resource managers and policy makers who have the dual tasks of maintaining

ecosystem integrity and protecting both human and ecosystem health.

Higher trophic
level

Organism tissue

Entire organism

Population

Figure 2. Diagram of the relationship between bioaccumulation of contaminants from
environmental media to organisms and biomagnification of effects from individual
organisms to populations and eventually to the ecological community.
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7.1 Influencing Factors

The accumulation of sediment-associated contaminants depends on the characteristics of
the compound, sediment, porewater and organism toxicokinetics. Oxygen content and

temperature may also affect bioaccumulation rates.

Characteristics of Organic Chemicals

Both the partitioning characteristics and kinetics of nonpolar organic compounds govern
their environmental fate. High hydrophobicity causes PCBs and PAHs to dissolve readily
into organic carbon in sediment and into lipid in biota. For this reason, accumulation
factors and partition coefficients are lipid and organic carbon normalized, allowing
contaminant concentrations between organisms and across sites to be comparable.
Contaminants also partition to seawater, the ratio depending on their affinity for colloidal
organic material and other suspended microparticles (Baker et al. 1986). The
concentrations in the various phases (sediment, aqueous and biota) however, do not
necessarily exist in equilibrium. For example, in some estuaries the contaminant
concentration of PAHs in sediment is over a thousand times greater than the
concentration in both the dissolved and dispersed phases (Menon and Menon 1999). This
disparity is due mainly to the sequestration of PAHs in the sediment and assumed to be a

characteristic of other nonionic organic compounds as well (Menon and Menon 1999).

Bioaccumulation varies both with molecular weight and K ,. Compounds with high
molecular weights and a K, of approximately 6 have the highest bioaccumulation
potential. As log K ,s move away from this value in either direction, accumulation
decreases (Stange and Swackhammer 1994). Compounds with low molecular weights
and low K_ s have less of a tendency to partition out of water than their bigger or more
hydrophobic counterparts. As molecules get extremely large, however, or have very high

log K s (greater then approximately 6), steric hindrance may prevent uptake.

61



Sediment Characteristics

Organic carbon content and bioavailability are the two most significant variables that
need to be considered in bioaccumulation calculations. Organic carbon partitioning has
been discussed in the previous section. Bioavailability is a measure of the amount of
contaminant environmentally available to biota and is affected by several factors, e.g.
sediment composition. For example, due to their planar structure, soot particles can
sequester PAH molecules, rendering them unavailable for partitioning into porewater and
therefore to biota (McGroddy et al. 1996, McGroddy and Farrington 1995). This

decreases the bioavailable fraction of PAH compounds in the sediment.

There have been various attempts to quantify the bioavailable fraction of contaminants,
but they are complex, time-consuming methods not usually employed by managers.
Most of these methods require an assumption of equilibrium, which may not accurately
describe the relationship between contaminant concentrations in sediment, porewater and
benthically-coupled biota. Determination of the fraction of sediment Available for
Equilibrium Partitioning (AEP) is one of the most accurate predictors of bioavailability
because it uses direct field measurements. This method requires measuring the “bound”
fraction of contaminant, either to colloids in the porewater or to organic matter in the

sediment, and subtracting the bound fraction from the measured total contaminant.

Other attempts at quantifying the bioavailable fraction of sediment contamination include
comparisons of chemical bioaccumulation in biota exposed to whole sediment, overlying
water and porewater. Some researchers found that exposure to the three compartments
resulted in similar accumulation (Harkey et al. 1994), while other analyses showed that
tissue PCB concentrations in bivalves were most closely related to overlying water
contaminant concentration (Bergen et al. 1993). Because these studies were performed in
the laboratory, however, the bioavailability issues associated with field sediments were

eliminated, decreasing the applicability of the results.

Other sediment characteristics that should be noted include contaminant concentration,
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sediment diagenesis (or mineralization) and grain size. If contaminants exist in the
sediment in trace amounts, they may not interfere or react with each other, eliminating the
possibility of synergistic or antagonistic effects. This does not, however, eliminate the
possibility of inter-chemical effects once the contaminants are concentrated in an
organism. Sediment aging can also affect contaminant availability through the process of
diagenesis. Any resulting change in the chemical’s structure can affect its chemical
extractability from the sediment (Landrum 1989). This is mainly relevant when
laboratory studies are extrapolated to field situations; lack of diagenesis in lab
experiments may incorrectly estimate the bioavailable fraction of contaminant in field
sediment. Grain size may also need to be considered in an analysis of bioavailability, as
many organic contaminants have a higher affinity for finer-grained particles (Landrum

1989).

Porewater

Contaminants in porewater are sorbed to colloidal material and purely dissolved in
seawater. It is important to determine the contaminant concentration in each of these
phases and its relative importance to bioaccumulation. However, there is no scientific
consensus on this issue. Some studies consider the dissolved phase to be the primary
bioavailable phase of contaminants to aquatic organisms (DiToro et al. 1991). Others
determined that isolated colloids and sediment contained similar fractions of organic
carbon, but as colloids have a greater specific surface area, they may also have more
accessible organic material than sediment into which the contaminant can dissolve (Baker
et al. 1986). This would make colloidal concentration the dominant control of
bioaccumulation from porewater. Still other research, however, has concluded that no
one phase is dominant with respect to bioaccumulation (Burgess and McKinney 1999,
Harkey et al. 1994). These discrepancies are more understandable in light of the fact that
contaminant concentrations in porewater are difficult to measure and there may be some
associated error that affects the reliability of results. There is also no standard method for
extraction, leading to several different procedures used by laboratories, thereby making

results less comparable.
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Organism Toxicokinetics

While some benthic organisms have the ability to metabolize nonpolar organics, mollusks
lack the physiology to convert these compounds into less toxic forms (Anderson 1985,
Stegeman 1985). In addition, mollusks do not readily excrete PAH or PCB compounds
(Tanacredi and Cardenas 1991). These kinetics allow high concentrations of
contaminants to become concentrated in biota tissue over time. Fortunately for the
organism, the accumulation of nonpolar organic compounds from sediment is slow, often
requiring months to achieve steady state. For example, even benzo[a]pyrene, a
contaminant with a high K, (log K, = 6.50 (CRC 1995)) may take over a year to
achieve steady state in amphipods (Landrum 1989).

For benthically-coupled organisms there are various possible contaminant exposure
routes, the two main routes being dermal exposure from porewater or overlying water and
ingestion of contaminated sediment, water and food. Multiple exposure routes may cause
the organism to have tissue concentrations of contaminants higher than sediment
concentrations. For example, the filter-feeder Mya arenaria is exposed to environmental
contaminants in ambient bottom water or porewater through direct contact of the mantle,
gills and outer surface of the gonads (Moreno et al. 1992) and by ingestion of food from
the water column. This contaminant intake from particle-associated contaminants causes
filter feeders to accumulate larger concentrations of contaminant in their tissue than
would be expected from dissolution alone (Menon and Menon 1999). The relative
importance of each of the two pathways (aqueous and ingestion) can be estimated by the
ecological behavior of the organism, i.e. the relationship between feeding rate and uptake
clearance, which differs between organisms with varied feeding habits. For example,
filter feeders accumulate higher molecular weight PCBs more effectively than deposit
feeders and therefore accumulate higher concentrations over time (Burgess and
McKinney 1999). This may occur because the uptake clearance from water is greater
than for sediment (Landrum 1989). Contaminant concentrations in filter feeders and

deposit-feeders are unaffected by digestive processes or passage through the gut (Boese et
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al. 1996).

Some authors suggest that ingestion by one organism may decrease the amount of
chemical available for other organisms assuming the “freely dissolved pool” is limited

(Landrum 1989), but in this document the assumption of infinite availability is used.

7.2 Existing Models

Biota-Sediment Accumulation Factors / Biological Accumulation Factors

A common and widely used predictor for contaminant concentrations in benthically-
coupled organisms is the biota-sediment accumulation factor (BSAF) or biological
accumulation factor (BAF). A BSATF is the ratio of contaminant concentration in the
organism to contaminant concentration in the sediment, and a BAF is the ratio of
contaminant concentration in the predator organism to contaminant concentration in the
prey. This method is easily applicable for two reasons: 1) it only requires two data
inputs, and 2) many accumulation factors have been published in the literature and can be
applied to other sites. Published BSAFs, however, do not take into account any
biological or chemical variations in organisms, sediment or exposure and therefore are
limited in accurate application. The same is true for site-specific accumulation factors:
physical, chemical and biological characteristics incorporated into the BSAF may not be
similar across sites. For example, BSAFs for PAH compounds vary with changes in
season, space and the fraction of sedimentary organic carbon (Maruya et al. 1997). The
degree to which an organism is associated with sediment, i.e. infaunal or epifaunal, does
not necessarily change its exposure to nonionic organic contaminants (Tracey and Hansen

1996).

Various studies have determined BSAFs for PAHs and PCBs in bivalves, but results vary
widely. For example, there are both intra- and inter-species variability in BSAF values

for each chemical compound. Maruya et al. (1997) found a significant difference
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between the BSAFs of two clam species, P. amurensis and T. japonica. Tracey and
Hansen (1996) had opposite results, which showed that overall BSAF values for both
types of nonpolar organic compounds were similar among species and habitat types.
Some general trends, however, are evident. The mean BSAF for PCBs is always higher
than that for PAHs (Tracey and Hansen 1996), and highly chlorinated PCBs (e.g. 9-10

chlorines) tend to have lower BSAF values than PCBs with four to seven chlorines.

Pharmacokinetic (Toxicokinetic) Model

In order to describe the uptake, distribution and excretion of various contaminants, a
physiologically based pharmacokinetic model (PBPK) is often used. This type of model
breaks down the organism into a series of compartments (usually different organs) and
utilizes a mass balance approach to connect each compartment via biological processes or
products (Figure 3). These models can be adapted to multiple species and exposure
regimes by modifying appropriate variables. The large number of variables needed to run

the model, however, precludes easy use.

While this model may be effective for predicting the outcome of laboratory situations,
there are important field variables often not considered. For example, the model may
assume infinite dilution of the contaminant in the water column, i.e. zero, and therefore
the bivalve tissue contaminants would decrease over time as contaminants dissolved into
the “cleaner” water running through its system (Moreno et al. 1992). Filter feeders,
however, are exposed not only to overlying water but also to sediment and interstitial
water. Sediment, specifically because it acts as a contaminant sink, may be a continuous
source of chemicals to the porewater and therefore to the organism, increasing exposure.
That ingestion of contaminated particles is not considered is another limitation of the

PBPK model (Moreno et al. 1992).

Hydrophobicity (Equilibrium partitioning) Model
The hydrophobicity, or equilibrium partitioning model assumes that uptake and

elimination can be described by first order kinetics, i.e. that contaminants undergo
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Figure 3. Physiologically based pharmacokinetic bioaccumulation model for Mya

arenaria (Moreno et al.1992).
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equilibrium partitioning between sedimentary porewater and the lipid phase of the
organism. Relationships between bioaccumulation factors and log K, s have been
published showing good correlation between the two variables over wide ranges (Maruya
et al. 1997). Over narrow log K, ranges, however, the BAF cannot be estimated

accurately (Barron 1990).

Hydrophobicity models also do not take into consideration any biological variables that
may affect organism uptake and subsequent bioaccumulation of a contaminant. The
number of exposure routes and the rate of uptake clearance are two important parameters.
Steric properties of various chemicals can affect the uptake and distribution of
contaminants (e.g. molecular size or log K,,,) (Shaw and Connell 1984). Yet uptake and
elimination rates are also influenced by environmental factors. For example, PAH and
PCB concentrations in Mya arenaria have been reported that are not in equilibrium with
sediment concentrations (McDowell and Shea 1997). This causes contaminant
bioaccumulation and subsequent biological effects to be more complicated than the

hydrophobicity model is able to predict.

Theoretical Bioaccumulation Potential Model

Each of the above-mentioned models has some limitation that decreases the predictive
capability of the results or limits use and applicability. Three requirements for a model
that is not only accurate but also helpful to resource managers are: 1) has wide use and
applicability, 2) considers sediment, organism and environmental characteristics, and 3)
requires limited data input. One model that has been developed along these lines and is
currently used for site assessment of contaminated sediments is the Theoretical
Bioaccumulation Potential (TBP) developed by the Army Corps of Engineers (USEPA
and USACOE 1991). A type of hydrophobicity model, the TBP is used in the ACOE
tiered system of environmental testing and was developed under the following
assumptions: sediment and biota are in equilibrium, all nonpolar organic chemicals in the
organism are in the lipid, all nonpolar organic chemicals in the sediment are associated

with the organic carbon fraction, all chemicals are bioavailable and chemicals are not
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degraded. The formula describing the TBP is:

TBP = BSAF * (C,/%TOC) * %Lipid

where:

BSAF = bioaccumulation factor of contaminant in sediment to contaminant in organism
[ng contaminant in organism/ng contaminant in sediment]. The ACOE uses a default
BSAF of 4 for all nonpolar organic chemicals and all organisms.

C, = concentration of contaminant (nonpolar organic) in the sediment in any units
%TOC = percent of total organic carbon expressed as a unitless decimal

%Lipid = percent of lipid in the organism expressed as a unitless decimal

TBP = potential amount of contaminant in an organism on a whole-body wet-weight
basis in the same units of concentration as C,. If data exists as dry weight or dry weight
percentages, however, then the TBP is expressed in the same units as the sediment

concentration on a soft tissue-dry weight basis.

This model was tested using sediment and clam contamination data from Massachusetts
Bay for various PCB and PAH compounds (Table 4, Figure 4) (McDowell and Shea
1997) (see Section 8 for more detail regarding the data set). Testing of the TBP model
using this high quality, reliable data set (McDowell and Shea 1997) showed that for all
compounds model predictions are inaccurate. Most PCB concentrations are
underpredicted by a factor of 2-8 (Table 4). As seen in Figure 5, however, as PCB
concentrations in M. arenaria decrease to less than 12 [ng of contaminant/g sediment],
empirical concentrations are overpredicted. The model overpredicts almost all PAH

concentrations in clams between a factor of 3 and 220 (Table 4, Figure 6).

It is possible that the discrepancies between empirical and theoretical results are due to
the generic BSAF used by the ACOE in the TBP model. Therefore, the BSAF of 4 was
replaced with bivalve-specific, compound-specific BSAFs averaged from the ACOE
Contaminant Biota-Sediment Accumulation Factor Database (Table 4) (USACOE 1999).
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Although the results of the modified equation showed an improved correlation between
empirical and theoretical concentrations of contaminants in clams, the majority of PCB*
concentrations and PAH concentrations were still underpredicted and overpredicted
respectively (Table 4, Figures 5 and 6). This lack of accurate correlation indicates that

there are other factors influencing contaminant accumulation in clams.

7.3 Creation of a New Bioaccumulation Model

Most existing bioaccumulation models have too many complex variables and are too
limited in applicability for managers to use regularly. The one model mentioned in this
section that does meet these criteria, the TBP model, does not accurately predict organism
accumulation of contaminants from sediment. Therefore, some of the assumptions under
which these models function may be incorrect. In order to assist managers in site
assessment, a new bioaccumulation model for PAHs and PCBs in Mya arenaria was
developed. First, a new mass balance diagram was designed, ouﬂining the relevant
environmental compartments for accumulation of nonpolar organic compounds in clams
(Figure 7). Second, different model iterations examined the impact of these biological
and chemical compartments, including: 1) chemical partitioning into lipid and organic
matter, 2) chemical partitioning into organism protein, 3) exposure to contaminants
through ingestion of contaminated food particles, and 4) chemical partitioning into the

sedimentary soot fraction.
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Figure 4. Map of sample sites for sediment and clam data (McDowell and Shea 1997)

(above) and sedimentary soot carbon fractions (Gustafsson and Gschwend

1998) (below).
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Table 4. Sediment (Column I) and clam (Column 2) PAH and PCB concentration data, sedimentary organic carbon fraction (f,.) and organism lipid fraction
(fiipia) are given for each site (McDowell and Shea 1997). The results of testing the ACOE TBP model with the BSAF of 4 (USEPA and USACOE 1991)
and the bivalve-specific BSAF (USACOE 1999) are listed in Columns III and IV respectively. Ratios of observed contaminant concentrations in clams to
concentrations predicted by the TBP model were also calculated to determine the factor by which empirical concentrations were over- or underpredicted.

Site Fort Point Channel Neponset River
foc 0.056 foc 0.041
flipid 0.0398 flipid 0.0368
I I 111 I/ v v I I I /11 v v
ngcontam ng contam Ratio: Ratio: ng contam ng contam Ratio: Ratio:
in sed/ inclam/ TBP  Observed v. TBP Observed v.| insed/ in clam / TBP  Observed v. TBP Observed v.
Contaminant (X) gdwsed gdwclam BSAF=4 Predicted BSAF=ACOE Predicted | gdwsed gdwclam BSAF=4 Predicted BSAF=ACOE Predicted
PAHs
Pyrene 4332.00 1064.57 12963.43 12.18 1141.54 1.07 170.00 239.44 613.33 2.56 54.01 0.23
Bl[a]pyrene 3228.00 284.72  9659.73 33.93 375.16 1.32 58.00 52.74 209.25 3.97 8.13 0.15
D[a,h]anthracene | 1108.00 29.95 3315.67 110.71 4.89 0.16 10.00 7.83 36.08 4.61 0.05 0.01
Flourene 974.00 35.25 2914.68 82.69 145.73 4.13 5.00 4.72 18.04 382 0.90 0.19
Phenanthrene 5331.00 27349  15952.92 58.33 809.61 2.96 65.00 70.26 23451 3.34 11.90 0.17
Chrysene 1670.00 884.98  4997.44 5.65 201.56 023 51.00 215.58 184.00 0.85 7.42 0.03
PCBs
PCB 66 2.71 3.17 8.11 2.56 3.98 1.26 1.19 28.20 4.29 0.15 2.11 0.07
PCB 101 1.79 4.82 5.36 1.11 2.45 0.51 0.39 17.73 1.41 0.08 0.64 0.04
PCB 138 6.24 8.18 18.67 2.28 5.74 0.70 0.75 16.21 27 0.17 0.83 0.05
PCB 153 3.43 18.65 10.26 0.55 3.99 0.21 0.67 20.90 2.42 0.12 0.94 0.04
PCB 118 1.35 7.77 4.04 0.52 1.37 0.18 0.73 14.52 2.63 0.18 0.90 0.06
PCB 105 1.40 0.94 4.19 4.46 1.59 1.69 0.46 8.03 1.66 0.21 0.63 0.08

*ND = Not Detected

> The BSAF for phenanthrene was used for flourene because the ACOE database lacked BSAFs for flourene and of the compounds analyzed in this document, phenanthrene has the
closest structure and molecular weight.




Table 4. Continued

Site Saugus River Barnstable Harbor
foc 0.035 foc 0.012
flipid 0.0381 flipid 0.0607
I II I IIVII v v/ I II III 1I/I1 v v/
Ratio: Ratio: Ratio: Ratio:
ng contam ng contam Observed Observed | ng contam ng contam Observed Observed
in sed/ in clam / TBP v. TBP v. in sed/ in clam / TBP v. TBP v. ACOE

Contaminant gdwsed gdwclam BSAF=4 Predicted BSAF=ACOE Predicted{ gdwsed gdwclam BSAF=4 Predicted BSAF=ACOE Predicted | BSAF
PAHs

Pyrene 1080.00 824.77  4689.23 5.69 412.93 0.50 44.16 26.44 893.50 33.79 78.68 2.98 0.35

Bl[a]pyrene 1310.00 21050  5687.86  27.02 220.90 1.05 14.38 2.45 29096  118.76 11.30 4.61 0.16

D[a,h]anthracene | 510.00 2776 221436 79.77 327 0.12 7.40 ND* 0.22 0.01

Flourene 127.00 10.78 551.42 51.15 27.57 2.56 5.58 7.40 112.90 15.26 5.65 0.76 0.2°

Phenanthrene 945.00 24498  4103.08 16.75 208.23 0.85 14.46 46.50 292.57 6.29 14.85 0.32 0.20

Chrysene 474.00 609.49  2058.05 3.38 83.01 0.14 7.34 10.96 148.51 13.55 5.99 0.55 0.16
PCBs

PCB 66 0.36 3.85 1.56 0.41 0.77 0.20 0.05 ND* 1.97

PCB 101 0.55 5.05 2.39 0.47 1.09 0.22 0.05 1.40 1.01 0.72 0.46 0.33 1.83

PCB 138 1.99 13.80 8.64 0.63 2.66 0.19 0.09 ND* 1.23

PCB 153 1.42 23.27 6.17 0.26 2.40 0.10 0.09 3.53 1.82 0.52 0.71 0.20 1.56

PCB 118 0.77 9.46 3.34 0.35 1.14 0.12 0.07 0.72 1.42 1.97 0.48 0.67 1.36

PCB 105 0.33 4.40 1.43 0.33 0.54 0.12 0.05 0.79 1.01 1.28 0.38 0.48 1.51




Observed [(ng X in lipid/g lipid)/(ng X in organic
carbon/g organic carbon)]

Figure 5. Theoretical Bioaccumulation Potential Model Comparisons
of Predicted versus Observed Concentrations of PCBs in M. arenaria
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Observed [(ng X in lipid/g lipid)/(ng X in organic
carbon/g organic carbon)]

Figure 6. Theoretical Bioaccumulation Potential Model Comparisons
of Predicted versus Observed Concentrations of PAHs in M. arenaria
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Figure 7. Diagram of the environmental compartments that influence the concentration
of nonpolar organic compounds in clams assuming equilibrium. The model is based on
references and information as noted in the text.
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8.0 Materials and Methods

Sediment and Mya arenaria contamination data from McDowell and Shea (1997) were
used to determine the accuracy of model predictions. In March 1995, they collected both
sediment and clam samples from four stations in Massachusetts Bay (Fort Point Channel,
(FPC) Neponset River (NR), Saugus River (SR) and Barnstable Harbor (BH)) that were
analyzed for a suite of PAH compounds (Figure 4) (McDowell and Shea 1997).
Organism lipid fractions (f;,;,) were also reported (McDowell and Shea 1997) (Table 4).

For this analysis, data used to test the theoretical models were confined to the compounds
for which there was corresponding sediment and clam data at each site (McDowell and
Shea 1997). Therefore, the compounds reviewed (in order of increasing hydrophobicity)
are PAHs flourene, phenanthrene, pyrene, chrysene, benzo[a]pyrene and
dibenz[a,h]anthracene, and PCB congeners 66, 101, 105, 118, 137 and 153. Any
concentration of contaminant in sediment reported as <0.10 [ng contaminant/g sediment]
was used in this analysis as half the “detection limit,” e.g. 0.05 [ng contaminant/g
sediment]. The percent organic carbon in the McDowell and Shea (1997) sediment
samples were not published in the report but were obtained directly from D. Shea (Shea,
personal communication) (Table 4). The fraction of organic carbon in the sediment was

converted to the organic matter fraction by estimating:

f,=2%*f_ (Schwarzenbach et al. 1993)

Partition coefficients were used to describe the tendency of a contaminant to partition into
one environmental compartment, such as organic matter, versus its tendency to dissolve
into water. These coefficients were recorded from various literature sources. Compound-

specific organic matter-water partition coefficients (K,,,) were not readily available,
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however, and were therefore calculated using a linear relationship between K, and the

corresponding octanol-water partition coefficients (K,,,) (Table 5). For PAHs, using K s
from CRC (1995):

logK,,=1.01logK, -0.72 (Schwarzenbach et al. 1993 using data from
Karickhoff 1981).

For PCBs, K, values were determined from the following equation using K, values

from Hawkes and Connell (1988):

log K,,=0.88 log K, - 0.27 (Schwarzenbach et al. 1993 using data from
Karickhoff 1981).

78



Table 5. Partition Coefficients

Partition log Ktw log Kow log Kom log Kac log Kprotein
Coefficient
Source (Chiou 85)| (PAHs: CRC 1995) 1(Schwarzenbach et| (Gustafsson and (Backhus and
(PCBs: Hawker and | al. 1993 use of | Gschwend 1998) | Gschwend 1990)
Connell 1988) data from
Karickoff 1981)
Contaminant
PAHs
Pyrene 5.23 5.13 4.46 6.7
Bla]pyrene 6.62 6.50 5.85 7.8 5.53
Dja,h]anthracene 7.37 7.26 6.62 8.2
Flourene 4.17 418 3.50 6.3
Phenanthrene 4.59 4.57 3.90 6.5
Chrysene 5.87 577 5.11 7.2
PCBs
PCB 66 5.62 6.2 5.19
PCB 101 5.81 6.38 5.34
PCB 138 6.23 6.83 5.74
PCB 153 6.23 6.92 5.82
PCB 118 5.81 6.74 5.66
PCB 105 5.81 6.65 5.58
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9.0 Results and Discussion

9.1 First Level Model

In order to design a bioaccumulation model, a base set of empirical and theoretical
equations was determined using traditional assumptions. This base model is the
framework upon which future iterations of the model were built. For this first level
model, the following assumptions were made: 1) sediment and biota are at equilibrium, 2)
contaminants partition only into the lipid fraction of the organism, 3) sediment is the only
route of contaminant exposure, 4) contaminants partition only into the organic matter
fraction of the sediment, and 5) contaminants are not degraded. The equilibrium
assumption presumes that the system has reached steady state, i.e. the fugacities of a
contaminant in the various environmental phases have had enough time to equilibrate.
The bioavailability assumption is supported by research showing that bioavailability can
equal one hundred percent (Burton and Scott 1992). The assumption that the amount of
contaminant within the system is constant is supported by evidence that while some
benthic organisms have the ability to metabolize nonpolar organics, mollusks lack the
physiology to convert these compounds into less toxic forms (Anderson 1985, Stegeman
1985). In addition, mollusks do not readily excrete PAH or PCB compounds (Tanacredi
and Cardenas 1991).

The first level model uses a chemical partitioning approach to represent PCB and PAH
bioaccumulation in M. arenaria. Under the above assumptions, partition coefficients
were used to describe the amount of chemical that dissolves into one environmental
compartment, i.e. organism lipid or sedimentary organic matter, versus the amount that
dissolves into one liter of water. As triolein is a substance similar to organism lipid, the
triolein-water partition coefficient (K,,) (Chiou 1985) represents the partitioning into
organism lipid and the organic matter—water partition coefficient (K ) represents

chemical partitioning into sedimentary organic material.
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The theoretical “biological” partition coefficient (K, meoreticat) T€1ating the concentrations

of contaminant in the organism and the sediment is therefore:

Ktw/Kom = (Cclam / flipid) / (Csed / fom)

= [(ng contaminant in clam/g clam) / (g lipid/g clam)]

[(ng contaminant in sediment/g sediment) / (g organic matter/g sed)]

where:

K, = [ngcontaminant in triolein / g triolein)
[ng contaminant in water / L water]

K,.= [ngcontaminant in organic matter / g organic matter]
[ng contaminant in water / L water]

C...m =[ng contaminant in clam/g clam]
C..gimens = [Ng contaminant in sediment/g sediment]
flipid = [g lipid/g clam]

f.., = [g organic matter/g sediment]

The same empirical data, described above (Section 8), that was also used to test the TBP
model was used to test the first level chemical partitioning model (McDowell and Shea
1997). An empirical biota-water partition coefficient (K, empirca) Was calculated,
normalizing clam concentrations to the lipid fraction and sediment concentrations to the

organic matter fraction:

Kbio—empirical = (Cclam/ flipid,) / (Cs/ f.om)

=  [ng contaminant in clam/g lipid]
[ng contaminant in sediment/g organic matter]

Koio-theoreticar (Predicted) was compared to Ky, empirica (Observed) for both PAHs and PCBs.
The results of this first level model both underpredict the majority of PCB concentrations

in clams by a factor of 3-30 and overpredict most PAHs clam concentrations by at least
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Khio-empirical =

Table 6. Biological partition coefficients calculated from First Level Model (Ko eoretical) (Column I) compared to empirical clam PAH
and PCB concentration data (Ky;, observea) (Column II) (McDowell and Shea 1997). Ratios of observed contaminant concentrations in clams
versus concentrations predicted by the First Level model were also calculated to determine the factor by which empirical concentrations
were over- or underpredicted.
Kyio-theoretical = [(11g contaminant in triolein/g triolein)/(ng contaminant in om/g om)];
[(ng contaminant in lipid/g lipid)/(ng contaminant in om/g om)].

Site Fort Point Channel Neponset River Saugus River Barnstable Harbor
fom=0.11 fom=0.0816 fom = 0.07 fom =0.02
I 11 11/1 11 1 II /1 II 11
Ratio: Ratio: Ratio: Ratio:
Observed v. Observed v. Observed v. Observed v.
Contaminant Kbio-theoretical | Kbio-empir  Predicted | Kbio-empir Predicted Kbio-empir Predicted Kbio-empir ~ Predicted
PAHs
Pyrene 5.93 0.66 0.11 3.12 0.53 1.41 0.24 0.24 0.04
B[a]pyrene 5.98 0.24 0.04 2.02 0.34 0.30 0.05 0.07 0.01
D[a,h]anthracene 5.65 0.07 0.01 1.74 0.31 0.10 0.02 ND*
Flourene 4.62 0.10 0.02 2.09 0.45 0.16 0.03 0.52 0.11
Phenanthrene 4.99 0.14 0.03 2.40 0.48 0.48 0.10 1.27 0.25
Chrysene 5.85 1.42 0.24 9.37 1.60 2.37 0.40 0.59 0.10
PCBs
PCB 66 2.72 3.13 1.15 52.55 19.34 19.70 7.25 ND*
PCB 101 2.92 7.20 246 100.81 34.51 16.92 5.79 11.07 379
PCB 138 3.09 3.50 1.14 47.93 15.52 12.78 4.14 ND*
PCB 153 2.57 14.54 5.65 69.17 26.89 30.19 11.74 15.51 6.03
PCB 118 1.41 15.39 10.92 44.10 31.31 22.64 16.07 4.07 2.89
PCB 105 1.69 1.79 1.06 38.71 22.90 24.57 14.53 6.25 3.70

*ND = Not Detected




one order of magnitude (Table 6). This indicates that one or more of the original

assumptions are incorrect.

9.2 Second Level Model

Although hydrophobic chemicals have the highest tendency to partition into the lipid
fraction of each environmental compartment, it is possible that a significant amount of
contaminant may partition into other materials. Therefore, the assumption that
contaminants in clams should be lipid-normalized may be inaccurate. For example,
protein is only one order of magnitude less sorptive than lipid, and in the case of M.
arenaria, it comprises 75-80 percent of the clam body (McDowell, personal
communication). Assuming no other material in the clam is sorptive, contaminant
partitioning into protein was incorporated in this model iteration. Only one protein-water
partition coefficient (K ,.,) relevant to the contaminants of interest was found in the
literature; it is for perylene in bovine serum albumin (Backhus and Gschwend 1990).
Because perylene is so close in structure to benzo[a]pyrene (5-ring hydrocarbon
molecule), this K ..., was used to describe the partitioning of benzo[a]pyrene. The same
K, oein Was also used for PCB 153, as the log K5, i.e. the tendency to partition out of
water, are roughly the same for benzo[a]pyrene and PCB 153 (Table 5).

Therefore, the amount of contaminant that partitions into the protein and lipid fractions of

an indtvidual M. arenaria is:

Kbioz-t.heoretical = [(Ktw*flipid) + (Kprolein*fprotein)] / [Kom]

= [ng contaminant in clam/g clam]
[ng contaminant in organic matter/g organic matter]

where:

K, rotein = [1g contaminant in protein/g protein]
[ng contaminant in water/L water]

fpr()t.ein = [g prOtein/g Clam]
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In order to compare model results with empirical data, Ky empiricss Was derived using the
concentration of contaminant in the entire clam without normalizing to the lipid fraction

and the concentration of contaminant in the sediment normalized to organic matter:

KbioZ-empirica] = (Cclam) / (Csediment/ fom)
= [(ng contaminant in clam/g clam)]

[(ng contaminant in sediment/g organic matter))

Koioz-teoretical (Predicted) was compared to Kyip empiricar (Observed). The correlation between
empirical and theoretical concentrations in clams for PCB 153 was improved
significantly over results from the First Level Model; observed and predicted
concentrations are similar at FPC and BH, and are only underpredicted by a factor of
approximately 2 for SR and 5 for NR (Table 7). There is too little data to run in-depth
statistical analyses, making it difficult to determine whether differences between
empirical and theoretical contaminant concentrations are significant. For the purposes of
this study, this model is assumed to predict with reasonable accuracy the concentrations
of PCBs in M. arenaria. Results for benzo[a]pyrene, however, are still overpredicted by
1-2 orders of magnitude (Table 7). In order to improve the correlation of empirical and

theoretical data, another assumption of the model must be tested for inconsistency.
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Table 7. Biological partition coefficients calculated by Second Level (Kyio-theoreticat) @1d Third Level Model (Kepio3.theoretical) compared to
empirical clam PAH and PCB concentration data (Kyig)-empiricar) (McDowell and Shea 1997). Information used in these models and listed in this
table: the fraction of lipid per clam (fj;,,q) (McDowell and Shea 1997), the fraction of protein per clam (fyoein) (McDowell, personal
communication) and the fraction of food-associated contaminants (fr,.q) (benzo[a]pyrene: Gunnarsson et al. 1996; PCB 153: Bjork and Gilek
1999). Ratios of observed contaminant concentrations in clams versus concentrations predicted by Second and Third Level Models were
calculated to determine the factor by which empirical concentrations were over- or underpredicted.

Kiion-theoretical AN Kpio3-theoretical = [(NE contaminant in clam/g clam)/(ng contaminant in om/g om)];

Kyio2-empirical = [(N8 contaminant in clam/g clam)/(ng contaminant in om/g om)].

Second Level Model Third Level Model
I 11 11 | 1I 111
Ratio: Ratio:
Observed v. Observed v.
Contaminant Site flipid fprotein | Kbio2-theor Kbio2-empir  Predicted ffood Kbio3-theor Kbio2-empir  Predicted
PAHs FPC 0.0398 0.08 0.63 0.0094 0.0150 0.67 1.90 0.0094 0.0049
Bfa]pyrene NR 0.0368 0.08 0.61 0.0742 0.1219 0.67 1.84 0.0742 0.0402
SR 0.0381 0.08 0.62 0.0113 0.0183 0.67 1.87 0.0113 0.0060
BH 0.0607 0.08 0.75 0.0041 0.0054 0.67 2.28 0.0041 0.0018
0.08
PCBs
PCB 153 FPC 0.0398 0.08 0.51 0.58 1.12 0.50 1.03 0.58 0.56
NR 0.0368 0.08 0.51 2.55 5.02 0.50 1.01 2.55 2.51
SR 0.0381 0.08 0.51 1.15 2.26 0.50 1.02 1.15 1.13
BH 0.0607 0.08 0.57 0.94 1.66 0.50 1.14 0.94 0.83




9.3 Third Level Model

Because clams are not passive lumps of organic material that simply exist in the sediment
but rather are active, living organisms, the assumption that sediment is the only route of
exposure to contaminants is inaccurate. Previously developed models of bioaccumulation
have shown improved results when a “food” component is added (Thomann et al. 1992).
For filter feeders such as M. arenaria, a significant amount of contaminant uptake occurs
through ingestion of contaminated particles, mainly plankton (McDowell, personal
communication). For benzo[a]pyrene, the percent of contamination associated with food
intake is approximately 67 percent (Gunnarsson et al. 1996), and for PCB 153, 50 percent

of bivalve contamination is food associated (Bjork and Gilek 1999).

Assuming direct contact with sediment and ingestion of contaminated food are the only

two exposure routes, total exposure of the clam to contaminants is:

= * *
Cclam—total - (X Cclam-sediment) + (y Cclam-phywplankton)

where:
x = fraction of contaminants from sediments found in organism

y = fraction of contaminants from food found in organism

Therefore, the Third Level Model is:

KbioB-theoretical = [((Ktw* flipid) + (K-protein* fprotein)) / (Kom)] * (1/ (1-ffood.))

= [ng contaminant in clam/g clam]
[ng contaminant in organic matter/g organic matter]

where:

f, .4 = percentage of food-associated contaminants * 100
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Kiyios-theorcticas (Predicted) was compared t0 Kypa enpiricar (Observed). Results show an
improvement in the correlation of empirical and theoretical concentrations of PCB 153 in
M. arenaria (Table 7). Again, there is too little data to run in-depth statistical analyses,
but for the purposes of this study, the model predictions and empirical observations are
assumed to be equal. This is assumed to be true for all PCB congeners. For
benzo[a]pyrene, empirical concentrations are underpredicted by a factor of approximately
24-550 (Table 7). This is assumed to be true for all PAH compounds. One explanation
for the wide discrepancy in the PAH results is the existence of some environmental factor

that affects PAH molecules but not PCBs.

9.4 Fourth Level Model

Because of the inability of the model to predict empirical concentrations of PAHs in M.
arenaria, another of the original assumptions is presumed to be invalid. This most likely
is the assumption that contaminants in sediment only partition into organic matter.
Previous work has shown that soot particles may sequester PAH molecules, which may
be a factor in reducing the bioavailability of PAHs to bethically-coupled organisms such
as M. arenaria (Gustafsson et al. 1997, Gustafsson and Gschwend 1998). In Boston
Harbor specifically, only a fraction of the total measured PAH concentration in sediment
is available for exchange with other environmental phases (McGroddy et al. 1996,
McGroddy and Farrington 1995). Although it is possible that PCB molecules with a
planar structure may also be sequestered and rendered un-bioavailable, this is assumed to

be insignificant compared to PAHs.

Kz meoreiicat WS modified to include the partitioning ability of PAHs into soot (activated
carbon) versus water (K,.) (Gustafsson and Gschwend 1998). The fraction of soot in
sediment measured by Gustafsson and Gschwend (1998) were extrapolated from their

study sites to the sites of the empirical data from McDowell and Shea (1997) (Figure 4):
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McDowell and Shea (1997) Gustafsson and Gschwend (1997)

Site: FPC Fort Point Channel (FPC)
NR and SR Spectacle Island (SI)
BH Cape Cod Bay (CCBI1)

To calculate the ratio of soot to organic matter, site specific black carbon (BC)/total
organic carbon (TOC) ratios (Gustafsson and Gschwend 1998) were converted to a BC/
total organic matter (TOM) ratio and then to a BC/Sediment ratio:

BC /(TOC * 2) =BC/TOM [g soot/g om] (Schwarzenbach et al. 1993)

(BC/TOM) * £ ={, [g soot/g sediment]

The total contaminant sorbed to sediment and not bioavailable is:

Ko™ fom) + (Ko * £0)

where:

K,.= [ngcontaminant in soot/g soot]
[ng contaminant in water/L water]

f. = [g soot carbon / g sediment]

Replacing K, in the Third Level Model for PAHs with the total contaminant not

bioavailable results in the Fourth Level Model calculation of Ky;os meoreticar®

Kb104 theoretical [((Ktw* hpld) + (Kprotem* fprotem ) / ((Kom * fm) + Kac * c))] * (1/ (1_ffood))

= [ng contaminant in triolein/g triolein]
[ng contaminant in organic matter/g organic matter]
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A new empirical partition coefficient was also calculated, eliminating the normalization
of sediment contamination concentrations to organic matter used in previous model

iterations:

Kios-empirical = Cotarn/ Cea [ng contaminant/g clam]/[ng contaminant/g sed]

Kiionteorerical (Predicted) was compared to Koy enpinca (0bserved). The difference between
empirical and theoretical concentrations of benzo[a]pyrene in M. arenaria are improved
by the incorporation of soot partitioning in the model: the correlation for three sites (FPC,
NR and SR) is off by a factor of 4-32 (Table 8). This shows that soot does play a role in
sequestering PAH molecules and decreasing their bioavailability to organisms such as M.
arenaria. The correlation between observed and predicted benzo[a]pyrene concentrations
in Barnstable Harbor, however, is off by a factor of approximately 225. See Section 9.6
for possible reasons for this discrepancy. Although incorporation of soot improves the
accuracy of model predictions, it still does not outline the complete picture of PAH

bioaccumulation in clams; another mechanism(s) must be involved.
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Table 8. Biological partition coefficients calculated by Fourth Level Model (Ky;o4.
heoretical) COMpared to empirical clam PAH concentration data (Kpies-empirical) (McDowell
and Shea 1997). The fraction of soot carbon (f.) in the sediment is also listed per site
(Gustafsson and Gschwend 1997).

K hioatheoretical = L(Ng contaminant in clamy/g clam)/(ng contaminant in sediment/g
sediment)];

Kyiot-empirical = [(ng contaminant in clam/g clam)/(ng contaminant in sediment/g
sediment)].

Fourth Level Model
I I /1
Ratio:
Observed v.

Contaminant Site fsc Kbio5-theor Kbio5-empir Predicted
PAHs FPC 0.0072 2.49 0.09 0.0354
Blalpyrene  |NR 0.0038 4.27 0.91 0.2128
SR 0.0033 5.03 0.16 0.0319
BH 0.0004 38.46 0.17 0.0044
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9.5 Summary of Methods, Models, Assumptions and Results

Beginning with a chemical equilibrium partitioning approach to contaminant
bioaccumulation, traditional assumptions were modeled and tested against empirical data
(McDowell and Shea 1997). These commonly used assumptions include contaminant
accumulation in organism lipid and sedimentary organic matter, organism exposure to
contaminants only through sediment, and one hundred percent contaminant
bioavailability. One model iteration was used to determine the accuracy of each of these
assumptions. Building on the original model, parameters were added to improve the
correlations between predicted and observed concentrations of PCBs and PAHs in M.
arenaria. Incorporation of contaminant partitioning into organism protein and the
exposure of clams to food-associated contaminants into the model reasonably predicted
PCB concentrations in M. arenaria and improved the accuracy of PAH predictions. For
PAHs, although addition of éontaminant partitioning into the sedimentary soot fraction of
the sediment caused a further improvement in results, predictions remained inaccurate.
Therefore, bioaccumulation must still be affected by factors not considered in this
analysis. Table 9 provides a complete summary of the methods, results and assumptions

of each iteration of the bioaccumulation model.

9.6 Sources of Uncertainty

There are a few sources of uncertainty in the above models due to various extrapolations
of input data. First, the K,,;, used for benzo[a]pyrene was empirically derived for
perylene. Although the two molecules have similar structures and molecular weights,
they may partition slightly differently. The same K., was also used for PCB 153; this
congener has a log K,,, comparable to that of benzo[a]pyrene. The chlorinated PCB
compound, however, may not partition into protein exactly the same as the unchlorinated
PAH compound. A second source of data uncertainty exists within the fractions used for
sedimentary soot carbon. The soot carbon fractions measured in Massachusetts Bay
(Gustafsson and Gschwend 1998) were extrapolated to the sites sampled by McDowell

and Shea (1997) for sediment and clam contamination data. Neponset River, Saugus
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River and Barnstable Harbor (McDowell and Shea 1997) are all nearshore areas with
multiple contaminant inputs from urban sources, yet Spectacle Island and Cape Cod Bay
(Gustafsson and Gschwend 1998) are further offshore and not as heavily influenced by
on-shore sources of contamination. Therefore, it is possible that the actual sedimentary

soot fraction for NR, SR and BH is higher than that used in this analysis.
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Table 9

Summary of Bioaccumulation Modeling and Testing

Model Method Results Assumptions Comments
First Kiw/Kom PCBs: Sediment, porewater
Level Underpredicts | and biota are at
Model equilibrium
PAHs:
Overpredicts Contaminants are
100% bioavailable
Contaminants are not
degraded
Sediment is the only
route of exposure
Contaminants mainly
accumulate in organism
lipid and sediment
organic matter
Second | [(Ktw*flipid)t PCBs: Slightly | Sediment, porewater Benzo[a]pyrene and
Level (Kprotein* underpredicts and biota are at PCB 153 have a
Model | fprotein)V/[Kom] equilibrium tendency to partition
PAHs: into protein only
Improved Contaminants are slightly less than
accuracy but 100% bioavailable into lipid, but the
still clam lipid fraction is
overpredicts Contaminants are not 2-7% and the

degraded

Sediment is the only
route of exposure

Contaminants mainly
accumulate in organism
lipid and protein and
sediment organic
matter

protein fraction is
75-80%.
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Table 9 Continued

Model Method Results Assumptions Comments
Third [(Kiw*flipid) PCBs: Predicts | Sediment, porewater Organisms are not
Level +(Kprotein™ and biota are at only exposed to
Model forotein))/(Kom)] | PAHS: equilibrium contaminants in

*(1/1-ffo0d) Improved sediment but also to
accuracy but Contaminants are contaminated food
still 100% bioavailable particles.
overpredicts

Contaminants are not Percent of clam
degraded chemical body
burden associated
Organism is exposed with ingestion of
through sediment and food-associated
ingestion of particles
contaminated particles
PCBs ~ 50%
Contaminants mainly
accumulate in organism | PAHs ~ 67%
lipid and sediment
organic matter
Fourth | [(((Ktw*flipidt |PAHs: Sediment, porewater Soot particles
Level (Kprotein* Improved and biota are at sequester PAH
Model fprotein))/((Kom | accuracy but equilibrium molecules,

*fom)+(Kgc*fsc) | still rendering them un-

1*(1/1-ffo0d) overpredicts Contaminants are not | bioavailable to

100% bioavailable;
some PAHs are
sequestered by soot

Contaminant is not
degraded

Sediment is the only
route of exposure

Contaminants mainly
accumulate in organism
lipid and sediment
organic matter

organisms
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10.0 Conclusions and Future Recommendations

Sediment quality remains an issue of constant importance in any marine ecosystem. For
urban harbors and ports such as Boston Harbor in Massachusetts Bay, MA, an
understanding of the ultimate fate and toxic potential of contaminants in coastal
environments is essential. An accurate method for evaluation of sediment contamination
is a fundamental component of this process. Inadequacies in scientific techniques as well
as a high level of intra- and inter-agency conflicts of interest, however, have prevented
universal acceptance of any sediment quality criteria. After a review and analysis of the
various methods available to derive SQC, it is recommended that the state of
Massachusetts use a combination of the EPA’s proposed Equilibrium Partitioning
modeling approach along with the more correlative Threshold Effects Level/Probable
Effects Level approach. This will give managers a widely applicable and highly reliable
method of sediment quality determination that is cost-effective and easy to implement
without compromising the protectiveness of the results. Future work should focus on a

method for integrating the two and testing the accuracy of the results.

A necessary supplement to SQC is a measure of the bioaccumulation and
biomagnification potential of contaminants in the sediment. For hydrophobic chemicals
such as PAHs and PCBs, there is a greater risk of toxic effects propagating throughout the
marine food web. A model of the bioaccumulation of these two classes of chemicals in
the benthically-coupled filter feeder Mya arenaria was developed. By accounting for: 1)
contaminant partitioning into organism lipid and protein, 2) contaminant partitioning into
sedimentary organic matter, and 3) ingestion of contaminants associated with food
particles, concentrations of PCB 153 in M. arenaria were accurately predicted. With the
incorporation of contaminant partitioning into the sedimentary soot fraction, this model
was also the best predictor of benzo[a]pyrene contamination in M. arenaria. Results for

PAH compounds, however, were not accurate enough for use.
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There are a few important areas in which future research would be most helpful for
bioaccumulation modeling. The protein partition coefficient used in this analysis could
be extrapolated to other compounds and the model tested on multiple PCB data sets to
assure accuracy. Prediction of PAH concentrations in M. arenaria is more complex, and
future studies should focus on determining other model parameters, physical, biological
and chemical. One final recommendation is that future data sets be both comprehensive
and long-term. Biota are not static entities, they are constantly changing with respect to
their biological cycles and in response to environmental conditions. Sampling multiple

sites over time will better indicate field conditions and facilitate predictive modeling.
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Appendix A

A.0 Nonpolar Organic Chemicals: PAHs and PCBs

Polycyclic aromatic hydrocarbons (PAHs) and polychlorinated biphenyls (PCBs), both
classes of nonionic, nonpolar organic compounds, are ubiquitous in the environment and

can pose a threat to the success of biological systems.

Al PCBs

Production and Use

PCB production in the United States began in the late 1920s. Original uses include:
plasticizer in plastic and rubber products, lubricant in hydraulic and vacuum fluids, ink
carrier and solvent in manufacturing processes for carbon paper, sealer for gaskets and
furnaces and in electrical applications (ATSDR 1987, Ghirelli et al. 1983, Versar 1980,
Versar 1976), but by 1974, PCBs were primarily used in dielectric fluid in capacitors and
transformers (USEPA 1992). Production continued until 1977, when increasing evidence
of the adverse effects of PCBs on human health caused the EPA to ban the production-
based discharge of PCBs. Over the next few years, distribution and use of PCBs were
gradually restricted, until in 1985, the use of PCBs was almost completely phased out
(USEPA 1992). Decades of PCB use and disposal, however, have caused environmental
contamination mainly from industrial discharges, disposal of PCB wastes to municipal
sewage treatment plants, landfills and equipment dumps and transport of incompletely

incinerated PCBs.

Chemical Characteristics

PCBs are a group of 209 congeners, each with a different chlorine-dependent molecular

composition. Commercial products are usually a mixture of multiple congeners. The fate
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and transport of PCBs and their behavior in surface water and sediment dictates their
availability to organisms, which is driven by degree of chlorination and relative
insolubility. PCBs are nonionic, nonpolar organic chemicals; molecules have a high
tendency to partition out of water and sorb strongly to organic as well as other types of
particulate matter (log Kow = 4.0-8.5 for differing congeners) (Scott and Trowbridge
1995). Increasing the number of chlorines per molecule decreases both congener
solubility in water and degradation potential and increases sorption potential.
Hydrophobicity also gives PCBs a high ability to bioaccumulate in the lipids and tissues
of biota.

In general, PCBs are “chemically inert, thermally stable, resistant to hydrolysis by water,
alkali and acids, [and] resistan[t] to heat” (Chan et al. 1998). They are also good
electrical insulators because of high heat resistance, low flammability and a high
dielectric constant (COPA 1998). While degradation is possible, volatilization and
hydrolization rarely occur at significant rates, and dechlorination is a time-intensive

process (Scott and Trowbridge 1995).

A.2 PAHs

Production and Use

Polycyclic aromatic hydrocarbons are formed during the incomplete combustion of
organic materials such as coal, oil and gas, garbage and tobacco. In the environment,
PAHs are found most often as complex mixtures. They do occur naturally in air, water
and soil/sediment but are most often anthropogenically produced. While there is no
known direct use of most PAHs, a few are used in medicines as well as in dye, plastic and
pesticide production (USEPA 1998b). Others are found in compounds such as coal tar
(used in aluminum reducing processes and in roofing and surface coating) and creosote
(used as a preservative agent for railroad ties, marine pilings and telephone poles)
(USEPA 1998b). Some pure PAHs are produced commercially for research purposes,

but there are few firms in the United States who specialize in PAH production.
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Chemical Characteristics

There are over a hundred different nonpolar, nonionic PAH compounds. While many of
these compounds exist in sediment, only between 13 and 23 PAH compounds are
commonly measured in concentration analyses. It is unclear exactly how many PAH
compounds need to be measured for acceptable accuracy. As pure chemicals, PAHs most
often exist as colorless, white, or pale yellow-green needles, plates, crystals, leaflets or
prisms. Stable planar hydrocarbons mainly formed by fused benzene rings, each PAH
compound has a different number and configuration of rings. Because they are composed
only of carbon and hydrogen, PAHs are relatively insoluble in water, solubility
decreasing with increased molecular surface area and increased molecular weight
(Schwarzenbach et al. 1993). They have a high hydrophobicity (log Kow = 3.3-7 (CRC
1995)) causing them to sorb strongly to organic matter and giving them the potential to
bioaccumulate. While degradation and chemical alteration of some PAH compounds
does occur (e.g. through photooxidation or biological transformation (Burgess, personal

communication)), residence times can be from months to years (USEPA 1998b).

A.3 PCBs and PAHs

Bioavailability

Recent research shows that soot particles sequester PAH molecules and therefore
decrease PAH bioavailability (McGroddy et al. 1996, McGroddy and Farrington 1995).
While this issue is too recent to be included in the experimental research for the
forthcoming EPA SQC document on PAH mixtures (USEPA Draft), it will be addressed
in the discussion (Burgess, personal communication). If soot is a factor in reducing
bioavailability, the EqP values will be too conservative. Photo-enhanced toxicity is
another aspect of PAH bioavailability that will be addressed only in the documeht’s
discussion. Photo-enhanced toxicity occurs because the conjugate structures of PAH

molecules can absorb UV radiation (Burgess, personal communication, Schwarzenbach
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et al. 1993). Although this rarely affects PAHs in sediment, it may be important for

water column PAHs.

Bioaccumulation

PCBs and PAHs are known to bioaccumulate through both intake by individual
organisms from the environment and biomagnification through the food web. Possible
exposure routes of an organism to these nonpolar organic compounds include dermal
exposure, ingestion of contaminated sediment, water and food, and inhalation of PCB- or
PAH-laden air. The higher an organism in the food web, the more chemical it will
accumulate. Because they are soluble in lipids, PCBs and PAHs accumulate in the fatty
tissue of biota and are not readily excreted. Specifically for benthic organisms,
bioaccumulation is influenced by sediment and porewater characteristics and by organism
toxicokinetics. Due to various bioavailability issues, e.g. PAH sequestration in soot
particles, less contaminants may be available for uptake to the organism through
porewater. In the case of bivalves, however, a decrease in bioavailability of sediment-
associated contaminants may not indicate a decrease in potential toxicity; filter feeders
uptake contaminants through both porewater and ingestion of contaminated plankton and

colloids from overlying water.

Toxicity

PCBs and PAHs can be either acutely or chronically toxic to organisms. Acute exposure
is usually lethal, while chronic exposure can lead to disrupted hormone balances,
reproductive failures, birth defects, skin lesions or carcinomas (USEPA 1998b, COPA
1998). Metabolic processes may also be affected, and immunosuppressive effects may be
evident (USEPA 1998b, USEPA 1992). PAHs can also induce narcosis in an organism
(Broderius 1995, USEPA 1993a). Toxicity increases with increasing K, because more
of the chemical partitions out of the water and into organic matter (e.g. the organism
lipid). Toxicity can also vary with the relative concentrations of each congener in the
PCB mixture or with the relative abundance of specific PAHs compounds, as some

compounds are more toxic than others. Structure-activity research for PAHs also shows
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that the effects of various PAH compounds can be additive (Broderius 1995, USEPA
1993a).

108



